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ABSTRACT 
Most studies of contamination issues in estuarine aquifers focus on the 
discharge of contaminants at the beach face. Little is known on the processes 
controlling the fate of contaminants in the aquifer itself, before their release to the 
estuarine system. However, such knowledge is necessary to assess with aécuracy the. 
discharge of contaminants and for accurate modelling and prediction of contaminant 
behaviour. This study attempts to address this deficiency. 
The aim of the study was to carry out a much needed field investigation on the 
physical and chemical processes affecting contaminant movement in the groundwater 
of coastal aquifers, prior to their discharge to coastal waters. The study site located in 
Ayrshire, UK, was selected as it contains a low-pH acidic and metal contaminant. 
plume migrating to the Garnock estuary. The tidal estuary is characterised by a very 
low relief sandy beach. A key research motivation was to determine the mechanisms 
of contaminant attenuation on the transport pathway, which significantly reduced the 
impact of groundwater contamination on the estuary. 
Thus the research objectives were to develop a detailed understanding of the 
physical and chemical processes affecting contaminants in the unsaturated 
groundwater system, with particular emphasis on the influence of the estuarine 
boundary. A comprehensive field-monitoring programme was developed to 
investigate spatially and temporally: i) the effect of tidal fluctuations on the 
groundwater system; ii) the extent of the saline zone in the aquifer; and iii) the 
processes controlling the geochemistry of the contaminant plume, in particular the 
acidity buffering and metal migration. 
A transect of monitoring boreholes was used to collect water table fluctuations 
in the aquifer and in the estuary, from an area located inland to the middle of the 
estuary channel. Parallel to it, a second transect comprising three multi-level 
monitoring (MLS) boreholes was constructed in the aquifer, to study in details the 
geochemistry of the groundwater. The most estuary-ward boundary of the MLS 
transect was located 18 in from the estuary shore. 
It wasfound that near to the shore, the groundwater flow was very responsive 
to changes in the tidal stage. The amplitude of the tidally induced water table 
fluctuations was rapidly dampened as it propagated inland due to the mild sloping 
beach. The effect of the tidally induced variations in flow conditions on the transport 
of dissolved species was shown during a dilution test and could be identified as an 
increased mixing and dilution of the injected tracer during the ebbing tide. 
A zone of brackish groundwater of marine origin was found at depth and 
identified as part of the saltwater intrusion wedge. Little spatial and temporal changes 
observed during the monitoring period suggest that the saline water was at a quasi-
steady state: Mixing between upper acidic and deep alkaline saline groundwaters was 
unlikely in the monitoring transect. 
The core of the acidic plume was migrating towards the estuary in the upper 
section of the aquifer, and was considerably affected by buffering processes 
involving mainly carbonates, Al and Fe oxyhydroxides. In turn, the fate of metal 
contaminants was mainly controlled by pH, however the effect of soil heterogeneity 
on the distribution of dissolved metals was shown to be significant, in particular the 
more clayey layers were shown to play a role in the sorption of the metal cations. 
Field investigation and modelling of the chemical distributions over a tidal 
cycle in the MLS transect revealed that inland the chemical distribution remained 
unchanged. At the estuary-ward boundary of the MLS transect, variations in the 
chemical distributions between ebb and flood sampling were observed in the 
experimental data. The generation of these variations was attributed to the 
fluctuations in the groundwater flow processes induced by the tide. 
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CHAPTER I INTRODUCTION 
L 1. Problem statement 
Among the most important coastal zone environments are estuaries, which 
constitute transition zones where freshwater from land drainage and other sources 
mixes with seawater creating some of the most biologically productive areas on. 
Earth. More than 75% of the world's population lives within 60 km of the coastline. 
Environmental problems encountered in estuarine systems invariably stem from 
overpopulation and uncontrolled development on coastal watersheds, as well as 
human activities in the estuarine embayments themselves. 
Hence, estuarine pollution is becoming a serious global problem largely due 
to input of land-derived contaminants. Traditionally, terrestrial fluxes of pollutants to 
estuarine and coastal waters have been estimated On the basis of superficial water 
discharge only, mainly fluvial discharge and land runoff. However, it has emerged 
that submarine groundwater discharge (SGD) to estuaries could represent up to 10% 
of the net freshwater input to estuarine systems [Garrels and Mackenzie, 1971; 
Zektzer et al., 1973]. Recently, field investigations [Moore, 1996] and modelling [Li 
et al., 1999] concluded that SGD may play a more significant role in the freshwater 
input to seas and estuaries. Many studies have since shown the importance of SGD to 
estuaries [Gallagher et al., 1996; Robinson et al., 1998] and coastal environments 
[Gablin and Gaines, 1990; Church, 1996; Younger, 1996; Cable et al., 1997; Hussain 
et al., 1999; Moore, 1999; Uchiyama et al., 2000]. 
Recent field observations further indicate that SGD from the aquifer into 
estuarine and coastal waters could be a significant but rather unknown source of 
coastal and estuarine pollution [e.g., Gallagher et al., 1996; Moore, 1996; Moore, 
1999; Zelewski et al., 2001], in particular in areas where the groundwater 
environment is greatly contaminated. It has been also shown that the transport of 
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metals from aquifers to surface waters could be of regional importance [Montlucon 
et al., 20011. 
To assess the risk of these contaminants reaching adjacent estuarine waters, 
we must determine their mobility in groundwater, inland of the mean high tide mark, 
prior to their discharge in the estuary. Whereas many studies have focused on the 
discharge of contaminants at the seepage face, only a limited amount of experimental 
work has been published on the transport and transformations of dissolved species in 
the near shore area of estuarine and coastal aquifers. 
Despite this lack of evidence and knowledge on this topic, it is however 
recognised that the transport of contaminants in coastal and estuarine aquifers is • 
complicated due to the presence of a seawater intrusion and fluctuations of the 
groundwater table and flow induced by the estuary/coastal sea. For example, 
Zawadzki et al. [2002] indicates that the design of a groundwater pumping and 
treatment system for a wood-treatment facility adjacent to the tidally-influenced 
Fraser River estuary required the development of methodologies to account for cyclic 
variations in hydraulic gradients induced by the tide. Another study by Montlucon et 
al. [2001] concluded that neglecting the effects of tides and waves on physical and. 
chemical processes in groundwater could well be responsible of the large imbalance 
of the calculated copper budget in Flanders Bay. 
Also, a number of analytical and simulation results have shown that both the 
tide induced groundwater oscillations and the presence of the saline intrusion could 
have a significant impact on the migration of contaminants [Yim and Mohsen, 1992; 
Li et al., 1999; Ataie-Ashtiani et al., 2001; Zhang et al., 2001, 2002; Priklonsky et. 
al., 2005]. Further, it was concluded that the neglect of these effects would result in a 
false estimation of the fluxes of contaminants to open surface waters [Ataie-Ashtiani 
et al., 2001; Zhang et al., 2001, 2002]. 
These recent findings suggest that the complications imposed by the saline 
tidal boundary of these aquifers have to be considered for estimation of contaminant 
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fluxes from groundwater. However, the existing publications have failed to 
clear field evidence and identifications of the effects of these particular conditions 
(seawater intrusion and tidal variations of the groundwater table and flow conditions) 
on the migration and transport of contaminants. 
- 	Thus, this study is motivated by the need for field investigations of 
contaminants in coastal and estuarine aquifers, to improve our knowledge and 
understanding of the processes involved during their transport towards the beach. 
The research focused on a specific field site, using existing and new field 
data, complementary laboratory experiments and numerical modelling. 
An industrial site in Ayrshire, Scotland, owned and managed by IC! was 
selected for the investigation. The area of interest consists of an alluvial sandy 
aquifer situated below an industrial landfill, located next to an estuary. The soil and 
groundwater is polluted by acidic leachate. Limited existing data showed that 
groundwater sampled 70 in from the shoreline has a very low pH (< 2). Together 
with the low pH, elevated sulfate and metal concentrations, in particular aluminium, 
cadmium, copper, chromium, iron, nickel and zinc, were found in the groundwater. It 
was deduced that an acidic plume was migrating towards the estuary, although 
environmental monitoring did not detect any pollution in the estuary adjacent to the 
landfill. 
From the preliminary investigation of the site and existing results on this topic, 
I hypothesise that the hydrochemistry of the Ardeer aquifer has been modified 
through attenuation mechanisms, leading to the neutralisation of the acidity and a 
removal of metals from the aqueous phase as the groundwater flows towards the 
estuary. Due to the estuarine boundary, physical mixing could dominate the chemical 
reactions occurring in the aquifer between soil and groundwater; the presence of 
saline intrusion in the aquifer could also impact the transport of metal contaminants. 
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1.2. Aims and Objectives 
A detailed research programme was designed to test these initial hypotheses. 
The investigations aimed at identifying the key processes that influence the migration 
and transport of the acidic plume and associated metal contaminants in this complex 
tidally influenced groundwater system, on their way towards the estuary. A particular 
focus was put on the specific conditions- estuarine intrusion and tidal loading-
imposed on the aquifer by the estuarine boundary. - 
The major objectives of this project were: 
• To identify the estuary-groundwater interactions, in particular the effect of tidal 
loading on the groundwater system and the position of the estuarine-fresh water 
interface; 
• To investigate the main physical and chemical processes affecting the fate and 
transport of the acidic plume and associated metal contaminants in a transect from 
the contaminant source towards the estuary. 
1.3. Thesis outline 
The thesis is divided into four main parts, each of them presenting their own 
data presentation, discussion and conclusions. 
The first part of the thesis presents the study of the tidal loading on the groundwater 
flow system. In the second part, the results from the investigation of the estuarine 
intrusion in the aquifer are presented. The third part investigates the acidic plume and 
associated buffering reactions in the aquifer. Fourthly, the processes controlling. 
metal contaminants in the aquifer are presented and discussed. Finally, the major 
conclusions arising from the research are presented and discussed, followed by 
recommendations for future research on the investigated topics. 
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CHAPTER II BACKGROUND TO THE RESEARCH 
The research described in the present work focuses on a particular field site, 
comprising of a shallow unconfined, alluvial aquifer adjacent to an estuary. The 
focus of the study is the fate of the metal contaminant and acidic plume in this 
estuarine aquifer. Here, I will present the basic theories that apply specifically to the. 
site settings and research focus. 
II. 1. Geochemical processes 
H. 1.1. Acid production and buffering 
II. 1.1.1. Occurrence of acidic groundwater 
Worldwide, the occurrence of acidic groundwater is increasingly reported 
[Allen et al., 19951, with recorded pH values as low as 2 or 3. 
A range of different processes may lead to the acidification of the 
groundwater. A natural acidification is through the production of CO2 by roots 
respiration. The acid produced is however limited, typically with a lowest pH value 
of 4.6. Thus, anthropogenic activities must have had a significant impact on the 
acidification of groundwater systems. 
A main cause of groundwater acidification is acid rain deposition, which is a 
major concern particularly over the forest soils of Northern Europe [Appelo and 
Postma, 1994]. Another effect of anthropogenic activities resulting in acidic 
groundwater is the atmospheric oxidation of sulphide minerals such as pyrite FeS2, 
following [Stumm and Morgan, 1996]: 
E. 
FeS 2 (s)+% 02  (g)+H 2 0(l) —Fe 2 (aq)+2S0 4 2 (aq)+2H (aq) (1) 
This reaction produces a significant amount of acid, iron and sulfate in the solution. 
The acidification of the groundwater due to sulfuric acid entering the 
groundwater is widely reported in different parts of the industrialised world. The 
main situations where this has been observed are: 
Acid mine drainage (AMID): where mine wastes are exposed to atmospheric 
oxygen, oxidise and produce large amount of acid [Gaibraith et al., 1972; 
Dubrovsky et al., 1985, 1986; Blowes et al., 1990, 1994; Stollenwerk, 1994] 
this is a widespread problem and usually affects large areas; 
Acid sulfate soils: where naturally occurring pyrite minerals are exposed to the 
atmospheric oxygen due to the lowering of the groundwater table caused by 
extraction wells [Walker, 1972; Dent, 1986; Indraratna et al., 1995, Sammut et 
al., 1996, 1999]; this is a major problem affecting the coastal areas of Australia. 
Unsafe disposal of acidic wastes in a liquid or solid form [Ulrich, 1983; Appelo 
and Postma, 1994]: for example, wastes from the production of sulfuric acid, 
metals, explosives, and fertilisers; this concerns a significant number of 
operational and non-operational industrial sites around the world. 
The latter case is the situation the present field site, as it will be discussed in 
the next Chapter. 
II. 1.1.2. pHBuffering 
When acid leachate gets in contact with the soil, some buffering reactions 
occur between the H ions and the soil minerals. The extent of the buffering depends 
mainly on the nature of the soil, in particular, the nature of the minerals present. 
Among all minerals, carbonates provide the most efficient buffering due to 
fast dissolution kinetics [Stumm and Morgan, 1996]. In aquifers, the most common. 
carbonate minerals are calcite (CaCO3) and dolomite/aragonite [CaMg(CO3)2]. 
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Siderite (FeCO3) is also a carbonate mineral that typically forms from precipitation 
of Fe(ll) in acid mine drainage environment. Even in soils with a low carbonate 
content (< 1 wt %), carbonate dissolution provides an efficient H buffering due to a 
fast dissolution reaction rate. 
Below a pH of 6, 1 mole of CaCO3 neutralises 2 moles of H' 4 following: 
2H+ CaCO3(S) —*Ca 24 +H2CO3 . 	 (2) 
Where pH> 6, calcite dissolution is described by: 
H+ CaCO3(5) -4Ca 2 ' 4 +HCO3 '
1 
	 (3) 
which provides a less efficient buffering mechanism than that described by reaction 
(2). At equilibrium, the reaction buffers pH at a value between 6 and 8. 
In the cases where carbonate minerals are absent from the soil, other minerals 
such as alumninosilicates neutralize the acidity [Johnson et al., 1981; Dahmke et al., 
1986; Edmunds et al., 1992; Moss et al., 1992]. Their dissolution rates are slow 
relative to those of the carbonate minerals [Busenberg and Clemency, 1976]; 
however they can provide a substantial buffering when they are present in the soil in 
a large quantity and when the acid production rate is low. 
The reactions that can provide the groundwater with pH buffering are well 
known as such. In particular, they have been extensively investigated in the field and 
numerically for cases of acid rain and AMD [Dubrovsky, 1985; Blowes, 1990; 
Coggans et al., 1999; Johnson et al. 2000; Jurjovec et al., 2002; Bain et al., 2000]. 
These studies have shown that the identification of the reactions at the origin of the 
buffering can be complicated in the field, as their occurrence and sequence will 
depend on the minerals present, the pH, redox and flow conditions, and the presence 
or absence of other species in the groundwater. Hence, a detailed and sound 
knowledge of the groundwater chemistry and the soil characteristics are often 
required for identifying the main buffering reactions leading to the retardation of the 
acidic plume progression in field situations. 
II. 1.2. Metal contaminants in aqueous solution 
U. 1.2.1. Identity 
Heavy metals such as arsenic (As), lead (Pb), copper (Cu), nickel (Ni),. 
chromium (Cr), cadmium (Cd), mercury (Hg), and zinc (Zn) are natural components 
of the Earth's crust, and have a background concentration in natural waters. 
However, following the beginning of industrialisation, dramatic changes in the 
global budget of metals have been rising for the past 200 years. 
Heavy metals constitute one of the most noxious groups of contaminants. 
Cadmium, copper, lead, mercury, nickel and zinc are considered to be the most. 
hazardous [Cameroun, 1992]. Whereas low levels of some metal species such as Cu 
and Zn are essential for fauna and flora, they become toxic at higher levels. Other 
species such as Hg, Cd, Cr and Pb are highly toxic even at very low concentrations 
[Merian, 1991]. 
Heavy metals are widely used in many industrial processes. The solid, liquid 
and gaseous wastes from these processes represent a major source of metal• 
contamination to the groundwater. In addition, the increased use of fertilisers, 
herbicides, fungicides and irrigation waters, as well as sewage sludge, mineral 
composts and dredging material in agriculture is another substantial source of metal 
contamination to the groundwater. The metal contaminants most frequently involved 
in groundwater pollution are As, Cu, Cr, Cd and Hg [Allen et al., 1995]. In addition, 
when the groundwater is acidic, the dissolution reactions due to the low pH can 
release trace elements that are either adsorbed on the mineral surfaces or part of the 
mineral structure [Stumm and Morgan, 1996]. This can be a non-negligible local 
source of metal contaminants to the groundwater, in particular in aquifers where 
carbonate contents are low [Edmunds et al, 1992; Moss et al., 1992]. 
Metals reach groundwater either by infiltration of running water through 
contaminated soils, by direct flushing of wastewater into the ground, by open 
connection with contaminated freshwater channels, or in a more limited way via 
atmospheric deposits [Allen et al., 1995]. Once in the environment, metals are 
persistent and cannot be biodegraded. They may change their chemical form however, 
for example, from the dissolved to the solid phase; but their total mass in the 
environment remains constant [Sposito, 1989]. In that way, once in the groundwater, 
metal contaminants present a long term threat. Therefore, trace metals pose'a serious 
contamination issue. 
II. 1.2.2. Controls on metal mobility 
Heavy metal can occur in different forms in soils and water. The term 
"speciation" is related to the distribution of an element among chemical forms or 
species, while the term "mobility" refers to the capacity of an element to move within 
the groundwater after it has been put into the solution. There are several factors that 
can influence the migration and 'fate of dissolved metal cations The main factors 
identified are pH, redox conditions, surface processes (sorption/desorption), the 
availability and type of dissolved species present in solution, and the solubility of' 
solids compounds [Kabata-Pendias, 1992]. We discuss here briefly each of these 
factors. 
pH and redox conditions 
The behaviour and control of heavy metals in groundwater have been studied' 
in laboratory, field and modelling investigations. The two most important parameters 
that have been shown to influence metal speciation are the pH and the redox state 
(Eh or pE, with pE = Eh/0.0591) of the groundwater. The pH-pE diagrams have been, 
typically used to define metal cations speciation under a given set of pH and redox 
conditions. While these plots provide a quick overview of the possible stable states 
of a species, they present a certain number of limitations (see Appelo and Postma, 
1994, for further discussion on the use of these graphs). In particular, the use of a 
simple Eh value to describe the redox conditions of a water has been shown to be of 
little use in many cases, because redox couples rarely reach equilibrium in 
groundwaters [Lindberg and Runnells, 1984]. This point will be further detailed in. 
the thesis. Nevertheless, these diagrams are useful in indicating the general 
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speciation and stability relations of elements. Figure 11-1 shows as an example of the 
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Figure H-i. Stability fields for aqueous iron species at various Eh and pH values. 
The pH of a system is often the key parameter that governs reactions and 
processes occurring within the system. As shown on Figure 11-1 for iron, dissolved 
metal cations are most mobile under acidic conditions and found as free ions in 
solution [Dzombak and Morel, 1987]. As the pH rises, the mobility of the metals is 
reduced and they tend to sorb to mineral phases or precipitate.. For most metals, the 
oxidised state is mobile (dissolved ion), and oxidation conditions (high pE) favour 
the mobility of metals, whereas reducing conditions (low pE) tend to immobilise 
them. The redox conditions are particularly important for the speciation of metal 
cations exhibiting several valence states in the groundwater, such as Fe and Cr. 
Metals in organic or mineral phases are only mobile after decomposition or 
dissolution, and precipitated metals are mobile under dissolution conditions (e.g. 
following a change in pH). In the case of acidic leachate, the dissolution reactions 
initiated by the low pH release significant amount of trace elements from the 
minerals into the solution, including metal cations [Edmunds et al, 1992]. In 
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addition, the mobility of any metal cation present in the groundwater prior to the 
acidification would be further enhanced by the low pH conditions. 
Surface reactions 
Sorption also affects the transport and the ultimate fate of metal pollutants in 
soils. Secondary clay minerals, hydrous oxides, carbonates and humic substances are 
primary sorbants in soils for metals ESposito, 19891. It has been shown that among 
these possible sorbants, mainly Fe and Al oxyhydroxides control the sorption of 
heavy metals [Sposito, 1984; Davis and Kent, 1990]. These minerals have been 
shown to have a strong influence on the speciation of metal cations in general, by ion 
exchange, specific adsorption and surface precipitation [Ellis and Fogg, 1985]. 
Most metals sorption processes are pH-dependent. Figure 11-2 shows the 
extent of sorption of several metal cations onto iron oxide as a function of pH for a 













Fe gel 0.093M Fe 
• . 	
// .r4/l/' 	
Metal Concentration - 0.125mM 
• 	I 	I 	 I 	I 	I 	I 	I 	I 
3 3.5 4 4.5 	5 5.5 6 6.5 7 7.5 	8 
pH 
Figure 11-2. Metal cations adsorption to hydrous iron oxide gels (adapted from 
Kinniburgh et al., 1981). 
The sorption of metal cations onto hydrous oxides increases sharply with pH 
and is most significant at pH values in the neutral range. At low pH, H competes 
with metal cations for the exchanger sites, and gets absorbed preferentially, leaving 
metals as free ions in the solution. As the pH rises, the metals become absorbed to 
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the soil mineral surfaces and their mobility is reduced. The range of pH affecting 
metal sorption is specific to each metal species and to its affinity with specific 
sorption sites of the soil. Typically, Pb and Cu are less mobile than the other heavy 
metals, and are absorbed strongly to the soil matrix even under low pH conditions 
[Elliot et al., 1986]. 
Competition and complexation 
The presence of other ions in solution affects the speciation of metal cations.' 
Firstly, other cations present in solution can compete with the metals for the sorption 
and exchange sites on the mineral surfaces [Fergussen, 1990]. Secondly, the 
reactivity of ions in solution can be reduced by the formation of aqueous complexes 
with ligands present in solution (such as sulfates and chlorides), described by: 
Me2 +SO -MeSO4 	 (4) 
where Me2 is a divalent metal cation. Ligands will therefore compete with the 
sorption sites for the metals, and in some cases significantly affect metal speciation. 
Con frol by solubility of mineral phases 
The concentrations of metal cations can also be controlled by the solubility of 
mineral phases. This is typically observed in AMD cases where significant changes 
in the saturation state (tendency to dissolve or precipitate) of minerals with the pH 
are observed. For the case of AMD, a list of minerals whose solubility could control 
metal concentrations can be found in Nordstrom and Alpers [1999]. The solubility of 
mineral phases can influence the speciation of metal cations in two ways: 
4 Indirectly: metals can be released from minerals during dissolution and can be 
sorbed or co-precipitated during minerals precipitation [Dubrovsky, 1985]. 
-* Directly: minerals of the metal in question can form and control metal solubility; 
for example the concentration of Cr can be controlled by the solubility of 
amorphous Cr(OH)3 [Blowes and Jambor, 1990]. 
Effects of the particle size and composition of the soil 
Fine-grained mineral surfaces (<z62.5 p.m based on the USDA (United States 
Department of Agriculture) soil texture classes) such as clays have an increased 
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ability to adsorb metal ions compared with larger particles. Hence, the particle size 
distribution and therefore heterogeneity of soils could be one of the major factors 
controlling metal migration in groundwater systems [Freedman et al., 1994] and 
should be taken into account in the investigation of metal speciation. 
11.2. Estuarine aquifer 
11.2.1. Flow and transport processes 
An unconfined aquifer (also called water-table aquifer) is defined as a natural 
underground layer of porous, water-bearing materials containing water whose upper 
boundary is defined by the water table (where the pressure head of the water is equal 
to the atmospheric pressure). 
In unconfined aquifers bounded by a coastal sea or ocean (called coastal 
aquifers here) or an estuary (called estuarine aquifer here), the groundwater table 
fluctuates in response to oceanic tides. Figure 11-3 presents a schematic diagram of 
the settings in an estuarine aquifer. 
xir point: at i-ti 
00 
	 HT 	 Water table 




Exit point at LT 
Estuarine aquifer 
Figure 11-3. Schematic diagram of tidal conditions at the beach face and water table 
fluctuations in an estuarine aquifer. HT: high tide; MT: mid tide; LT: low tide. 
Most of the background information about tidal groundwater dynamics 
available in the literature is on coastal aquifers [e.g. Lanyon et al., 1982; Nielsen, 
1990; Turner, 1993; Baird and Horn, 1996; Li et al., 1997a; Nielsen et al., 1997; 
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Baird et al., 1998; Raubenheimer et al., 1999; Li et al., 2000a,b; Li and Jiao, 2002a,b; 
Jeng et al., 20021. Estuarine aquifers have not been studied extensively [Sun et al., 
1997; Li et al., 2000a; Li et al., 2002]. However similar processes operate in both 
coastal and estuarine aquifers. A coastal aquifer may be subject to the wave set-up 
effect in the nearshore area, which in general is limited in estuaries due to damping 
of the waves as they propagate in the river channel. 
An essential feature of coastal and estuarine aquifers is the influence of 
oceanic oscillations on the groundwater system in the near-shore area. In coastal and 
estuarine aquifers, as the tide ebbs, the groundwater table drops; and the water table 
rises with the flood tide. Field observations and mathematical solutions of these 
water table fluctuations indicate that the variations are asymmetrical, and that the 
rising phase is much steeper than the falling phase [Nielsen, 1990; Li et al., 1997].: 
This is further accentuated when the interface between groundwater and estuary/sea 
water present a significant slope [Nielsen, 1990]. 
Analytical solutions for tide-induced, groundwater head fluctuations are 
available, for example [Jacob, 1950; Ferris, 1951]: 
h(x,t) = A 0exp(—kx)cos(ut—kx), 	 (5) 
where h is the groundwater head fluctuation, x is the inland distance from the shore, t 
is the time, A0  and co are the tidal amplitude and frequency respectively, and k is the 
amplitude damping and phase shift rate. This simple solution is however based on a 
number of assumptions: 
The tidal amplitude is relatively small compared to the mean aquifer 
thickness (i.e. negligible non-linear effects); 
Vertical beach face (the slope is not considered); 
Negligible capillarity effects; 
No leakage exchange between shallow and deep aquifers; 
Negligible vertical flow effects. 
In reality, the site settings often deviate significantly from the theoretical 
settings and assumptions. In particular, in most field cases, the boundary between the 
saline open water and the aquifer will be non-vertical and present a slope, as 
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represented in Figure 11-3. Comprehensive field investigations and laboratory 
experiments have shown that in such cases the simple solutions were inadequate to 
predict with accuracy the groundwater table fluctuations [e.g., Nielsen, 1990; Kang 
et al., 1994; Raubenheimeret al., 1999; Cartwnght et al., 2003, 2004a, 2004b]. 
Significant research effort has been put into the development of analytical 
solutions to resolve the complications of water table fluctuations in coastal aquifers 
over the past 10 years. In particular, many studies have focused on developing 
analytical solutions that would take into account the specific features of tidally 
influenced groundwater systems [e.g. Nielsen, 1990; Barry et at., 1996; Jiao and 
Tang, 1999; Li et al., 1997, 2000a-c; Cheng and Ouazar, 2004; Su et al., 2003; Teo et 
al., 2003; Jeng et al., 2005]. A review of the advances in this field can be found in Li 
and Jiao [2003], and Li et al. [2004]. 
Hence, water table fluctuations are the manifestation of the effects of tidal 
loading in unconfined aquifers. These fluctuations result in the oscillation of the 
groundwater flow velocity in the near shore area of the aquifer and have not been 
extensively studied. Robinson et al. [19981 showed that near-shore horizontal 
hydraulic gradients of the groundwater in the zone of tidal influence exhibit 
considerable variations over tidal cycles. The highest values were observed during 
the ebb tide as the water table falls. During the flood tide, the hydraulic gradients 
were minimal. This created an oscillating groundwater flow. As a result, the. 
groundwater discharge rate was typically inversely correlated with the tidal activity 
[Lewis, 1987; Stayer and Brinstfield, 1996]. Simulations by Ataie-Ashtiani et al. 
[1999, 2001] also demonstrated significant effects of tides on the flow processes in 
near-shore areas of coastal aquifers. The implications for the transport of 
contaminants in the aquifer will be discussed in a following section. 
At the study site, the interface between the groundwater and estuarmne water. 
is a mildly sloping beach. Such configuration has been shown to influence the effect 
of the tidal loading on the groundwater system. 
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The propagation of the tidal signal in the aquifer is influenced by the beach 
slope in two ways: 1) a larger beach slope allows a further propagation of the tidal 
signal inland compared to a vertical beach; 2) a larger beach slope allows for a more 
substantial damping effect on the signal compared to a vertical beach. In addition, the 
asymmetry of the water table fluctuations significantly increase with an increasing 
beach slope '[Nielsen, 1990], with consequences on the variations in the vertical and 
horizontal velocities in the aquifer. 
The increased asymmetry of the water table fluctuations allows for greater 
variations in the hydraulic gradient and hence in the groundwater flux and the 
advective transport of contaminant compared to a vertical beach. This was shown by 
Ataie-Ashtiani et al. [2001] who performed numerical simulations to investigate the 
effect of the beach configuration on the groundwater flow in coastal aquifers. They 
concluded that "the effect of beach slope is very significant and simplifying the, 
problem by considering a vertical beach face causes serious errors in predicting the 
water table position and the groundwater flux". 
Hence, it can be expected that the variations in groundwater flow induced by 
the tide will be significant at the chosen site considering the very mildly (nearly flat) 
sloping beach, and it is appropriate to investigate further these processes in the field. 
U. 2.2. Intrusion 
I present here the basic knowledge required for the understanding of the' 
presented work. A complete review, however, of the processes and field cases of 
seawater intrusion can be found in Bear et al. [1999]. 
Position of the mixing zone 
An important characteristics of estuarine aquifers is the formation of a zone 
where salt water and fresh water meet. The saline water is driven into the aquifer by 
density difference between the etuarine water and the fresh groundwater, and a 
17 
mixing zone between saltwater and freshwater results [Henry, 1969]. The interface is 
wedge-shaped and dynamic, moving laterally in response to changes in water levels. 
Typically, three zones can be distinguished in low-lying coastal and estuarine 
groundwater systems: a freshwater zone inland, a mixing or diffusion zone, and a 
seawater or estuarine water zone (Figure 11-4). 
Figure 11-4. Ground water flow patterns and freshwater-saltwater transition zone in an 
idealised coastal aquifer. Figure not to scale. (modified from Cooper, 1964). 
The mixing zone is identified most commonly by measurements of the total 
dissolved-solids concentration or of the chloride concentration of ground water 
sampled at observation wells. 
The position, thickness and salinity of the transition zone depends on the site 
settings, in particular the depth of the aquifer to the aquitard, the beach slope, the 
groundwater flow conditions (hydraulic gradient), the tidal range, and the soil 
properties of the aquifer [Volker and Rushton, 1982]. In low lying coastal areas, 
periodic flooding by seawater on the beach at high tides can create a surficial mixing 
zone beneath the beach surface due to infiltration of salt water. 
18 
Modelling works by Ataie-Ashtiani et al. [1999] have shown that the tide has 
a significant impact on the configuration of the saline interface, compared with the 
case with no tidal fluctuations. The results also showed that the beach configuration 
had a major effect on the extent and shape of the saline intrusion in the aquifer; in 
particular, the extent of the surficial mixing zone beneath the beach was further 
increased by a flatter beach. 
Mixing of estuarine and fresh groundwater 
In the mixing zone of estuarine aquifers, a range of complex reactive 
processes between intruding estuarine water and freshwater, and between mixed 
water and aquifer soils modifies the hydrochemistry of the mixing zone [Appelo and 
Geirnaert, 1983]. 
One of the most interesting phenomena characterising seawater intrusion is 
the striking difference between the' chemical composition of the mixed water 
(brackish water) resulting from the intrusion and the expected composition from 
simple mixing of fresh and saline water [Appelo and Geirnaert 19831: except Cl, the 
dissolved species of the mixing zone between seawater and freshwater do not exhibit 
a conservative behaviour. Such deviations are typically attributed to exchange 
processes with soil, water-rock interactions, and/or to contamination from subsurface 
brines. An extensive review of several cases as well as description of the main 
geochemical investigation techniques and findings can be found in, for example, 
Bear et al. [1999]; and details of geochemical processes are described in Appelo and 
Postma [1994]. 
Typically, in the fresh water part of the aquifer, HCO3 and Ca dominate the 
water composition, and the soil exchange sites are mainly occupied by Ca. When 
seawater intrudes the fresh groundwater, Ca is exchanged for Na and released from 
the soil exchange sites [Appelo and Geimaert, 19831. Applying the Gaines-Thomas 
convention [Gaines and Thomas, 19531, the typical reactions representing cationic 
behaviour can be written as: 
IN 
Na(K)+ yCa—X = Na(K)—X+Ca2 	
(6) 
Na(K)+Mg—X = Na(K)—X+%Mg 2 
where X represents the ion exchange sites of the aquifer material. The water 
composition will therefore be of CaC12 type [Appelo and Geirnaert, 1983; Custodio, 
1987;], depleted in Na and enriched in Ca and Mg compared with the conservative 
concentrations. 
In areas where the brackish water dominates, Na occupies the exchanger 
sites. During refreshening, Na is released from the sites and exchanged for Ca, 
creating a NaCl water type. Depletion in dissolved Ca and Mg and excess in 
dissolved Na compared with the conservative values would be observed. 
The preference for ions to enter exchange reactions is based on a certain 
number of criteria/rules. In general, cations of higher charge are preferred by the 
exchanger sites, and the affinity increases with the (non-hydrated) radius of the ions 
[Stumm and Morgan, 1996]. This leads to Ca being about 1.2 times more likely to be 
absorbed than Mg. K is about 5 times more strongly absorbed than Na, due to the 
good fit of K in the interlayer space of clay minerals [Appelo and Geirnaert, 1983]. 
The selectivity of an exchanger for a specific cation also depends on the relative 
concentrations of the cations in solution. 
11.3. Contaminants in near-shore groundwater 
Many field studies of land-derived contaminants to estuaries or seas have 
been published. However, research efforts have essentially focused on the 
contaminant fluxes associated with submarine groundwater discharge (SGD) to 
coastal and estuarine waters [e.g., Simmons et al., 1992; Gablin and Gaines, 1990; 
Weiskel and Howes, 1992; Gallagher et al., 1996; Moore, 1996; Campbell and Bate, 
1998; Robinson et al., 1998; Moore, 1999; Montlucon et al., 2001; Zelewski et al., 
2001]. These field studies have shown that the SGD can represent a substantial 
source of contamination and release various contaminants at the interface aquifer- 
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ocean/estuary (or beach face). Further, the variations in input of contaminants to 
coastal and estuarine environments could be correlated to tidally induced changes in 
groundwater discharge in most cases. 
Among these studies, only few have investigated the case of metal 
contaminants. For example, in a field investigation of SGD to flanders Bay 
[Montlucon et al., 20011, it was shown that groundwater discharge at the beach face 
could represent a significant source of metal contaminants to the coastal waters. The 
study also showed that neglecting the effects of tides and waves on physical and 
chemical processes in groundwater could well be responsible of the large imbalance. 
of the Cu budget in the Bay calculated in the study. Another investigation by Spinelli 
et al. [2002] has shown that groundwater seepage was a source of metal 
contaminants to San Francisco Bay. However in both studies, the behaviour of the 
metal contaminants prior to their discharge at the beach face was not investigated. 
Despite many investigations on coastal and estuarine aquifers, only a limited 
number of publications tackles the issues of contaminant transport in tidally 
influenced groundwater systems, prior to their discharge to coastal waters. In 
particular, the influence of the sea/estuary boundary on the fate of contaminant 
inland of the beach face has been either ignored or not studied adequately [Li et al., 
2004]. Due to the complexity of the processes in the field, most of the research effort 
has focused on atialytical and numerical modelling work. 
I present here the main publications that have brought significant 
contributions and raised interesting points in the understanding of contaminant 
transport in coastal an estuarine aquifers. 
II. 3.1. Contaminant transport 
Only recently has the effect of tidal loading on the transport of contaminant in. 
coastal aquifers been tackled, with emphasis on the effect of tidal loading and the 
presence of the mixing zone between fresh and saline waters. Studies of interest 
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include those by Robinson et al. [1998], Robinson and Gallagher [1999], Li et al. 
[1999], Zhang et al. [2001], and Ataie-Ashtiani et al. [2001]. 
Robinson et al. [1998] conducted a field study of the tidal and seasonal 
variations in upland, shoreline and near-shore hydrological processes associated with 
groundwater discharge from the unconfined Columbia Aquifer, showing a strong 
tidal control and rapid fluctuations of the groundwater discharge rate over a short 
time scale. From these results, they concluded that fluxes of contaminant could vary 
considerably over the course of a tidal cycle. In particular, discharge rates are 
maximal at low tide, during which elevated levels of contaminants could be released 
on the beach face over a short period of time. Within the region of tidal influence, the 
observed reverse movement of the groundwater may increase the dispersion of a 
contaminant plume and results in an earlier arrival of a contaminant at the soil-water 
interface. Their study also concluded that instantaneous (instead of time-integrated) 
groundwater discharge fluctuations over a tidal cycle should be considered to 
evaluate the maximum potential contaminant release to coastal and estuarine waters. 
The simulations performed by Yim and Mohsen [1992] demonstrated that the 
migration process of a contaminant plume within tidally influenced aquifers is 
greatly affected by the tidal fluctuations. Their study also concluded that in cases 
where the regional hydraulic gradient is very high, the effect of tidal fluctuations on 
the transport process would become insignificant. 
Li et al. [1999] developed a theoretical model of flow and chemical transport 
of a near-shore coastal aquifer, and showed that the transfer of land-derived 
chemicals to the ocean was significantly affected by the local groundwater 
circulation and oscillating flows due to wave set-up and tides. Further, the results 
showed that for the chosen theoretical case, the tidal effect induced a flushing of 
contaminants during the ebb, decreased the residence time of the contaminants in the 
aquifer, and promoted the dilution of the contaminants at the beach face. 
Simulations by Ataie-Ashtiani et al. [2001] showed that the tidal fluctuations 
had a substantial effect on the nearshore local velocity field in the vicinity of the exit 
face, which affects the nearshore migration of contaminant in coastal aquifers 
Prilonsky et al. [2005] simulated the tidally-induced flow and transport 
through the dike of a confined disposal facility near Chicago. Their simulation results 
demonstrated the major effect that tidal fluctuations have on the dynamics of the 
discharge flux. It was also concluded that the tidal fluctuations hastened the rate of 
plume migration because of the high advective and dispersive fluxes induced by the 
tide. 
Tank experiments and simulations by Zhang et al. [2001, 2002] investigated 
the migration of a contaminant plume in an intruded, tidally influenced aquifer, and 
showed that the tidal oscillations of the groundwater flow induced rapid changes in 
the contaminant plume outline, even some distance away from the beach face. In 
addition, the effect of changes in groundwater density following intrusion processes 
and induced changes in groundwater flow on the transport of solute was also 
investigated. The results from their tank experiments and simulations showed that 
under certain circumstances, the density gradient had a significant impact on the 
contaminant plume migration in the groundwater. In such cases, neglecting the 
seawater density in the simulation of contaminant transport could result in 
underestimates of the contaminant flux to the sea and unrealistic predictions of the 
contaminant migration paths and exit points. 
H. 3.2. Contaminant transformation 
Whereas there have been some studies on the effect of tidal loading on the 
contaminant transport in the groundwater, very little work has been published on the. 
possible effects of tides on the geochemical reactions undertaken by contaminants, in 
particular for acidic and metal contamination. The two aspects that have been mainly 
investigated are the implications of the chemical changes induced by the saline water 
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intrusion into the groundwater, and the implications of the tide-induced water table 
fluctuations. 
The intrusion of saline water induces some radical changes in the chemical 
composition of the groundwater in the mixing zone. The increased chloride, sulfate, 
sodium, calcium and magnesium concentrations as well as changes in pH and redox 
conditions may have a significant impact on the chemical activities, speciation, and• 
equilibrium concentrations of the species present in the solution [Stuum and Morgan, 
1996]. 
Grassi et at. [2000] investigated the possible link between increased salinity 
and recent mercury pollution in groundwater wells located in the coastal plain of the 
Grosseto province (Italy). The study revealed that the increased salinities of the 
groundwater allowed the formation of stable Cl-Hg complexes, leading to the 
dissolution of mercury from the solid mineral phase. Similar conclusions were drawn 
by Protano et al. [2000] on a study of the coastal plain of Southern Tuscany (Italy). A 
close relationship between progressive saltwater intrusion and mercury pollution 
could be established. 
Robinson et al. [1998] stated that the dispersion of a contaminant into a high 
salinity groundwater could influence the partitioning, of the contaminant between soil 
and water. Further, seasonal variations in the salinity patterns of the intrusion could 
produce seasonal variations in the fate and transport of contaminants close to the 
shore. The extent of these effects would depend on other factors such as the physical 
and chemical characteristics of the soils and the nature of the contaminant. However 
no field evidence was provided to support these statements. 
Mariner et al. [1996] observed that the contact between, a high pH, high 
arsenic, high silicate groundwater plume and saline water at the beach face initiated 
the formation of an amorphous precipitate Mg(OH)2 which cemented the aquifer 
sand, reducing its porosity significantly. Mariner et al. [1996] concluded that the 
cementation significantly reduced the cumulative discharge of arsenic to the shore. 
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However little information was provided on the behaviour of the contamination 
plume inland of the beach face. 
Some studies have shown that the groundwater fluctuations imposed by the 
tides could affect the redox conditions in the upper portion of the aquifer, by aeration 
fromthe fluctuating water table [Fry et al., 1995; Sinke et al., 1998; Williams et al., 
2000], and from tidal pumping and wave swash [Uliman et al., 2003]. This would be 
particularly significant below the beach, where the saturation state of the upper 
portion of the aquifer varies cyclically, for the cycling of redox dependent metal 
species (such as Fe(ll)IFe(ffl)) and for organic contaminants whOse degradation is 
essentially a redox process. In addition, simulations by Enot et al. [2001] and Li et 
al.[2001] have also shown that the mixing of oxygen rich estuarine water and oxygen 
deprived contaminated groundwater could significantly impact the fate of redox 
dependent species. 
In summary, it can be said that although there has been a large amount of 
work on the water table dynamics and SGD of coastal and estuarine aquifers, the 
effects of tides on the fate of land derived contaminants prior to their discharge to 
coastal waters has not been greatly investigated (in particular, lacking field 
investigations). 
However, as it has been presented here, the few studies that have focused on 
the problem have shown that the specific features of estuarine and coastal aquifers 
can significantly impact the fate of contaminants. Hence, it is obvious that in order to 
determine accurately the fluxes of chemicals from aquifers to open waters, the 
identifications of the chemical and physical processes affecting the contaminants on 
their pathway are required. 
The present research therefore aims to advance understanding and knowledge 
of the mechanisms involved in the fate and transport of contaminants in estuarine 
aquifers; here a low pH plume and associated metals are considered. 
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CHAPTER III MATERIALS AND METHODS 
ilL 1. Site location and background data 
III. 1.1. Landfill history 
The field site is located in Ayrshire, Scotland, at the mouth of the Garnock 
River, on the east side of the Ardeer Peninsula (Figure HI-I). The peninsula has been 
occupied by chemical production plants since 1892. Founded by Alfred Nobel, the 
site originally produced explosives, with over 13,000 employees in the 1940s. Then, 
in the mid 1940s, production of silicone, sulphuric acid, nylon and a range of other 
chemicals started. Today, 300 people work at Ardeer site, mainly for small-scale 
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Figure In-I. General location of the site in UK and detailed map of the study area. 
The landfill extends in an elongate shape parallel to the Gamock Estuary, and 
as represented in Figure HI-I. It was active from the mid 1950's up to 1993. It has 
been a repository for a variety of industrial and non-explosive chemical wastes 
originating from chemical manufacturing and from clearance/demolition works 
within the landfill site. The waste material was directly deposited on the natural soil 
without any protective lining. 
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The composition of the waste material is heterogeneous, and the delineation 
for different types of waste is generally not known. The landfill was filled up section 
by section, and consolidated with solid demolition material (e.g., bricks, concrete) 
At the edge of the landfill at the estuary shore, demolition waste was used to provide 
reinforcement. Before landfill operations, the area was a natural salt marsh alongside 
the Garnock Estuary, known as Snap Green, and was flooded during very high tides. 
The land within the area is essentially flat with some dunes in the middle of the 
peninsula (considered as a point of zero flux in terms of groundwater flow 
modelling). It is not known if there was any digging of sand material to flatten the 
area prior to the disposal of waste material on the river shore. Some occasional and 
limited reworking of the natural surficial soils could have been done throughout the 
site, to facilitate waste material disposal. Within the landfill, the original surface was 
approximately 1.3 in AMSL (Above Mean Sea Level) but is now between 4 and 6 m 
AMSL. 
A large number of records exist from boreholes drilled on the overall site 
(held by ICI), and adjacent to the site (held by the British Geological Survey, 
Edinburgh). Most of these boreholes are shallow and have been drilled for site 
investigations, for earthworks and for design foundation. While they yielded 
satisfactory information for their original purpose, the data are sporadic and variable 
in quality with regards to both the near-surface geology and groundwater chemistry. 
III. 1.2. Groundwater flow 
Based on IC! and Babtie environmental assessment reports [Babtie reports, 
1998, unpublished], the groundwater flow within the landfill has been established as 
generally in an easterly direction, towards the Garnock Estuary. 
In existing reports and data, little information is available concerning the 
water table fluctuations over time. As part of the preliminary site investigations, a• 
self-logging pressure transducer (DiVER®) was installed in borehole BH4 from 
11/04 until 14/05/2001. The ground level at BH4 is 3.9m AMSL, and the borehole is 
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located 30 m inland from the estuary embankment. Figure 111-2 presents the water 
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Figure ffl-2. Water table fluctuations (in m AMSL) at BH4, for the period 11/04-
14/05/01. 
The data clearly showed that the water table fluctuations within the well was 
driven by the tides. The water table levels ranged from 1.32 to 1.74 m AMSL on the 
overall period, with a mean level of I .39m AMSL. The influence of low and high 
tide, as well as neap and spring tide is clearly evident in BH4 water head data. 
With up to 40-cm daily variations, the environment is considered energetic. 
The tidal motion of the water table in the aquifer could have major implications for 
the transport of dissolved species and gas, and fluctuations on a tidal time scale for 
other physical and chemical parameters can be expected as seen elsewhere [Neeper, 
2001; Enot et al., 2001; Li et al., 2001]. 
Existing data indicate that hydraulic conductivity deduced from falling head 
tests performed in borehole BH4 was of 7.85 mId. The estimated flow velocity was 
0:01 m/d on average. If accurate, this value indicates that the water residence time in 
the aquifer will be large enough to allow a successful small temporal scale 
monitoring of chemical processes. No data on the porosity or storage of the 
geological units was available. 
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M. 1.3. A zone of low pH 
Local inorganic groundwater quality has been regularly measured by ICI for 
all boreholes where wastes are present, as part of mandatory water quality checks 
under Scottish Environmental Protection Agency (SEPA) regulations. Borehole 5W2 
is located near the acidic source and is known to show very low pH values (< 2), 
Table ifi. 1 presents BH4 and SW2 water chemistry data provided by ICI. 
Table M. 1. Pore water chemistry for boreholes SW2 and BH4. 
Concentration pH SO 4 	Al 	Cd 	Cr 	Zn 	Cu 	Fe 	Ni 
(mg/i) 
SW2 1.8 4100 139.1 0.02 0.7 1.9 1.5 171.1 0.9 
BH4 6.9 56.1 0.2 <0.005 <0.005 0.3 <0.005 15.9 0.4 
Associated with a pH of 1.8, very high sulfate, Al and Fe concentrations as 
well as elevated concentrations in heavy metals Cd, Cr, Zn, Cu and Ni characterise 
5W2. On the contrary, BH4 presents near neutral pH and low levels of sulfates and 
metal contaminants. 
The extent of the acidic plume is not known, and at this stage of the study, 
data was not sufficient to determine whether BH4 and 5W2 was on the same flow 
path. Perhaps the flow paths are only parallel but adjacent to each other. If so, it 
would still indicate that, if the plume had migrated that far, lateral propagation 
towards the north is limited, since, as mentioned, the groundwater at BH4 shows no 
acidic contamination. Similarly, the estuary does not present any sign of 
contamination/acidic water runoff down-gradient from this area. However it is 
expected that, on mixing with estuary water, outflow of acidic contaminated water in 
limited quantity would be greatly diluted, masking any signs of contamination. The 
dilution occurring in the estuary would operate to mask the effect of limited acidic 
groundwater outflow to the estuary.. 
Is 
Using existing data for aquifer hydraulic properties [Babtie reports, 1998, 
unpublished], the extent of acidic water migration from SW2 area towards the 
estuary can be estimated. The average velocity of groundwater in the sandy deposits 
was estimated to be around 4 m/y, based on estimates of hydraulic gradient, 
hydraulic conductivity and porosity. Whereas conservative species (such as chloride) 
travel at the same velocity as groundwater flow, reactive solutes interact with the 
solid phase through various geochemical reactions and their migration speed depends • 
on both solute and aquifer material properties. Therefore, reactive species migration 
would be retarded compared to conservative species [Hudak, 2000]. Considering that 
the wastes in this area have been deposited more than 30-40 years ago, conservative. 
species would have migrated by at least 120 in from the acidity source at SW2. 
Estimation of travel time for reactive species is difficult considering the different 
variables implicated in the retardation processes affecting them. 
Source of acidity 
Waste materials forming the ground in the area surrounding borehole SW2 
are very distinctive. They consist of grey black ashy material with pebble-sized. 
yellow material, identified as elemental sulphur (based on visual characterisation and 
existing reports). This material is found in an area of 20 m x 15 m, between the wharf 
road and the dunes (Figure Ill-i). At the edge of this deposition zone, the thickness is 
thought to be 1 to 2 m. 
Considering that the flow direction from borehole SW2 is generally towards 
the estuary, and that the area up-gradient from SW2 is free from contamination. 
[Babtie reports, 1998, unpublished], the source of acidity in the groundwater here can 
only come from the waste found around SW2, probably via oxidation of the sulphur 
material. The mechanism of acidity release will be further investigated in the study. 
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ifi. 2. Research strategy 
IH. 2.1. An integrated approach 
Assessing contaminant migration at an old landfill contaminated site can be a 
difficult task. In the present case, the waste disposal site is old, composed of a 
mixture of wastes, and the type of wastes and location of disposal are typically not 
known. In addition, the interactions of the estuary and groundwater increase even 
more the complexity of the site. 
To overcome these difficulties brought by the site settings, a comprehensive 
approach, including geophysics, chemistry, mineralogy, and modelling tools was 
used for the investigations. The integration of these approaches relies for 
effectiveness on inter-calibration and cross-interpretation of data collected using 
different methods. 
The general approach chosen was to look at a transect, i.e., a vertical cross 
section through the site, from the acidic source to the estuary bank, on a typical flow 
path from the acidic source towards the estuary: 
• For investigating the geochemistry, multi level sampling devices were designed 
and installed to give precise depth profiles of the pore-water chemistry. The 
use of depth-specific monitoring devices allows collection of information on 
the vertical distribution of contaminants, where depth-integrated devices only 
give an average contaminant concentration [Pickens, 1978]. In addition, multi-
level sampling allows targeted water sampling once depths of interest have 
been identified; 
• In parallel, the water table fluctuations were monitored via a network of fully 
slotted monitoring wells across the site. In particular, head data were collected 
in a transect located some 50 in apart from the MLS transect and parallel to it, 
extending from inland areas towards the middle of the estuary. This allowed• 
investigating the tidal signal propagation inland. 
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Because the site had been little studied prior to this research, a first phase of. 
the study consisted of the acquisition of detailed settings and initial chemical, 
hydrological and geological characterisation of the aquifer. This represented a 
substantial effort, but was a prerequisite for the subsequent, more focused 
investigations. So phase 1 consisted of developing an understanding of the general • 
site settings, with an emphasis on the determination of: 
The groundwater flow field in the aquifer; 
• The geological settings and local heterogeneity of the soils; 
• The identification and delineation of the estuarine intrusion; 
The spatial extent and chemistry of the acidic plume. 
In a second phase, more specific and focused investigations of the processes 
affecting the migration of the acidic plume and associated contaminant from the 
contaminant source along the MLS transect I-I were performed. The focus was put 
on the detailed investigation of: 
• The spatial and temporal water table fluctuations in the aquifer, with particular 
emphasis on the effect of the estuarine boundary on the groundwater flow 
processes; 
• The small scale variations in chemical patterns, spatially and temporally, with 
cross-interpretation of the field, laboratory and simulation results obtained on 
the water and soil geochemistry and groundwater flow processes. 
We detail here the field work, laboratory work, and data treatment that were 
undertaken in this research effort. The detailed methods and protocols can be found in 
Appendices. 
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III. 2.2. Field work 
ifi. 2.2.1. Installation of new boreholes 
Borehole locations 
To ascertain the best location for the monitoring boreholes, geophysical 
investigations were performed by Lancaster University in collaboration with 
Edinburgh University. Details of the geophysical campaign and main results can be 
found in Appendix A.I. Based on the geophysical findings and preliminary results, 
bOrehole types, numbers and best locations were ascertained. 
The positions of the new and existing boreholes used in this study are 
presented on the sketch map of the study area (Figure 111-3). In December 2001, the 
drilling (described p38) took place and six new boreholes were installed: 
. three fully slotted monitoring wells ALOI, AL02 and AL03, for continuous 
monitoring of water table fluctuations, pH and EC, and down-hole geophysics; 
. three custom-made multilevel samplers (MLS) MLSO1, MLS02 and MLS03 
installed in a line along the main flow path, from the acidic area towards the 
estuary, with a total of 49 piezometer points. 
The MLS boreholes compose transect Il-Il (Figure 11-3). Borehole ALOI was 
installed up-gradient from the landfill area, in a zone pristine from contamination. Its 
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Figure 111-3. Sketch map of the study area, presenting the position of the boreholes 
and monitoring transects 1-I and 11-11. 
The drilling of bores on the estuary shore could not be performed for 
logistical and financial reasons. Instead, a 1-rn deep borehole (named Beach 
borehole) was installed on the shore using a hand auger, aligned with ALOI and 
BH4. Together, ALOI, BH4, and Beach boreholes compose transect I-I. 
MIS design 
Simple Multi level piezometer bundles were designed based on a MLS 
system first described by Pickens et al. [1978, 1981]. Help and advice were provided 
by CSIRO Perth, Australia. Details on their design, specification (depth, number of 
ports), and photos can be found in Appendix B. 
The MLS systems were prepared by strapping different lenghts of 2.5 mm ID 
Nylaflow nylon tube strapped to a solid plain PVC tube, providing rigidity to the 
assemblage. Each piece of tubing forms a mini piezometer, which is terminated by a 
port composed of a 10 cm long slotted PVC screen, covered by an 'inert' nylon mesh 
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to avoid clogging by soil media. Each piezometer's port is attached to the main PVC 
tube at a specific depth. Typically, the ports were spaced 0.5 in (upper parts) and 1 m 
apart (lower parts). The whole system was strapped together and carefully labelled 
before installation into the bore (if n number of ports, port I is the shallowest while 
port n is the deepest). Up to 21 mini-piezometers could be attached to the main rigid. 
tubing. MLS borehole specifications are presented as Appendix B.3. 
Borehole completion 
The 6 new monitoring boreholes were installed on site by cable tool drilling 
and a small percussion rig. Because of the unconsolidated nature of the formation, 
temporary casing was used in all bores. 
A 250-mm diameter temporary casing/conductor pipe was first used to 
penetrate the hard waste layers (concrete, bricks and demolition material). Smaller 
diameters of 200 and then 150 mm were used once the natural formation was 
reached, to limit soil disturbance. Within the delimited landfill area, a bentonite seal 
had to be installed at the base of the waste layer for regulatory reasons, to avoid 
preferential paths and increased leaching from the landfill into the groundwater. 
Once the bentonite seal had thickened, drilling was continued through it, using the 
smaller diameter conductor pipe. No drilling mud (except the bentonite seal) or air 
was added during the drilling, and water was added sparingly when necessary for 
drilling progression. 
The MLS systems were rapidly installed by lowering the whole system into 
the hole with the temporary casing still in place holding the aquifer formation (see 
photos in Appendix B. 2). After installation in the bore, the temporary casing was 
pulled out. Due to the sandy unconsolidated nature of the aquifer material, the 
formation collapsed naturally to fill the annulus (7-8 cm) between the MLS bundles 
and the undisturbed formation. The first port of each MLS was located below the 
bentonite seal at the bottom of the waste layer. 
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The completion of the three cased monitoring boreholes ALO1, AL02 and 
AL03 consisted of a 5 cm internal diameter (ID) plastic casing covered with a 
Geosock screen and fully slotted in the natural material section, and finished by a 
sump. 
The completion of the Beach borehole hand-dug on the beach consisted of a 
fully slotted plastic casing (3 cm nominal ID) covered with a Geosock screen. 
After the completion of each borehole, the wells were developed by pumping 
with an electric submersible pump until the well water was visibly clear. For the 
MLS boreholes, the well development was performed by pumping individual• 
piezometers with a syringe. Pumping allows for extraction of drilling bits and 
bentonite that might have been dragged down during the drilling process. 
The action of drilling a well invariably causes disturbances in the well 
environment, directly by percussion effects on the aquifer matrix and indirectly by 
2 	the injection of water and foreign material (bentonite) into the hole [Clark, 1988]. A 
two-month recovery period was allowed before any field sampling was performed. 
Instrumentation of wells 
Boreholes located in the main flow path as well as selected boreholes were 
equipped with self-logging pressure transducers type DIVER@ (Van Essen 
Instruments) to monitor water table fluctuations. A DIVER was also installed in the 
middle of the estuary in the free water (location named Mid-estuary), aligned with 
ALOI, BH4 and Beach boreholes in transect I-I. 
ifi. 2.2.2. Field measurements and sampling 
Water table fluctuations 
The water table fluctuations were recorded every 15 min during selected 
measurement periods using the DiVERs installed across the site. The network of. 
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monitoring boreholes was selected to provide an accurate water table contour map, in 
particular inthe MLS cross-sectional flow path. 
To evaluate the propagation of the tidal signal in the aquifer, the water table 
fluctuations were recorded in transect I-I, from ALO1 to the Mid-estuary location. 
Measurements were collected over several months to capture groundwater tidal and 
seasonal fluctuations. 
Depth-specific flow velocities over time were obtained from results of a 
borehole dilution test. The test was performed in monitoring borehole AL02 (located. 
at the estuary edge of the landfill) during a spring tide event, to maximise the 
possibilities, of depicting changes in vertical flow velocities on a tidal cycle, since 
spring-neap tides have a much greater effect on water table fluctuations than diurnal 
and semi-diurnal tides [Raubenheimer et al., 1999; Li et al., 2000]. The experiment 
was started a day before a spring tide event, and was run for 5 consecutive days. 
Soil sampling 
Soils were sampled during the drilling of the boreholes. Sampling and 
preservation methods can be found in Appendix A.2. Due to the drilling technique 
chosen, only disturbed samples were recovered. The description of the samples was 
performed visually in the field during the sampling and can be found in Appendix 
C.!. 
Saline intrusion 
To investigate the position of the saline water-freshwater interface in the 
aquifer, the pore water of the MLS ports was sampled and chloride concentration 
was determined. Br/Cl ratios were calculated for saline and fresh groundwater, 
estuarine water and seawater to conclude on the nature of the saline groundwater. In 
addition, the concentrations in exchangeable base cations Ca, Mg, Na and K, and in 
SO4 of the mixing zone were determined to investigate the stage of the mixing zone 
(intrusion or refreshening). The description of the pore water sampling and' 
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preservation method is presented in Appendix A.2, and the description of the pore 
water chemical analyses is presented in Appendix A.3. 
The temporal variability of the mixing zone position was investigated by pore 
water EC monitoring in the MLS transect, on time scales relevant to semi-diurnal 
and seasonal situations. This method was chosen over chloride determination 
because EC measurements are more practical and cost efficient, and can provide 
precise information on saline water position, assuming there is a good correlation 
between chloride and EC data (this will be tested). 
Geochemistry of the contaminant plume 
To investigate the acidic plume and associated contaminants, pore water 
sampling was performed in the MLS transect. For selected MLS ports, pore water 
sampling was performed at high and low tide on 6/03/2002, to investigate the 
temporal variation of the pH and metal contaminant distribution in relation to tidal 
forcing. Sampling was also performed in June 2002 and June 2003 to evaluate the 
long-term variations in the contaminant distribution, however this data set was not 
included in the thesis considering the already considerable amount of data presented 
and the little additional information it would have provided on the aquifer system. 
pH, EC and Eh, were measured in the field for each MLS water sampling and 
monthly over a period of 14 months. 
111.2.3. Laboratory work 
ifi. 2.3.1. Water and soil analysis 
Water analyses 
The groundwater samples collected in the field were analysed for the anions 
Br, Cl and SO4 and for the cations Al, Ca, Cd, Cr, Cu, Fe, K, Mg, Mn, Na, Ni, Pb, Si 
and Zn. Analytical methods can be found in Appendix A. 3. 
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Soil analyses 
Most soil samples collected on-site were analysed for particle size 
distribution (PSD) (Appendix A.4). From PSD results, the hydraulic conductivity K 
of each sample was estimated using the Hazen method (Appendix A. 6). Most of the 
selected samples were digested with Aqua Regia, providing with values of pseudo 
total contents. These data will however be referred to as total content for simplicity, 
and can be found in the accompanying CD-ROM. 
Given the importance of soil properties when investigating contaminant 
geochemistry/fate and transport, for selected samples additional analyses were 
performed: cation exchange capacity (CEC), organic and inorganic carbon content 
(carbon speciation), and mineralogical analyses using X-ray diffraction (XRD) and 
Scanning electron microscopy (SEM). Table HI.2 lists the soils chosen for the 
different analysis. Emphasis was put on samples from the background borehole 
AL01 and from the MLS boreholes. Soils from the MLS boreholes with interesting. 
properties (such as clayey samples MLS02-4 and MLS03-5), and/or located at depths 
where major changes in water chemistry are observed, were of special interest. 
ifi. 2.3.2. Batch experiments 
When studying complex environments, laboratory experiments do not 
necessarily mimic the field situation but rather stand alone as an assessment tool to 
understand, complement and verify the field findings. 
In this study, simple and successive batch leaching experiments were 
performed to complement the field findings. The aim was to investigate in a 
controlled environment the mode and scale of the buffering capacity and the 
leachability of representative natural pristine soils under acidic attack. The, 
qualitative and quantitative cation release subsequent to acidic attack was followed 
over time, in parallel with pH evolution. The purpose of the successive batch 
leaching experiments was to determine the water chemistry and pH changes 
following successive additions of acid solution to a soil suspension, reproducing the 
40 
field situation of acidic water leaching through the soil. The experimental protocol 
can be found in Appendix A. 12. 
Table 111.2. Analyses performed for each soil sample. The methods can be found in 
Appendices, as noted in the table. 
Sample Aqua Regia PSD CEC 	Carbon XRD SEM pH Batch 
digestion and K speciation experiments 
Method in A.4 
A.5 A.7 	A.8 A.9 A.9 A.10 A.12 
Appendix A.6 
ALOI-1 X X X X 
ALOI-2 X X X X X X X 
ALOI-3 X X X 
ALOI-4 X X X 
ALOI-5 X X X X X X X 
ALOI-6 X X X 
ALOI-7 X X X X X X X 
ALOI-8 X X X 
ALOI-9 X X 
ALOI-lO X X X 
ALOI-Il X X 
ALOI-12 X X X 
MLSOI-1 X X 
MLSOI-2 X X X X 
MLSOI -3 
MLSOI-4 
MLSOI-5 X X X X X 
MLSOI-6 X X 
MLSOI-7 X X X 	X X X X X 
MLSOI-8 X X X X 
MLSOI-9 X X 
MLSOI-IO X X X X 
MLSOI-1I X 
MLSOI-12 X 





MLS02-3 X X 
MLS02-4 X X X X X X 	X 	X 
MLS02-5 X X X X 




MLS02-10 X X X 
MLSO3-I X 
MLSO3-2 X 
MLS03-3 X X 
MLS03-4 X X X X X 
MLS03-5 X X X X X X 	X 	X 
MLSO3-6 X 
MLS03-7 X X 
MLS03-8 X X 






HI. 2.4. Data analysis and modelling 
ifi. 2.4.1. Data interpretation 
Quantitative and qualitative interpretation and interpolation of the observed 
data were performed using statistical tools by mean of MINITAB® statistical, 
software and the versatile MATLAB® programme. Depth specific chemical data 
obtained for. the MLS boreholes were extrapolated to produce cross section showing 
interpolated distribution of chemical parameter in the MLS transect. 
Flow vectors and water table contour maps were interpolated from head data 
time series in the aquifer and estuary, using a routine calculation in MATLAB (can 
be found in the accompanying CD-ROM). Hydraulic gradients across the site were 
calculated on time scales relevant to semi-diurnal and neap/spring tides, as well as 
seasonal situations. Calculations of these parameters during the course of a semi-
diurnal tidal cycle were performed to resolve the effect of tidal loading on the 
groundwater flow system. 
The hydrological relationship between estuarine water and near-shore 
groundwater was further investigated. Spectral analysis was performed on the head. 
data in transect I-I by application of Fast Fourier Transform technique (FF1'), to 
investigate in detail the tidal loading affecting groundwater. In particular, the mode 
of propagation of the tidal signal in the aquifer and the effect of the mild sloping 
beach on the signal propagation were investigated. 
ifi. 2.4.2. Flow analysis 
Flow vectors and water table contour maps were interpolated from head data 
time series in the aquifer and estuary. Hydraulic gradients across the site were 
calculated on time scales relevant to semi-diurnal and neap/spring tides, as well as 
seasonal situations. Calculations of these parameters during the course of a semi- 
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diurnal tidal cycle were performed to resolve the effect of tidal loading on the 
groundwater flow system. 
The hydrological• relationship between estuarine water and near-shore 
groundwater was further investigated. Spectral analysis was performed on the head• 
data in transect I-I by application of Fast Fourier Transform technique (FF1'), to 
investigate in details the tidal loading affecting groundwater. In particular, the mode 
of propagation of the tidal signal in the aquifer and the effect of the mild sloping 
beach on the signal propagation were investigated. 
ifi. 2.4.3. Geochemical modelling 
Speciation modelling of the water chemical data was performed using 
PHREEQC-2 [Parkhurst and Appelo, 19951. Speciation modelling uses chemical 
analysis of a water sample to calculate the distribution of aqueous species using an 
ion-association aqueous model. The most important results of speciation calculations 
are saturation indices for minerals, which indicate the saturation state of each mineral 
relative to the water. 
The saturation index SI [with SI = log (IAPIKT), where KT is the solubility 
product constant and lAP is the corresponding observed activity product] provides a 
basis for evaluating the potential for dissolution or precipitation of a solid phase by 
the sampled water. Values of SI that are negative (<-0.1), zero (±0.1), or positive (> 
0.1) indicate the water is under-saturated, saturated, or over-saturated, respectively, 
with the solid phase. If under-saturated, the water can dissolve the solid phase. If 
over-saturated, the water cannot dissolve the solid phase, but can potentially 
precipitate it. 
The database used was a modified version of the MIINETAQ database, to 
account for reactions involving Cr species and minerals absent from the usual 
PHREEQC database. For most of the samples, the total error for the charge balance 
was less than 5%. Data obtained from the different soil analyses (carbon speciation;. 
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CEC, mineralogy) were incorporated to the geochemical simulations to provide more 
accurate results. 
In addition, simple batch mixing simulations were performed to investigate the 
effect of cation exchange and carbonate dissolution on the water chemistry (section 
VI. 4.3.2, p  147) using WATEQ4f database. The script file for these simulations can 
be found in the accompanying CD-ROM. 
ifi. 2.4.4. Transport modelling 
The groundwater flow in the inland part of transect I-I between ALOI and 
B114 was modelled using the 3-D, finite difference, steady state groundwater flow 
model MODFLOW [McDonald and Harbaugh, 1988]. The water head data collected 
in the field were used to establish the boundary conditions of a 2-D vertical-slice 
model. The geological information and experimental hydraulic conductivity values 
were used to define the different layers of the model. A focus was the effect of the 
tidal loading on the temporal and spatial variations of groundwater velocities;. 
Simulated results were tested against those obtained from the dilution test. Details of 
the model set-up are presented in section V. 2.2.4 (p  86), where the results are 
presented and discussed. 
A regional model incorporating flow processes in the estuary was also set up. 
Numerical simulation of the tidally influenced, density dependent groundwater flow 
and particle transport in transect I-I from ALO 1 to the Mid-estuary position were. 
performed using SEAWAT2k [Langevin et al., 2003]. In conjunction with the flow 
model, mass transport simulations were performed using MT3DMS [Zheng and 
Wang, 1998]. The flow, saline intrusion and conservative contaminant transport were 
simulated, and field data and simulations results were compared and discussed. 
Details of the model set up can be found in Mao et al. [2005] and are presented in 
section V. 2.3.1 (p  89). 
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CHAPTER IV GEOLOGY AND HYDROGEOLOGY 
In this short chapter, the geological and hydrogeological settings of the field 
site are presented, incorporating existing and new data obtained from the drilling of 
the new boreholes. 
The hydrogeology of the Ardeer site is characterised by two aquifers. The 
study here focuses essentially on the shallow aquifer, as contamination from the 
waste layer is contained in this region. 
IV. 1. Stratigraphy 
The superficial soil deposits form the unconfined aquifer and consist of a 
succession of gravels, post-glacial sands and blown sands (windblown sands) of ,  
variable thickness. A boulder clay layer acts as the base (aquitard) of the shallow 
aquifer. On the landfill site, the boulder clay layer is typically encountered at a depth 
ranging from -6 to -8 in AMSL. 
The stratigraphic sequence characterising the aquifer was determined based 
on the PSD data (Appendix C. 2) and on the visual soil samples description 
(Appendix C. 1). A geological cross section of the MLS transect 0 was drawn based 
on these results and the borehole logs. The geological log information for ALO1 were 
extrapolated and incorporated to the inland boundary of the cross section. The 
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Figure IV- 1. Typical geological cross section in the study area based on the MLS borehole logs. The red area represents the position of 
the acidic waste. 
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In the MLS transect, the waste layer deposit varies in thickness from 1 m at MLSO1 
to up to 4 hi near the edge of the landfill towards the estuary. The types of waste 
throughout the cross section are diverse. At MLSO1, the waste deposits consist of 
two visually distinct layers. The top layer is 50-cm thick and made of grey ashy 
material containing sulfur pebbles; below, a 1.5-rn thick red layer made of ashy 
material is found directly on top of the natural soil. At MLS02, similar layers of ashy 
material are found near the surface; below a mixture of rubble and demolition waste 
lies on top of the natural soil; the waste thickness is 2.5 m. At MLS03, the waste is 
3.5 in thick and composed mainly of demolition rubbles. 
The natural layers consist of a succession of river alluvium sand and gravel, 
medium to coarse, followed by marine alluvium sand, typically fine to medium fine. 
The boulder clay has been found at MLSO1 at depth of 16.5 m. For MLS02 and 
MLS03, the boulder clay was not reached at depth. In the deep areas, chiselling made 
the drilling very slow and too costly for the project. Due to these economical 
limitations, the drilling was stopped before fully reaching the aquitard. However, a 
layer of fine sand with clayey lumps and large gravels was reached at depth for 
MLS02 and MLS03, and was also observed at BH4 on top of the boulder clay (found 
at -15 m BGLMLSO1). Considering the small distance between BH4 and the MLS 
boreholes and similarities in their geological logs, the boulder clay is expected to be 
found around 13-13.5 in BGLMLSOI at MLS03 and 13.5-14 in BGLMLSO1 at 
MLS02. The aquitard presents a slope towards inland area (estimate slope of 6.6% 
between MLS03 and MLSOI). 
Clayey horizons of limited thickness (< I m) were found in MLS02 and 
MLS03 depth profiles (sample MLS02-4 and MLS03-5 respectively). Clearly this 
could have a major impact on the chemical patterns due to the typical greater 
reactivity of fine material. These two horizons of clayey sand possibly belong to the 
same geological feature, although this can only be hypothesised, since no 
information is available between MLS02 and MLS03. The PSD curves for samples 
MLS02-4 and MLS03-5 presented similarities, although material found at MLS03. 
was finer and contained little gravels compare to sample MLS02-4. Further 
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mineralogical analysis presented in a following chapter will bring additional 
information on their nature. 
In transect I-I, the succession of geological layers was comparable to what 
was found in the MLS transect fl-I!. Differences were seen in the presence of clayey 
sand horizons of limited extent at MLS02 and MLS03, as well as gravely horizons. 
The general succession of layers was however similar in all boreholes, with a similar 
trend towards finer material at depth was observed. 
Overall, the lithology of the MLS transect and the fully slotted monitoring 
transect AL01-BH4 was rather similar, if the variations in different layer thickness 
are assumed to be negligible. The suitability of utilising flow characteristics of 
transect I-I to MLS transect will however have to be investigated. 
IV. 2. Particle size distribution and hydraulic conductivity 
Particle size distribution analysis was performed on selected samples (see 
Table ffl.2) from each geological feature (aeolian, river and marine sand, clayey 
lens). The logarithmic plots of the grain size distribution for AL01 samples, called 
cumulative weight percent curves, are presented in Figure P1-2. Plots for the MLS 
samples can be found in the accompanying CD-ROM. The curves represent the 
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Figure P1-2. Particle size distribution for different samples of ALOI. 
Following the AS'FM (American Society for Testing and Materials). 
classification triangle [ASTM, 1976], the texture of the soils was determined. In the 
surficial layers of AL01, medium sand was found up to -7.5 m BGL and 
corresponded to the river alluvium sand. A layer of coarser material was found 
around -6 in BGL. Below this, medium fine sands are found, corresponding to the 
marine alluvium. The evolution of the cumulative weight percent curves for ALO1 
and MLSO1 was similar. At MLS02 and MLS03, there were also similarities with 
ALOI and MLSO1, however differences lied in the presence of the clayey sands and 
horizons of higher gravel contents above the clayey sands. 
Overall, the lithology of the MLS transect and the fully slotted monitoring 
transect ALOI -BH4 was rather similar, if we neglect variations in different layer 
thickness. The suitability of utilising flow characteristics of transect I-I to MLS 
transect will however have to be investigated. 
No core samples were taken from the site, for economic reasons, hence 
hydraulic conductivities (K) of selected samples were calculated from the PSD 
grading curves by applying the Hazen approximation [Fetter, 1994], as described in 
the methods section (Appendix A. 5). Only samples from area located below the. 
water table were analysed. 
The determined K values for the samples are presented in Table 1. The. 
hydraulic conductivity varies with depth for all boreholes. The layering of the 
geology transcripts in the evolution of K with depth, in particular for AL01 samples, 
with rather uniform values between 15 and 19 m/d corresponding to the river 
alluvium sand layer in the surficial horizons, followed deeper by lower K values 
corresponding to the finer marine alluvium sands. This is also observed at MLSO1 
and MLSO3. 
Table IV. 1. Calculated hydraulic conductivities (Hazen approximation) for selected 
samples at the site, in mid. In italic: samples at the lower limit of application of the 
Hazen approximation (d 10%< 0.1mm). G: gravely samples for which the method 
cannot be applied. Average depth is given in m BGLMSLO1 for each sample. 
Sample Depth K (mid) Sample Depth K (mid) Sample Depth K (mid) 
(m) (m) (m) 
ALO1-1 -0.785 24.97 MLS0I-5 -3.25 12.44 MLS03-3 -5.2 G 
AL01-2 -2.035 8:64 MLS0I-6 -4.3 16.93 MLS03-4 -6.55 0 
AL01-3 -2.685 16.93 MLS01-7 -5.25 21.12 MLS03-5 -7.5 0.01 
AL01-4 -4.035 16.93 MLS0I-8 -6.5 G MLS03-7 -10.55 4.23 
AL01-5 -5.135 19.44 MLS01-9 -7.7 5.67 	MLS03-8 	-11.55 	2.43 
AL0I-6 -6.085 19.44 MLSOI-10 -8.5 2.82 	MLS03-9 	-12.7 2.01 
AL01-7 -7.185 10.45 MLSOI-13 -12.3 2.43 
AL01-8 -8.135 4.16 MLSO1-15 -14.3 11.06 
ALO1-10 -10.285 2.59 
ALO1-12 -12.335 2.36 
Some layers present coarser material. At MLSOI, a gravely layer at -8 m 
(sample MLSOI-8) marks the transition between river and marine alluvium sands. At 
MLS03, the upper layers present large proportion of gravel. Although the present 
method does not allow calculation of hydraulic conductivity for gravely material, K 
will be high (>25 mid). 
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Interconnected units of high hydraulic conductivity can create preferential 
flow and channelling of contaminants [Anderson, 1991; LeBlanc et a!, 1991; Thiele 
et al, 1996; Doring et a], 1997]. Therefore, the changes in K values observed 
throughout the MLS section will be taken into account for the interpretation of the 
chemical patterns observed in the aquifer. 
The variability in soil properties is a major challenge for modelling issues, 
where, to reduce computational cost and running time, one or two units of 
representatives K are used as conceptual model for a site. Although other parameters 
are also often estimated in modelling efforts, assumptions on K values may create 
major discrepancies between field data and simulation results. This is due to the fact 
that K varies greatly depending on the type of sediments, with typical values ranging 
over 13 orders of magnitude [Freeze and Cherry, 1979]. 
Although empirical calculations such as this one performed here are often 
used to estimate K, substantial differences can exist between values measured in the 
field and values obtained empirically, with experimental values up to one-fold higher 
than the empirical ones [Baird et al., 1998]. Also, the use of the empirical method is 
limited to sand-sized soils. Still, these methods remain widely in use due to its ease 
and cost efficiency. Ideally, field determination of K and core samples should be 
taken for an accurate determination of soil hydraulic properties (K, porosity, specific 
yield). 
In this study, field determination of K by slug tests could not be performed 
due to the very fast recovery of the water table as a consequence of the high 
hydraulic conductivity of the aquifer material. In addition, slug tests would have 
provided a K value averaged over depth as the monitoring boreholes are fully slotted 
In the present case, depth specific estimates of K were needed to define layers of 




CHAPTER V EFFECT OF TIDAL FORCING ON THE 
GROUNDWATER SYSTEM 
In this chapter, the interactions between the estuary and the groundwater 
system are investigated. First, the estuary characteristics are presented. A second 
section relates to the water table fluctuations and flow conditions in the aquifer, 
particularly in relation to the tidal loading from the estuary. The results of the flow 
modelling using the site settings and field data are also presented and discussed. 
Finally, the implications of the findings for contaminant fate at the site are discussed. 
V.1. Tidal dynamics of the driving head 
V. 1.1. Tidal regime 
The estuary and tidal river, comprising a permanent middle channel and a 
mildly sloping bank, form an important boundary of the aquifer. As the ocean signal. 
propagates into the river, it will be affected by the shape of the river channel. Figure 
V-i presents estuarine water level oscillations over 15 tidal (semi-diurnal) cycles. 
The signals appear to be sinusoidal, with semi-diurnal frequencies dominating the 
free water surface fluctuations. High and low tides occur twice a day, displaying the 
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Figure v-I. Typical Gamock estuary water oscillations, directly across the MLS 
transect, for the period 20/02 to 27/02/06, hourly measurements. 
The tidal cycle has a period of 12.42 h, which corresponds to the tidal 
constituent M2 (principal lunar semi-diurnal tide) with a semi diurnal frequency of 
0.5208 cycles/day. Harmonic analysis will further investigate principal tidal 
components of the signal as discussed in the next section. 
A closer examination of the daily cycles (Figure v-2) indicates that the ebb 
and flood period are of 5.5 h and 7 h respectively, on average, creating a forward 
skew of the estuarine fluctuations: the flood lasts longer than the ebb. Such 
asymmetry of the estuarine environments has been demonstrated in the field and in 
simulations [Postma, 1961; Officer, 1981; Allen et al., 1980; Castaing and Allen, 
1981], and has been attributed to the physical characteristics of the estuary (length 
and width), the river bed properties and the river discharge. Faster ebb velocities, a 
shorter falling and a longer rising tide characterise the flood-dominance in estuaries 
[Fry and Aubrey, 19901. In general, large differences between the ebb and flood tide 
are found in narrow tidal rivers and estuaries [Fry and Aubrey, 1990]. At the site, the 
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Figure V-2. Typical Garnock estuary free water variations, directly across the MLS 
transect, for the period 20-2 1/02/02, hourly measurements. 
The prolongation of the flood period means small velocities of the estuary 
water during the rising tide, whereas the shorter ebb period will result in high 
velocities. The flushing of the estuary during the ebb period is therefore more 
efficient. This is in accordance with the results of Miller et al. [1993] who indicated 
that saltwater in the tidal section of the Garnock River is effectively flushed out 
during low tide, and that only fresh water remains. This may affect the groundwater 
flow and the estuarine water intrusion in the aquifer. 
Although no proper study of wave conditions in the estuary has been carried 
out, field observations on numerous occasions show a limited wave set-up in the 
estuary. Estuarine environments are relatively sheltered compared with an exposed 
coastline; however during storms, waves from the ocean can propagate into the river 
channel and wind can generate local surface waves. The effect would however be 
limited, due to a relatively long distance of the study site from the estuary mouth and 
a short fetch in the estuary. 
V. 1.2. Temporal variations 
Water level fluctuations in the estuary were monitored from August 2002 to 
January 2003. Figure V-3 presents the whole data set for this period. 
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During the low spring tides, the logger was exposed and failed to record the 
water levels lower than its position, resulting in the apparent cut-of of the time series 
at -1.21 m as observed on Figure V-3. The logger could not, for logistical reasons, be 
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Figure V-3. Water elevation (grey line) in the Garnock estuary, August-December 
2002, and double exponential smoothing fit (red line). Smoothing constant was 0.002 
for trend and level. 
Spring-neap tidal variations can be seen clearly in the figure above: the daily 
tidal range varies from maximal (around spring tide, for example around t=615h) to 
minimal values (around neap tide, for example around t=410h) at regular intervals. 
The tidal range varies between I . I m and 3 m over the spring-neap cycle. Spectral 
analysis of the estuarine signal will reveal the different modes composing the signal 
and is presented in a following section. 
The amplitudes of the water level oscillations in the summer are generally 
smaller than those in the winter, indicating seasonal water level variations. Over the 
whole monitoring period, the largest amplitude is found in November during a spring 
tide event. Curve-fitting of the data using the Holt [1957] and Brown [1959] linear 
double exponential smoothing procedure reveals a slight seasonal trend in the mean 
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water level during the monitoring period, with higher average levels observed for 
winter months. On a long time scale, the water level rises and falls are likely linked 
with the variations in river discharge, the passage of low and high atmospheric 
pressure events, as well as the surface runoff and groundwater discharge to the 
estuary to some extent. 
V. 1.3. Estuary-aquifer connection 
No data are available on the soil characteristics in the estuary near the study 
site. Previous BGS (British Geological Survey) borehole records [BGS log records, 
BGS, Edinburgh office library, unpublished] indicate successive layers composing 
the aquifer adjacent to the estuary. The records were from boreholes located on the 
opposite side of the river bank; but considering the alluvial nature of the area, a. 
symmetrical stratigraphy may exist at the study site. An investigation of seepage face 
lithology in the top one meter of the beach revealed a succession of medium to 
coarse sands. 
It is thought therefore that the main successive layers identified in the aquifer 
extend offshore towards the estuary and constitute the riverbed. There might be some 
lateral variation in the soil characteristics, but overall the main geological and. 
hydrological units are expected to continue in the riverbed (marine and river 
alluvium). 
V.2. Groundwater hydrodynamic conditions 
V. 2.1. Water table fluctuations 
V. 2.1.1. Tidal fluctuations - general pattern 
Groundwater levels were measured across the site for different periods of 
time between 2002 and 2003. Figure V-4 presents water table fluctuation data for 
boreholes in monitoring transect I-I for a typical period. Locations of the boreholes 
can be found on Figure 111-3 (p 35). 
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Figure V-4. Water table fluctuations in transect I-I, for the period 19/12 to 
29/12/2002. 
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The water table fluctuations (WTF) at borehole BH4 and AL01 are 
influenced by tidal forcing from the estuary. At BH4, water table elevation 
difference between ebb and flood ranges from 20 cm up to 50 cm for spring tides 
(day 5 and 6, Figure V-4). With a daily water table fluctuation of 30 cm on average, 
the environment is considered to be energetic, and fluctuations on a tidal time scale 
could affect other physical and chemical parameters [Neeper, 2001; Enot et al., 2001; 
Li et al., 20011. 
As the signal propagates in the aquifer, it is dampened rapidly and the WTF 
amplitude at the inland boundary ALOI is less than 10% of the tidal amplitude of the 
driving head (water level fluctuations in the estuary). 
On a daily scale, WTF in the aquifer demonstrate an asymmetric pattern 
(Figure V-4): the water table rise is much faster than the decline (3 h rise versus 10 h 
draining process), causing the skewed and asymmetric (pitched forward) water level 
fluctuations. This is typical in coastal aquifers and has been observed in the field and 
reproduced by analytical and numerical solutions [Nielsen, 1990; Li et al., 1997; 
Raubenheimer et al., 1999; Trefry et al., 2004; Mao et al., 2005]. 
The asymmetric pattern of the WTF is due to: 1) non-linear effects [Parlange 
et al., 1984]: the effective transmissivity of the aquifer is greater during the rising 
tide than during thefalling tide [Knight, 1981], the response of the groundwater table 
to rising tide is therefore faster than that to the falling tide; 2) the presence of the 
sloping boundary [Nielsen, 1990]: with rising tide, the intersection of the 
groundwater table with the beach slope moves landward, and during low tide, the 
opposite occurs. An increased beach slope exaggerates this asymmetry [Nielsen, 
1990; Mao et al., 2005]. 
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Figure V-5. View of the estuary during low tide. The glassy surface of the seepage 
face can be seen, as well as the permanent middle channel. Photograph taken on 
20/09/2002, from the edge of the landfill, looking down across the estuary. 
Another major consequence of this slow drainage process is the decoupling 
between groundwater and estuary water signal leading to the formation of seepage 
face on the beach (Figure V-5). 
V. 2.1.2. Seasonal water table fluctuations and recharge 
Long-term monitoring was carried out for BH4 borehole between June and 
December 2002. The water table time series is presented in Figure V-6. The lack of 
data observed between July and August is due to a failure of the data-logging device. 
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Figure V-6. Water table fluctuations for borehole BH4, 14/06/2002 to 22/01/2003. 
The results show that both short- and long-term trends characterise 
groundwater fluctuations at the site. A steep rise in the mean water table elevation is 
particularly noticeable between October and November. It is however difficult to 
precisely analyse the seasonal trends of the water table fluctuations based on raw 
head data as semi-diurnal tidal fluctuations dominate the signal. A filtering technique 
was applied to study further the seasonal patterns. The time series of the water table 
at BH4 was de-trended by a three-step moving averaging method [Serfes, 1991]. 
This technique removes tidal fluctuations that interfere with longer period 
oscillations (e.g., seasonal effects). 
The results from the moving average for BH4 time series are presented in 
Figure V-7 alongside the daily rainfall for the area (Prestwick weather station) during 
the monitoring period. The filtering process has removed short- (semi-diurnal and 
diurnal) and medium-term (spring-neap) tidal frequencies. Long-term (seasonal) 
water table fluctuations are revealed, and higher water table level is observed at BH4 
from day 60 until day 109, which marks the end of a rainy period during the 
monitoring. Typically in the area, the period from October until February is 
characterised by larger rainfall compared with that of the other months. The period 
from March until June is drier. During the monitoring, which took place during the 
wet season, October was significantly wetter than average and was the wetter month 
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Figure V-7. Mean groundwater fluctuations at B114 (grey dots) obtained by a three-
step moving averaging [Serfes, 1991], and rainfall (black line) for period: 14/08/2002-
01/01/2003. 
The aquifer is not exposed to any direct human impacts (such as nearby 
groundwater extraction, stream-flow diversions, municipal and irrigation return. 
flows, retention structures, etc.). Atmospheric precipitation is expected to provide 
most of the groundwater recharge. Therefore, patterns remaining in the averaged 
WTF are mainly related to the groundwater recharge/discharge. In this case, the rate 
of recharge to the groundwater (and consequently filtered water level time series) • 
essentially depends on the amount of rainfall available over the different seasons, as 
well as changes in soil conditions over time (e.g., moisture content). 
Comparison of cumulative rainfall data with BH4 filtered WTF shown in 
Figure V-7 suggests that BH4 water level rise and fall are associated with wet and 
dry periods observed during the monitoring period. The groundwater table seems to 
respond very quickly to changes in precipitation. To further examine the aquifer 
response to rainfalls, a cross-correlation analysis was performed between averaged 
BH4 head data and cumulated rainfall time series [Sophocleous, 1991; Moon et al, 
2004] for the period of 15/08-3 1/12/2003. Cross-correlation coefficients and 
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Figure V-8. BH4 head data (filtered) and cumulative rainfall time series cross-
correlation coefficients versus corresponding time-lag. 
Analysis resUlts indicate a strong positive cross-correlation between BH4. 
WTF (filtered) and cumulative rainfall fluctuations. Highest coefficients (0.82) 
correspond to a time lag of 1 to 3 days between the two data sets, indicating that the 
groundwater table was very responsive to changes in rainfalls with very short-time 
delay. 
Based on the calculated cross-correlation coefficients, rainfall variations 
would explain 80% of groundwater fluctuations at BH4, and the percolation time. 
would be of 1 to 3 days. The general lack of compaction in the waste layer was 
noticed during the drilling (large concrete and building refuse leaving large voids). 
Also the water table (as well as the unconfined aquifer) is shallow. Therefore, a rapid 
response of the water table to rainfall is expected. 
To estimate the recharge, a modified version of the original water table 
fluctuation method by Meinzer [1923] was applied to BH4 time series. The modified-
method [Moon et al., 2004] assumes that rises in groundwater levels for unconfined 
aquifers are solely due to recharge water arriving at the water table. Water level 
changes are compared with cumulative precipitation. The recharge ratio of 
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groundwater is calculated as the ratio of the rise in groundwater level to the 
cumulative rainfall during the rainy period. The recharge ratio R is calculated using: 
V h 
y 	p 
R=S L. 	 (7) 
where S, is the specific yield; Y, h is the cumulative water table rise over the period; 
and E P is the corresponding cumulative precipitation. 
In general, the water table fluctuation method can be applied to estimate 
recharge in areas where the water table shows a quick response to rainfall variations 
[Healy et al, 2002]. It is the case for the present site as shown above (visually from 
the graphs.and from the time lag calculation). 
Considering the soil heterogeneity, S, was estimated to range between 0.10 
(fine sand minimum value) and 0.35 (coarse sand maximum value), based on values 
found in the literature for marine and river alluvium sand [Johnson, 19671. In any 
case, the aquifer is mainly composed of medium sand which indicates that recharge 
from precipitation should pass easily from the surface to the zone of saturation [Holt, 
1965]. 
The recharge ratio was evaluated using the water table fluctuation method for 
the wetter days of the monitoring period, from day 64 to day 91 (Figure V-7). Based 
on equation (7), estimated recharge to the aquifer ranges between 3.2 and 11.3% of 
the rainfall over the selected period, with an average value of 7.25% for average S, 
of 0.225.. As calculations are based on a wet period, the method usually provides the 
maximum estimates for the recharge to the aquifer [Moon et al. 2004]. In the present 
case, slightly higher rainfall was observed in March, November and December, and 
lower in May, June and September. Similar repartition of rainfall was observed for 
previous years, and this seasonality would impact the recharge to the aquifer. Despite 
the existence of seasonality in the rainfall, a straight line could be fitted to monthly 
ráinfalls during the monitoring year (Figure V-9), and estimation of yearly recharge 
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Figure V-9. Cumulative rainfall (mm) in 2002 at Prestwick Airport, and best fit curve. 
Using 11.3% of the total amount of rainfall (130 mm) for the period of 19 
days, we obtained 282 mm/y as an average estimate for recharge rate. This is a 
reasonable estimate given the present site settings and comparable with values found 
in the literature. However recharge does not depend only on rainfall. Other factors 
such as runoff and evaporation could play a major role in recharge to the 
groundwater, as mentioned previously. At the site, no surface runoff was observed 
during the monitoring period. Evaporation depends on air temperature and wind 
conditions. Outside temperatures at the site are moderate all year round, ranging 
from 1.5 to 18 C. Yet, due to its location, the site is often battered by strong wind, 
which could play a role in rainfall loss to evaporation. 
Recharge rate is expected to vary spatially across the site as the infiltration 
rate, depending on soil physical and structural properties (waste layer thickness, 
compaction and composition), is expected to vary greatly given the heterogeneous 
nature of the waste material. The presented study was solely based on BH4, and a 
study on several boreholes across the site would be necessary to provide with a more 
representative averaged recharge value. 
Summary 
The hydraulic head measurements illustrate, the aquifer's dependence on 
recharge associated with rainfall, with a great sensibility of the water table 
fluctuations to rainfall variations. This can be explained by the shallow depth at. 
which the water table is found, a highly permeable vadose zone due to the lack of 
compaction in the waste layer, and the sandy nature of the soils. Implications are: 
. possible variations 	in groundwater chemistry, in particular contaminant 
concentrations, following rainfall variations, as it is usually observed in similar 
responsive environments; 
.. efficient and rapid leaching of the contaminants from the waste layer subsequent 
to higher rainfall; this could be accentuated due to the shallowness of the ground 
water table. 
Quantitatively, due to the abundance of rainfall, a limited surface runoff, and 
to the properties of the waste layers, the recharge rate should be quite high. The 
estimated rate of 282 mm/y is reasonable compared to values found in the literature 
for similar environments and settings. However, the study presented here was limited 
to one location; and heterogeneity in the waste layer would create major changes in 
groundwater response to rainfall. In addition, specific yield was estimated and not 
determined experimentally. Determination of field conditions should be performed 
for accurate estimation of the recharge at the site. Ideally, the results from cross-
correlation and the water table fluctuation method analyses would need to be tested 
against direct field measurements. In absence of such verification, these results 
should be considered as indications rather than definitive findings. 
V. 2.2. Groundwater flow 
In order to investigate flow patterns, a network of monitoring boreholes 
equipped with pressure transducers was set up to collect water table fluctuations 
across the site. A transducer was installed at the edge of the permanent estuary 
channel, and another one on the beach between the low and high tide mark in a hand. 
dug well. 
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V. 2.2.1. Groundwater flow path 
Flow direction and magnitude, as well as water table fluctuations were 
interpolated from water head data collected in the field and vector plots of flow 
hydraulic gradient/velocity? were obtained. The area was set up as a grid. For each 
cell of the grid, head gradient direction and magnitude were calculated using a 
MATLAB routine (included in the accompanying CD-ROM) that computes gradients 
through finite differences from an array of head data. Between each point of the grid, 
linear interpolation is applied and it is assumed that the groundwater head varies 
linearly between the data. 
For each point of the grid, the flow vector is represented by an arrow on a 
vector plot. A filled contour plot of the water table elevation was superimposed to the 
flow vector plQt. The density of the grid was adapted for the best visual• 
representation. 
The flow direction is of particular interest to the MLS monitoring transect 
and the network of piezometers was chosen to cover well this area. In that way, the 
interpolated flow field in the transect is considered to be reasonably accurate. On the 
edges, the interpolated method is not so accurate due the lack of data for these areas. 
South of the MLS transect, the interpolated flow field exhibits some unusual patterns 
most likely due to the lack of monitoring boreholes at the south-east corner of the 
landfill. 
- 	Assumptions of the interpolated data 
The !inear  interpolation method assumes the ground water heads vary linearly 
between grid points. This assumption and accuracy of the snapshots of groundwater 
flow should be reasonable inland where the tidal influence is small and in the MLS 
transect due to the increased number of boreholes around this area. Along the MLS 
transect, the interpolated flow field based on the assumption of linear head gradient 
variations can be considered to be accurate. -. 
[.11:] 
Closer to the shore, there is a decoupling of the groundwater and surface 
water flow (due to the separation of the groundwater exit point from the shoreline 
and the formation of a seepage face) and a water table overheight [Nielsen et al., 
1988]. Due to these complications in flow patterns, the linear assumption on which 
the interpolation method is based could be invalidated in this area, and may not 
provide an accurate representation of the flow field. The sampling of the head data. 
between MLS03 (the shoreward boundary of the MLS transect) and the shore was 
not dense enough to capture the features of these non-linear effects, and the 
interpolated data in this area was ignored. However, MLS03 is located far enough 
from the estuary shore for the method to be reasonably applicable for the purpose of 
qualitative representation in the MLS transect, from MLSO1 to MLS03. 
Description of the flow field 
Figure V-10 shows interpolated flow field and water table height for typical 
low and high tide stages. Arrows represent the flow vectors, and colours show the 
water table levels across the site. Circles indicate piezometers' locations. The MLS 
borehole positions are represented by dots. The MLS transect location is also 
indicated. The x and y axis represent the site reference grid in meters. 
The interpolated flow vectors in the MLS monitoring transect are generall)i 
perpendicular to the riverbank and are directed towards the estuary. The flow path 
shows little variation over the tidal period. The lateral flow pattern in the 
groundwater depends on the distribution of the freshwater head at the inland 
boundary and the water head in the estuary. The limited lateral variation observed in 
the flow path suggests that the water level at the inland boundary and in the estuary 
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Figure V-JO. Vector plot of head gradients and filled contour plot of water table 
elevation around the monitoring transect for high and low tide stages (plan view, x 
and y axis in m). The vectors show the head gradients for each cell. 
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At the high tide, the water table rises in the aquifer due to tidal forcing from 
the estuary. This is mostly seen at the shoreward boundary of the MIS transect. 
Between ebb and flood situations, there are large differences in flow 
magnitude (represented by the arrows size) and direction (represented by the arrows 
direction), as well as water table fluctuations (represented by the change in colour) in 
the aquifer between MLS02 and MLS03: 
• at the low tide, the water table falls and the flow vectors magnitude is 
higher towards the estuary, indicating a possible flushing effect due to the 
water table draw-down; 
at the high tide, water table rises and the flow vector magnitudes are 
reduced; a close look at the interpolated data indicates flow reversal in the 
groundwater near the estuary boundary of the MIS transect, but this 
could be an artefactlexaggeration of the interpolation method. 
Inland, there is little change in the interpolated flow fields or water table 
elevations between the two situations, indicating more steady, low energy conditions 
in the inland area. 
V. 2.2.2. Calculation of hydraulic gradient 
Although there are complexities in the variations of water levels in the 
aquifer, values of horizontal hydraulic gradient can be estimated with sufficient 
precision for the determination of average flow velocities across the site. With the 
site settings, the minimum gradient will most likely occur when the tide is at its 
highest water level (flood), and the maximum gradient will be found when the tide is 
at its lowest (ebb). 
Average, minimum and maximum hydraulic gradients were calculated from 
the head data time series for different periods and different locations (Table V.1). As 
the data are water table elevations, only depth-averaged horizontal hydraulic gradient• 
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over the depth can be determined. For the hydraulic gradient between ALO1 and 
SW2, the distance was calculated using the coordinates of the perpendicular 
projection of SW2's position onto transect I-I. 
Table V.1. Hydraulic gradient values across the site. 
Boreholes Period Average Minimum Maximum Maximum 
value Value value daily variation 
AL03-AL02 6 to 27/3/2002 0.0062 -0.0150 0.0086 0.0075 
ALO1-BH4 6 to 27/3/2002 0.0052 0.0027 0.0061 0.0030 
ALO1-BH4 20/6 to 18/7/2002 0.0053 0.0022 0.0062 0.0034 
ALO1-SW2 20/6 to 18/7/2002 0.0028 0.0013 0.0035 0.0019 
ALO1-BH4 19/12/2002 to 0.0050 -0.0010 0.0065 0.0062 
22/01/2003 
The results indicate that the hydraulic gradient in the groundwater is subject 
to spatial and short and long-term temporal variations.. The average value is a 
fUnction of the distance from the shoreline, and the direction and magnitude vary 
daily following the rapid fluctuations of the water table induced by the tide. 
The gradients are maximal near the shore in the region of tidal influence due 
to the proximity of the driving head (estuary). The maximum daily variations are, 
significant, indicating some rapid changes in the hydrodynamic conditions. This is in 
agreement with field findings by Lapointe et al. [1990], who demonstrated that rates 
of shallow coastal groundwater flow increased by approximately three times during 
ebbing tides as compared to the rates during flooding tides. The negative gradients • 
indicate a possible reverse flow during the high tide conditions, as indicated 
previously in the flow vector plot. For all locations, the highest daily fluctuations 
were found during spring tides, whereas the smallest fluctuations occurred during. 
neap tides. 
Inland, the average gradient value is considerably less than the average value 
near the shore (0.0028 for ALO1-SW2 cmpared with 0.0062 for AL03-AL02). 
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Similarly, the maximum daily variation of the gradient inland is small: 0.0019 
compared with 0.0075 near the shore. 
The average values of hydraulic gradient between AL01 and BH4 for March, 
June-July and December-January periods do not differ significantly. Differences 
between these periods lie in their minimum and maximum values: the winter season 
presents a larger range of values, with maximum daily variations twice those of the 
spring and summer season. During the winter months, the system was more dynamic 
with greater daily variations in flow conditions and possibly reverse flow. Increased 
rainfall, higher water heads and frequent passage of coastal storms were responsible 
for more extreme hydrodynamic conditions during the winter months monitored 
during the period of study. 
Based on calculated hydraulic gradients, the average velocities can be 
estimated. Using an average value of 10 m/d for the hydraulic conductivity (based on 
laboratory determination), the magnitude of the average velocity is estimated to be' 
9.9 mly for the inland areas (ALO I -SW2) and 21 m/y for areas closer to the estuary 
(AL03-AL02). These values are significantly more than the estimations obtained 
from previous investigations at the site [Babtie reports, 1998, unpublished]., 
However, velocities will vary greatly with the tides and seasons. The lack of precise 
dates and times for the velocities found in previous reports do not allow further 
discussion on the observed differences between these values and those obtained in 
the present study. 
In summary, it can be said that clear different hydrodynamic conditions exist 
between the landward and the shoreward parts of the aquifer, with the shoreward part 
presenting fast changing conditions on the scale of a semi-diurnal tidal cycle. During 
the monitoring period, the winter months were characterised by a more dynamic 
environment, although the average flow velocity varied little between summer and 
winter situations. A longer-term study of flow patterns would be needed to resolve 
the inter-annual variability and to characterise with more certainty the seasonality of 
the hydrodynamic conditions in the aquifer. 
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V. 2.2.3. Point dilution test 
A single-borehole or point dilution test [Kearl et al., 19881 was performed by 
Lancaster University in collaboration with Edinburgh University. The test was set up 
in borehole AL02 located 25 in from the high tide mark in the estuary. The test was 
carried out between the 16/04 and 20/042004. 
Objectives of the dilution test were: 
• to obtain depth-specific flow velocity values in the field for verification 
of values obtained from the head data analysis and modelling; and 
• to investigate the effect of the tides on the flow patterns inferred from the 
conservative tracer dilution in the borehole. 
A detailed description of the method can be found in Appendix A. 11. In brief, 
a string of closely-spaced electrodes was inserted into the borehole after a saline 
tracer solution of known conductivity (higher than the host groundwater) was 
injected into the bore. The concentration of the tracer was monitored by logging 
depth-specific EC values until initial background values were recovered. The water. 
table depth at the start of the test was 2.2 in Below Ground Level at MLSOI (m BGL 
MLSOI). The shallower electrode was located at a depth of 3.5 in and the deepest 
one at 12.5 m. 
In parallel, a pressure transducer attached to the array of electrodes logged 
water head levels during the period of the dilution test to allow cross-interpretation 
between the tracer decay pattern and the tidal loading in the aquifer. As the system is 
the most dynamic when the tidal range is at the maximum, the test was run during a 
spring tide to maximise the chance of capturing any possible tidal effect on the tracer 
decay. . 
Tracer decay and validity of the test 
Figure V-li shows the tracer decay over time for the first two days of the 




16/04 16/04 17/04 17/04 
12:00 18:00 00:00 06:00 
constant throughout the test. It is believed the electrode was located in the borehole 
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Figure V-I I. Pore water EC measurements versus time at different depths of AL02 
during the dilution test between 16/04 12:00 and 18/04 18:00. 
At shallow locations, the tracer signal decay was observed from the 
beginning of the test; this was not observed for deeper locations (from -8.4 m 
downwards) where the EC values continued to rise after the beginning of the test, 
with the decay of the tracer starting later than that for shallower levels. The initial 
rise in EC values for the deep locations can be appreciated on Figure V-I 1. This is 
interpreted as an artefact of the test set-up: as the string of electrodes was inserted 
into the borehole after the tracer injection, some of the tracer was forced down into 
the borehole, creating an apparent rise in the tracer concentration after the EC 
logging had started. 
To eliminate this artefact of the test set-up, only the recession parts of the EC 
data are used to obtain depth-specific horizontal flow velocities. Based on mass 
balance, the following relationship can be derived for quantifying the decay of tracer 
concentration [Kearl et al., 1988]: 
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( C c.0)=-4v 
 ,rd 	 (8) 
where C1 is the concentration at time t and depth i, C1,0 is the initial. 
concentration and v is the apparent flow velocity at depth i, and d is the well 
diameter. Thus, in a point-dilution test, the velocity v* of any given depth in the well 
will be directly proportional to the slope of a linear plot of -ln(C,/C,,o) versus time. 
In borehole AL02, the upper section from ground level to -4.5 m is non-
slotted, as it is situated in the landfill layer and this was a requirement to avoid 
preferential input of contaminant. The two shallower electrodes did not record a 
normal decay of the tracer, since there would be no flow through that section. In 
addition, the slower decay would be due to the fact that the dilution mostly happened 
via vertical mixing and not via horizontal flow. In that case, the dilution test cannot 
be used at these depths for velocity determination. The time series of electrodes 
located above the slotted section were therefore disregarded for velocity 
determination, as the results are an artefact due to the special well completion. 
A second point to note on Figure V-li is the apparent 'kinks' in the tracer 
decay for a number of depths from 17/04 onwards. These irregularities in the tracer 
decay are more easily seen in Figure V-I 2, in which they are shown by an arrow for 
series at -3.4 m and -6.4 m. The EC values did not follow a simple exponential 
decay; instead they showed some peaks and drops. The periodicity of these patterns 
close to 12 hours suggests a link with the tidal cycle. The peaks and drops are 
particularly accentuated for the time series recorded at -3.4 m and -4.4 m, these 
depths correspond to the non-slotted section of the borehole casing. The tracer 
dilution would be limited and essentially through vertical mixing, increased by the 
rise and fall of the water table under the tidal influence. This is however not the case 
for the other time series for which the electrodes were located in the slotted section, 
and advective-dispersive processes would be the main cause of mixing and dilution. 
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Figure v-I 2. Pore water EC measurements versus time at different depths of AL02 
during the dilution test. Small temporal window between 17/04 00:00 and 18/04 18:00 
is shown. 
The main conditions that can affect the results of dilution test are vertical 
borehole currents and induced vertical mixing [HaIl, 19941. In both cases, the 
linearity of -ln(C/Co) versus time is compromised. If the patterns observed in the 
presented decay curves are due to vertical flow, it could invalidate the use of the 
dilution test for the estimation of the velocities (as the test design is based on 
assumption of no vertical flow). However in the present case, a straight line can be 
fitted with great accuracy (r2 > 0.95) to the recession curves during a part of the test 
(Figure V-14). Further, the development of linear plots as the test proceeds provides 
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Figure V-13. Relative decay of tracer concentration versus time at different depths of 
AL02 during the dilution test between 16/04 and 20/04. 
Figure V-13 shows plots of In[C1ICo] versus time for the different logged 
series. Similarly to Figure v-Il, peaks and drops are clearly seen in the decay curves 
down to -8.4 m. Deeper, the decay curves are linear during the period of the test. The 
tracer decay rates for all depths are rather similar, as indicated by the general slope of 
the curve for each time series. The rapid increase characterising the end of each 
recession curve indicates that the pore water EC decreases rapidly to the background 
value, showing that the saline tracer has been transported away from the borehole. 
Depth-specific velocities 
For the determination of the velocities, a line is best fitted to the sliaight-line 
part of the transformed recession curve obtained for each depth, best-fit line from 
which the slope was determined. 
Figure V-14 shows the model fit to the time series at the depth of 5.4 m, and 
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Figure V-14. Relative decay of pore water EC at depth 5.4 m of AL02 (black line), 
and best straight-line fit (black dots). 
Using equation (8), with a well casing diameter of 0.05 m, the calculated 
apparent velocity at -5.4 m is 0.086 mId. However, in order to determine the 'true' 
Darcy velocity, the influence of the presence of the well (effect that arises from the 
well construction) on flow lines must be accounted for [Kearl et al., 1988]. The 'true' 
velocity is often less than the apparent velocity, as converging flow around the 
borehole will increase the dilution of the tracer, and is divided by the flow distortion 
factor to obtain the true velocities. Based on the site settings and values found in the 
literature, a value of 2 was chosen for the correction factor, giving a true velocity of 
0.043 m/d at 5.4 m deep. The calculated 'true' Darcy velocities for other depths are 
presented in Table V.2. 












No major trends in the velocity values are observed over the whole depth. 
The values, ranging between 0.029 and 0.044 rn/day and with an average value of 
0.036 rn/day, vary little. A slightly decreasing trend with depth is observed from -8.4 
m downward. 
The average velocities previously estimated from the head data analysis 
ranged between 0.027 m/d for the inland areas and 0.057 m/d nearer to the shore. 
This is in good agreement with values obtained here from the dilution test at AL02. 
In terms of dissolved species advective transport, a conservative species would travel. 
the distance between MLSO1 and MLS03 in nearly 6 years (5.8 years or 2126 days) 
considering an average velocity of 0.042 m/d. 
Effect of tidal loading on tracer 
The fluctuations observed in the pore water EC time series (Figure V-12) and 
in the tracer decay curves (Figure V-13) present an elapsed time of approximately 12 
hours between two consecutive peaks or drops. The periodicity of the variationS 
suggests a connection between the observed patterns and semi-diurnal tidal 
cyclelloading. Figure V-15 present the groundwater fluctuations recorded at AL02 
during the dilution experiment, together with the tracer decay curve recorded at 5.4 
m depth. The recession curve is used as the peaks and drops on it are more 
accentuated than those on the EC plot. Changes in the decay rate indicated by 
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changes in the slope of the decay curve are investigated in relation to the tidal 
loading. 
Time (h) 
Figure V-15. Tracer decay curve at 5.4 in depth (black line) and water head 
fluctuations (grey dots) for AL02 during the dilution test. 
In Figure V-15, peaks on the tracer decay curve (indicated by the arrows) 
coincide with the rapid fall of the water table when the estuary water rapidly receded, 
whereas drops are observed during rising water table as the estuary got flooded. The 
observed peaks on the tracer decay curves indicate that the local tracer decay rate is 
larger than the average decay rate (as determined using best model fit to the curve 
shown in Figure V-14), whereas the falls indicate a lower decay rate of the tracer. 
These observations suggest that the ebb tide in the estuary coincides with increased 
decay rate of the tracer at AL02, whereas the flood tide corresponds to a decay rate 
lower than the average value. 
The mechanism underlying the observed patterns is likely to be due to the tidally 
driven changes in the groundwater flow conditions: during the drainage as the tide 
recedes, the groundwater velocities are much greater and the tracer dilution would 
increase, resulting in an increased decay rate. When the water table rises, the 
velocities are significantly reduced, resulting in a decrease in the tracer decay, as 
81 
shown by the nearly zero slope of the tracer concentration curve at this time. A 
reverse flow could also occur, as between 18/04 12:00 and 19/04 12:00 during the 
spring high tide, and would create a bi-directional movement of the tracer, increasing 
the mixing. The more significant effect on the tracer decay at the spring tide can be 
appreciated in Figure V-13. 
These results are in agreement with previous findings by Dillon et al. [1999] 
who observed similar stepwise patterns in the decay of tracer in the coastal 
groundwater beneath the Florida Keys (Florida, USA) during several field tracer 
experiments. The authors attributed these patterns to the back and forth movement of 
the tracer plume, due to the variations of the groundwater hydraulic gradient over the 
semi-diurnal tidal cycle. 
In another study by Paul et al. [1995, 1997], oscillating transport of a viral 
tracer induced by the tide, or so called "tidal pumping ", has been observed. The viral 
tracers were injected in groundwater wells in Key Largo (Florida, USA), and were 
detected in the open water on the falling tides, confirming previous findings of "tidal 
pumping" by Shinn et al. [1994], Lapointe et al. [1990] and Lapointe and Matzie 
[1997]. Near-shore wells were observed to discharge water during falling tides and 
draw water into the wells during rising tides. This tidal pumping was identified as a 
likely mechanism for mixing and transferring nutrient-rich groundwater into nearby 
surface waters. 
In conclusion, the stepwise progression observed in the tracer decay can be 
interpreted as a changing decay rate due to variations in the hydraulic gradient• 
induced by the tide. Despite the damping of the tidal signal, the estuarine tides affect 
the transport of dissolved species well inland from the main zone of influence of the 
tidal loading, which is typically beneath the beach. It is expected that the effect 
observed here is due in part to the site settings, the nature of the soil and the mild 
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Phase of rises and falls observed in tracer decay 
We have established the relationship between tide-induced groundwater flow 
variations and variations in the tracer decay rate. The rising and falling signals 
observed on the decay curves at different depths are not strictly in phase. Similar 
inconsistencies in peaks and drops were also observed by Dillon et al. [1999] during 
several field experiments. In their study, it was even found that peaks in tracer 
concentration were either phased (peak at high tide) or de-phased (peak at low tide) 
with water table fluctuations depending on the tidal stage at the time of the tracer 
injection. In addition, the authors noticed that the sloshing movement of the water 
table created a more dispersed tracer plume. In our experiment, the majority of falls 
were observed during rising water table, whereas the peaks corresponded to dropping 







Figure V-16. Tracer decay curves and water head fluctuations (grey dots) for AL02 
during the dilution test. 
In the test set-up, the insertion of the electrode string after the tracer injection 
created rising concentrations at depth, as described previously and shown in Figure 
V-Il. As a consequence, the "true" decay of the tracer did not start at the same time 
for all depths, as discussed previously. It can be clearly seen in Figure V-I 1 that 
whereas at 5.4 m depth, the pore water EC started to decline at 12:00 on 16/05, the 
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drop in EC value only started from 18:00 on 16/04 at 9.4 in depth. Thus, the decay 
for deeper locations seemed delayed with a rise in EC values occurring later than 
those for the shallower levels (Figure V-li). The apparent de-phasing in peaks and 
drops of the decay curves could be linked to this delayed arrival of the tracer at 
different depths. The observed lag between the peaks and drops at different depths 
could be an artefact of the test set-up, consistent with previous findings by Dillon et 
al. [1999]. This delayed decay commencement did not affect the values obtained for 
velocity however as only recession curves were used for the calculations. 
Significance of the tidal pumping on the flushing of the tracer 
The findings of tide-induced variations in the tracer decay have significant 
implications for the mode of transport of dissolved species in the aquifer. Clearly, the 
results suggest a close relationship between tidal loading and transport of dissolved 
species in the aquifer near the estuary, and we can expect to observe similar 
fluctuations in the transport of other dissolved species such as the metal 
contaminants. However the quantitative implications of the observed patterns in terni 
of flushing and transport of dissolved species in comparison with continuous flow 
conditions have not been established. 
Velocities presented in Table V.2 determined from the slope of the best line 
fit represent average values over the period of the dilution test. However, over the 
tidal cycle there were considerable variations in flow velocities as suggested by 
previous findings. Estimates of minimum and maximum velocities can be calculated 
for each depth, based on the slope of the observed peaks and drops. Calculations are 
performed for the time series at 5.4 in depth based on the rise and fall observed 
between t = 1550 and 2000 mm (Figure V-14). Using the slope of the rising section 
of the decay curve, occurring for a period of 50 min between t = 1550 min and t = 
1627 mm, the maximum velocity of 0.188 rn/day is calculated. Similarly, based on 
the slope of the falling section, the minimum velocity of 0.020 m/d is calculated. The 
average value calculated based on best fit was 0.043 mId. The maximum velocity 
applied to only a short period during the water table steeply dropped (50 min in the 
present case) whereas the minimum velocity corresponded to the lengthy time 
interval between low tide and high tide (6.5 hours in the present case). This 
asymmetrical behaviour is in accordance with the asymmetry of the water table 
fluctuations as described in previous sections. The calculated maximum velocity is 
more than 4 times the average velocity. 
Over this particular semi-diurnal tidal cycle, the groundwater environment at 
5.4 in depth was more dynamic condition (increased advection and probably 
dispersion too) for nearly an hour. Due to the changes in the hydraulic gradient, the 
transport of the tracer would be limited during the flood tide and accelerated during 
the first hour of ebb, creating a tidally-driven pumping action, or tidal pumping. 
Based on the data set, it is difficult to assess the effectiveness of the observed 
tidal pumping in affecting the transport/dilution the tracer/dissolved species 
compared with the situation of continuous flows. However, a rapid decline of pore 
water EC was observed (Figure v-i 2) due to the rapid fall of the water table when 
the estuarine tide ebbs. Although after this rapid drop in EC values a decay rate 
similar to that prior to the drop was recovered, the pore water EC was lower than 
what would have been without the stepwise progression. These observations would 
suggest that more tracer mass was flushed during this period, and that the flushing 
and mass transport of the tracer due to advective-dispersive flow towards the estuary 
would be more efficient than if no tidal flushing was present. This point would 
however need further analytical investigations beyond the reach of the present study. 
The present set of data does not allow us to evaluate whether vertical flow is 
significant at the site. However the fact that a straight line can be fitted to the 
recession curve suggests that the vertical flow component would not be significant. 
And the tidally induced water table fluctuations and changes in hydraulic gradients 
would explain most of the observed patterns. 
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V. 2.2.4. Flow simulations 
Model set-up 
A model was set up using MODFLOW [McDonald and Harbaugh, 19881 to 
simulate the groundwater flow in transect I-I between AL01 and BH4. The model 
grid is composed of 35 columns (70 m in total) and 16 layers (16 m). The values of 
hydraulic conductivity K determined experimentally were used to define layers of 
different hydraulic properties for the model. The lower part of the aquifer is 
composed of fine marine alluvium sand with a low K value, whereas coarser river 
alluvium sand and gravel compose the top layers with higher K values. At the base 
the boulder clay layer represents a no flow boundary (impermeable layer). 
Due to the lack of information about the vertical flow conditions in the 
aquifer, it was assumed that heads at the boundaries are constant over the depth, 
which may not be the case. The collection of depth-specific head data was not 
possible as nested piezometers were not available at the site, and therefore this 
assumption cannot be verified. It was also assumed that each layer of the aquifer was 
homogeneous horizontally. Other assumption is that the aquitard was considered flat 
and horizontal. 
Density and viscosity of the contaminant plume were not significantly 
different from that of the uncontaminated water in the area (data not presented). In 
addition, it will be shown in a later section that the salinity of the groundwater at the 
bottom of the aquifer in the MLS cross section is limited. Thus, the density effects, 
were not considered in the simulations. It will be seen below that in the case of a 
regional model including the estuarine section, the density effects however have to 
be included, considering the large difference in density between fresh groundwater 
and estuarine water. 
Simulated flow 
Field head data were used for the time-varying head boundaries ALOI and. 
BH4. Steady state simulations were first run using the mean water heads of AL01 
and BH4 time series. Then, transient simulations were run for several tidal cycles 
imposing time-varying heads (field data) for BH4 and ALOI. Recharge of 2 mmld 
was applied to the top grid layer for the duration of the simulation. Modelled velocity 
vectors for typical high and low tide situations are presented in Figure V-17. 
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Figure V- I 7. Simulated flow velocity vectors (MODLFOW) in the monitoring cross-
section 1-I between ALOI and BH4, based on field water table fluctuation data at the 
two boreholes. 
Along the transect, the horizontal flow velocities are lowest near the flow 
divide at ALOI, as indicated by the size of the arrows, but then increase toward the 
estuary-end of the profile. The velocities extracted from the simulation results were 
in the same range as those of velocities obtained from the dilution test in AL02 and 
head data analysis. In the upper part, the velocities are larger due to the higher 
hydraulic conductivities of the soil compared with those for the deeper sections. 
Over a tidal cycle, the changes in modelled velocity flow fields are 
significant. The maximum velocity values occur on the ebb tide due to the rapid 
draw-down of the water table near the shore. In all parts of the aquifer, flow is 
towards the estuary. During the flood tide, the tidal loading from the estuary led to a 
reverse flow in the most estuary-ward section of the transect, resulting in a 
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convergence zone between BH4 and ALO1. However this effect could be 
exaggerated due to the model set-up and the proximity of the boundary BH4 where 
conditions are imposed. In inland areas, the intra-tidal variations in the flow fields 
(both quantitatively and qualitatively) are not significant compared with areas near 
the estuary. 
The flow is considered to be predominantly horizontal in all sections, but the 
vertical component may not be negligible in particular near the shore where WTF are 
significant: In the simulations, maximum vertical velocities are observed during the 
ebb tide near BH4. Inland, modelled velocities are mainly horizontal although a 
limited vertical component is also evident, which could still be significant for the 
transport of the dissolved species in the monitoring transect. For example, we 
calculated that an arbitrary vertical component of 0.0005 rn/day and a horizontal 
component of 0.042 rn/day (average value obtained with the dilution test) would 
allow the advective transport of a conservative species from surficial depths at ALOI. 
to the bottom of the transect at BH4. Because the horizontal flow components are 
overall small, the vertical flow components are comparatively significant in terms of 
dissolved species transport. 
The results from the simulation suggest that rapid changes in flow conditions 
exist near the shore. This could have a major impact on the migration of the 
contaminant, in particular the shape of the plume, the residence time of 
contaminants, and the flux of contaminant towards the estuary as well as the 
contaminant exit location on the beach. 
V. 2.3. Integrated regional, cross-sectional flow simulations 
In the previous sections, it was shown that close interactions exist between 
the estuary and groundwater system. The flow simulations in transect I-I presented 
previously did not take into account the estuary system nor the density dependence as 
they were focussed on the inland part of the aquifer where the contaminant source is 
found and density dependence insignificant. 
In the following chapters, estuary water intrusion issues and transport of 
contaminant from the groundwater to the estuary will be investigated. Numerical 
simulation offers a vehicle for integrating many complex processes controlling the 
estuary-groundwater hydro-geological system. It is therefore beneficial to develop a 
model including both offshore and inland areas of transect I-I. A regional scale flow 
model was set-up to later investigate these key issues, and is here presented. 
V. 2.3.1. Model set-up 
After assembling the information gathered on the flow of the aquifer and its 
interaction with the estuary, a model was set up to simulate water table fluctuations 
in transect I-I with ALOI as the inland boundary and the location of the Mid-estuary 
piezometer as the off-shore boundary. 
A model capable of multi-species transport with density-dependent flow is 
required to simulate the tidal influence on groundwater hydrodynamics, salt-water. 
intrusion and chemical transport. The simulations were performed with SEAWAT2K 
[Langevin et al., 2003]. It couples MODFLOW2K and MT3DMS, taking into 
account the density effect on groundwater flow. A major difficulty for flow 
simulations in a dynamic coastal environment is the continuous change in saturation 
of the soil beneath the beach and of the groundwater aquifer due to tidal fluctuations. 
The chosen model is capable of simulating such drying/wetting cycles. The 
governing equations and model details can be found in Mao et al. [2005]. 
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Figure V-18. Zone classification and grid division for the simulated area. 1) Free 
surface water/atmosphere. 2) River alluvium sand. 3) Marine alluvium sand. 4) Waste 
layer. 5) Windblown sand. 6) Clay lens. 7) Boulder clay (aquitard). 
Based on the field spatial and geological settings, a numerical model was 
established with 60 columns each 5 m long and 40 layers each 0.5 in thick. Figure 
V-18 displays the model set up. The section was divided into zones of different 
hydrogeological properties, based on the experimental data. To preserve acceptable 
computational costs, the domain discretisation (grid sizes) was relatively coarse in 
particularly in the cross-shore direction. 
V. 2.3.2. Simulated flow field 
Using SEAWAT2K, density-dependent flow was simulated in transect I-I. 
The simulated groundwater table fluctuations in boreholes Beach and BH4 were 
compared with the monitored data [Mao et al., 2005]. The results demonstrate that 
the model predictions and observations are in reasonably good agreement. The 
simulation depicts the asymmetric patterns of sharp rise and slow decline in the water 
table fluctuations. However, the simulated water level at the Beach borehole is 
overall lower than the observed water level, possibly due to the absence of recharge 
in the simulations. The peaks are more pronounced in the monitored data than in the 
simulation. Possible reasons for this have been discussed by Mao et al. [2005]: "(i) 
incomplete knowledge of the hydrogeological properties and their variations within 
the aquifer, (ii) coarseness of the grid used in the simulation (height 0.5 m and length 
5 m for each cell), which aimed to keep the simulation times and computer memory 
needs to acceptable levels at the cost of loss of detail of the mildly sloping beach and 
(iii) modelling of the tidal flow above the beach using the device of a very permeable 
aquifer layer." Discrepancies between the simulated heads and the field data can be 
due to the lack of knowledge of aquifer parameters. For example, hydraulic 
conductivities were available for selected samples only. But K can be particularly 
variable, as it has been shown by Baird et al. [19981, even over very short distances 
and for samples in the same geological unit. In addition, no data were available for 
beach soil characteristics. Because of the hydrodynamic condition of the beach 
compared with the aquifer compartment, it is likely that K values for the beach will 
differ from that of the aquifer, even for the same given geological strata. 
Despite the differences between simulation results and field data, the model 
depicts well the main features of the flow. Figure V-19 shows the aquifer flow lines 
for typical high and low tide stages. In the area near ALO 1, the groundwater flow was 
toward the estuary for both stages, with little variation following the tide. The 
presence of the clay lens in the model creates a zone of low flow, as seen in the area 
between 200 and 230 m from the Mid-estuary piezometer, and between -5 and 0 m 
AMSL. 
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Figure V-19. Flow field and flow lines from simulation of the Ardeer site for typical 
high tide and low tide situation, adapted from Mao et al. [2005]. The contours 
represent the flow lines. 
Between ALO1 and BH4, significant variations in flow conditions are 
observed, in particular for the vertical flow component. In contrast to the. 
MODFLOW simulations between ALOI and BH4, the present regional model does 
not predict reverse flow in the aquifer inland from the beach zone. It is likely that the 
regional simulations, though based on a coarser grid, provide more realistic results 
than the previous MODFLOW simulations betweeri ALO1 and BH4, due to the 
inclusion of the estuary boundary. 
Towards the estuary beneath the beach, the hydrodynamic conditions are. 
more complex. During the flood tide, the estuarine groundwater flow (near the Mid-
estuary piezometer) is toward the inland area. At the same time, the inland fresh 
groundwater flow is still moving estuary-wards. As a result, a flow convergence zone 
forms in the aquifer. As the tide recedes, both the estuarine and fresh ground water 
flow towards the estuary. An unusual anti-clockwise circulation zone can be 
observed under the mildly sloping beach at the low tide. The free water above the 
beach area retreats more rapidly than in other areas, inducing upward flow of the 
groundwater there. This feature disappears gradually as the tide rises and the 
convergence zone forms. These unusual flow patterns given by the simulations have 
not been reported in any other published work, and require verification and further 
numerical investigation (not the focus of the present study). 
Overall the present model simulates well the flow patterns in the aquifer and 
estuary, and will be used at later stages to investigate the estuarine water intrusion 
and dissolved species transport in the aquifer. 
V.3. Spectral analysis of tidal groundwater table fluctuations 
V. 3.1. Objectives and method 
The analysis of the head data presented so far have clearly shown that the 
groundwater system is affected by the tidal loading imposed by the estuary. In terms 
of investigating the system dynamics and contaminant transport, it is essential to 
understand quantitatively the impact of the tidal loading on the water table and to 
determine accurately the zone of influence of the tidal loading. In a later stage of the 
study, this information will be essential for understanding of contaminant migration in 
the aquifer. For this, a spectral analysis of the head data was performed. and is here 
presented. 
Hence, the main objective of the spectral analysis is to evaluate qualitatively 
and quantitatively the impact of tidal loading from the estuary on the groundwater 
system. Other points to address are the signal propagation inland along the transect I-
I and the along-shore variability in the groundwater response to the tidal loading. 
The Fast Fourier Transform technique (FF1') is a standard method by which 
every periodic signal can be efficiently decomposed into a series of harmonic 
functions. A common use of the Fourier transforms is to determine the frequency 
components of a complex signal. Applied to WTF in coastal groundwater 
environments, FFT analysis provides identification of the frequencies, amplitudes and 
phase of main harmonics in the groundwater table fluctuations. Spectra of the water 
head data can be computed, revealing the mode and extent of the decay of the diurnal 
and semi-diurnal oscillations. 
The method employed is based on Trefry et al. [2004], which is a modified 
version of that developed by Bendat and Piersol [1980]. From the FF1' results, the 
amplitude damping rate and the rate of phase shift of the water table fluctuations 
between the estuary (driving head) and the groundwater in transect I-I were estimated 
fOr the main frequencies. This provides information on the landward propagation and 
decay of the tidal signal within the aquifer. The along-shore, variability of the aquifer 
properties in the area will be examined by comparing signal propagation at B114 and 
ALO2. 
For BH4, AL02 and Mid-estuary data, long-term time series were available 
from August 2002 to January 2003, providing 3866 hourly data. Due to the logger 
failure, the Mid-estuary data needed to be interpolated in order to get a continuous 
data-set necessary for the FFF analysis. Details of the analytical method used (data 
fitting) can be found in Mao et al. [2005]. To validate the use of the interpolated data 
for further analyses, FF1' was performed on both interpolated data for the estuary and 
the real estuary data for a selected period. The period was 5.33 days (512 hourly data. 
points) from 5/01 to 11/012003. The FFF results show that no significant difference 
exists between the estuary and repaired estuary data sets in terms of frequency and 
amplitude (difference < 0.01%), based on theprincipal tidal frequencies. Since the 
signal is periodic and only the main frequencies (diurnal and/or semi-diurnal) will be 
used to estimate the phase lag and signal damping, it was concluded that the 
interpolated data for the estuary could be used for the FF1' analysis over a longer 
period. For ALO1, only shorter time series were available due to technical failures of 
the data logger. 
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V. 3.2. Principal modes 
Fourier analysis was performed on the head data using a standard FFF. To 
aècount for the finite number of input data, a Hanning window of 1024 points (full 
cosine tapering) was applied [Bendat and Piersol, 1980]. All the data sets were 
standardised to an hour sampling interval for the long-period time series, and 15 mm 
sampling interval for the short time series. 
As required by the Nyquist sampling theorem [Nyquist, 1928], which states 
that the period of data collection must be twice the signal period, the short time series 
are suitable only for determining diurnal and semi-diurnal tidal periods of interest. 
The long time series are adequate for investigation of the spring-neap harmonics 
(period of 14.2 d). The Nyquist condition also states that the shortest period that can 
be resolved by the analysis with sufficient accuracy is twice the sampling period, 
which is I h (frequency 24 cycles/d) for the present time series. 
The amplitude calculations incorporated the correction for spectral leakage by 
integrating the spectral power of the broadened peak to determine the total peak 
amplitude [Trefry et at., 2004]. Table V.3 and Table V.4 summarise the results from 
the analyses on the long and short time series, respectively. 
Table V.3. Amplitude and phase for the main modes for the long time series. 
Amplitude 
x=Om x=200m x=225m 
W (in d) F (in d') Mode Mid-estuary 	AL02 BH4 
14.225 0.070 Mf 0.0655 0.0739 0.0690 
1.0802 0.926 0 1 0.0829 0.0141 0.0140 
0.992 1.008 K 1 0.0788 0.0146 0.0155 
0.527 1.898 N2 0.1860 0.0193 0.0184 
0.5 17 1.933 M2 1.0400 0.0725 0.0758 
0.499 2.004 S2 0.3330 0.0405 0.0401 
Phase (rad) 
x=Om x=200m x=225m 
W (in d) F (in d') Mode Mid-estuary 	AL02 BH4 
14.225 0.070 Mf 0.19 0.64 0.39 
1.080 0.926 01 2.64 1.57 1.43 
0.992 1.008 K 1 1.75 0.34 0.42 
0.527 1.898 N2 2.12 1.45 1.30 
0.517 1.933 M2 2.60 2.01 1.99 
0.499 2.004 S 2 3.48 2.68 2.75 
Table V.4. Amplitude and phase for the main modes for the short time series. 
Amplitude 
x=Om x=225m x=305m 
W (in d) F (in d') Mode Mid-estuary BH4 ALOI 
1.080 0.926 01 0.2122 0.0483 0.0085 
0.517 1.933 M2 1.1122 0.1151 0.0179 
0.499 2.004 S2 0.2958 0.0395 0.0065 
Phase (rad) 
x=Om x=225m x=305m 
W (in d) F (in d') Mode Mid-estuary BH4 ALOI 
1.080 0.926 01 0.72 -0.22 -0.60 
0.517 1.933 M2 7.24 6.67 6.21 
0.499 2.004 S2 4.43 3.81 3.44 
The results indicate that for the short time series, principal semi-diurnal 
frequencies M2 (F = 1.94 d') and S2 (F = 2.00 d') dominate the signal in the estuary, 
whereas M2 and diurnal O (F = 0.93 d') are the main components in the 
groundwater. The analysis on the long time series reveals that S2 and M2 remain the 
dominant modes in the estuary, whereas M 2 and spring-neap harmonic Mf (F = 0.067. 
d') are the main frequencies in the groundwater. These results are consistent with 
analytical findings of Jacob [1950] and Ferris [1951] that in the aquifer, lower 
frequencies are conducted more readily than higher frequencies: the aquifer acts as a 
low-pass filter [Emery and Gale, 1951]. This illustrates the non-linear filtering effect 
of the sloping beach on the frequencies [Lanyon et al., 1982; Nielsen et al., 1990]. 
The difference in mode dominance for the groundwater (between the short. 
and long time series) is due to the fact that the length of the short time series is less 
than twice the period of the spring neap water table (SNWT) fluctuations (Mf) and 
thus cannot capture it [Nyquist, 1928]. The SNWT fluctuation is depicted in the 
long-term series where it becomes the main frequency (in terms of amplitude). The 
SNWT fluctuation propagates further inland than semi-diurnal and diurnal tidal 
oscillations, as seen elsewhere [Raunbenheimer et al., 1999; Li et al., 2000]. 
V. 3.3. Propagation of the signal inland (in transect I-I) 
For all modes, the amplitude values for inland boreholes are small. For 
example, the amplitude of mode M2 at BH4 is only 10% of the driving head's 
amplitude (estuary), meaning 90% of the signal has been damped as the tidal wave 
propagates between the beach and BH4 located only 50 in inland from the estuary 
bank. This result suggests that the signal gets significantly damped as it propagates in 
the aquifer. At AL01 (inland boundary of transect I-i), the effect of tidal loading is 
negligible, with only 2% of the initial driving head's amplitude remaining. 
Based on the short time series (Mid-estuary, BH4 and AL01), signal 
propagation along the monitoring transect I-I is investigated. As seen in Table V.4, 
phases for the three main harmonics, decreasing with the distance from the estuary 
bank, show a delay in the aquifer's response to tidal loading. Amplitudes for all 
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Figure V-20. Amplitude and phase for tidal constituent M2 (A), S2 (*) and O (0), for 
Mid-estuary (x = 0), BH4 (x = 225 m) and ALO! (x = 325 m) head data, based on the 
short time series. 
Plots of angular phases versus distance and amplitude versus distance for the 
principal frequencies are presented in Figure V-20. For all diurnal and semi-diurnal 
hannonics, the amplitude is damped exponentially with distance from the estuary, 
whereas the phase decreases linearly. This is predicted by simple analytical solutions 
Kfl 
for tide-induced groundwater head fluctuations, for example [Jacob, 1950; Ferris, 
1951]: 
h(x,t) = A 0exp(— kx)cos((ot - kx), 	 (9) 
where A0 and w are the tidal amplitude and frequency, respectively; k is the 
rate of amplitude damping and phase shift. The solution is an approximation to water 
table fluctuations of an unconfined aquifer if the range of fluctuation is small in 
comparison to the saturated aquifer thickness (small amplitude assumption) [Todd, 
1980; Parlange, 1984; Erskine, 1991], which is the case with the present aquifer. 
The attenuation factor for the m th harmonic can be calculated at each location 
x according to the ratio of the following equation: 
a mx  = in I Am0  
m,x) 
where A m ,O and A, are the amplitudes for harmonic m for the driving head 
and for a borehole located x meters from it, respectively. The amplitude decay rate ic j . 





The phase lag At 	between signals of the driving head and different 
locations inland can be calculated as: 
øm,x = øm,0 - øm,x  
where 0,0 and <P x, are the angular phases for harmonic m at the driving 
head location and x distance landward of it, respectively. k1 , the rate of increase in 
phase lag, is estimated according to: 
k =- 	 (13) 
Results of k,. and k, for principal modes of the short time series are presented 
in Table V.5. 
NX 
Table V.5. Amplitude attenuation factor and decay rate, and phase lag and rate of 
phase shift for main harmonics, based on the short time series. 
Attenuation factor kr 
a 
W (in d) F (in d') mode B114 	ALOI BH4 ALOI 
1.080 0.926 0 1 1.4808 	3.2136 0.00658 0.01054 
0.517 1.933 M2 2.2679 	4.1273 0.01008 0.01353 
0.499 2.004 S2 2.0138 	3.8157 0.00895 0.01251 
Phase lag CD ki 
period 
W (in d) F (in d') Mode BH4 ALOI BH4 ALOI 
1.080 0.926 0 1 0.15 0.21 0.00422 0.00433 
0.517 1.933 M2 0.09 0.16 0.00254 0.00336 
0.499 2.004 S2 0.10 0.16 0.00279 0.00327 
The results show a rapid amplitude decrease inland for all modes and 
locations. The attenuation factors are considerable for all modes, indicating the 
damping of the tidal wave as it propagates inland is significant, even near the shore. 
The mildly-sloping beach acts as an efficient filter of the tidal frequencies. 
The dominant frequency M2 presents the highest amplitude damping and 
amplitude decay rate. At ALO 1, differences in decay rate between modes are less 
significant than at BH4. On the other hand, phase lag between signals of the driving 
head (estuary) and inland boreholes is small for all frequencies (Table V.5), ranging 
between 0.09 and 0.21 Radians, indicating that the signal propagates rapidly inland 
and the aquifer soils are rather conductive [Nielsen, 1990]. 
Calculations show that the amplitude decay rate differs significantly from the 
rate of increase in phase lag, with kr> k. In other words, the amplitude is rapidly 
damped as the signal propagates inland whereas the phase lag increase is more 
limited. This is in contrast to the condition of kr = k1 predicted by the simple one-
dimensional, shallow, capillarity-free analytical solution. The results obtained here 
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suggest that the Boussinesq equation is not applicable to the site. This is in 
agreement with results found by others in the field [Nielsen, 1990; Raunbenheimer et 
al., 1999; Cartwright et al., 2003, 2004b; Trefry and Bekele, 2004] and in well 
controlled laboratory experiments [Nielsen et at., 1997; Cartwright et al., 2004a]. 
The existence of non-negligible vertical flow, capillarity effects and aquifer 
heterogeneity was cited as possible explanations for the inequality. In the present 
case, the non-applicability of the simple theory is likely due to the very mild sloping 
beach which will induce significant vertical flow beneath the beach. In addition, the 
existence of horizontal layering in the aquifer could also be a major factor causing. 
discrepancy between theoretical and experimental results [Trefry and Bekele, 2004]. 
Clearly at the site, the conditions needed for the correct and accurate 
application of the Boussinesq equation are not met. We suspect this is the case for 
many real case situations, where configurations similar to the Ardeer site are often 
observed (e.g. extensive mildly sloping beach). This is a serious issue, as until the 
groundwater flux from estuarine aquifers is accurately predicted, the estimation and. 
predictions of land-derived contaminant flux relying on these predictions will be 
erroneous. This has been the motivation for many researchers to develop analytical 
solutions for complex aquifer configurations [e.g. Nielsen, 1990; Barry et al., 1996; 
Jiao and Tang, 1999; Li et al., 1997, 2000a-c; Cheng and Ouazar, 2003; Su et al.; 
2003; Teo et al., 2003; Jeng et al., 2005]. Yet, for the case of a mildly sloping beach, 
there is no analytical approach available at the time of the present research. 
V. 3.4. Along-shore variability 
Analyses of signal propagation at BH4 and AL02 allow investigation of the 
along-shore variations in aquifer response to tidal forcing. The amplitude and phase 
for diurnal or semi-diurnal harmonics at BH4 and AL02 were presented in Table V.3, 
and showed similar behaviour to that described above for the short time series. Phase 
lag, amplitude attenuation, and k1 and kr calculations are presented in Table V.6. 
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Table V.6. Amplitude attenuation factor and damping rate, and phase lag and increase 
rate for principal modes N2, M2 and S2, for the long time series. 
Attenuation factor 	 kr 
A 
W(ind) F(ind') Mode AL02 BH4 AL02BH4 
0.527 1.898 N2 2.2656 2.3134 0.01162 0.01028 
0.517 1.933 M2 2.6634 2.6189 0.01366 0.01164 
0.499 2.004 S2 2.1068 2.1168 0.01080 0.00941 
Phase lag (I) k 
Period 
W (in d) F (in d') Mode AL02 BH4 AL02 BH4 
0.527 1.898 N2 0.11 0.13 0.00346 0.00367 
0.517 1.933 M2 0.10 0.10 0.00304 0.00273 
0.499 2.004 S2 0.13 0.12 0.00408 0.00323 
BH4 and AL02 are located 70 m apart in the along-shore direction 
(respectively 225 m and 200 m from the estuary high tide mark). At these two 
locations, the phase lags and attenuation factors do not differ significantly, 
suggesting that the along-shore variability of the aquifer properties is not significant 
between BH4 and AL02 where MLS02 and MLS03 are located. Consequently, the 
flow patterns observed at BH4 and in transect I-I can be extrapolated to the MLS. 
transect for the study of contaminant transport in a later stage. 
Also, the SNW1' fluctuations were analysed and results and analysis can be 
found in the accompanying CD-ROM. The results were coherent with other works on 
similar topics [Raubenheimer et al., 1999; Li et al., 2000], and an analytical solution 
could be developed to successfully reproduce the data [Jeng et al., 2005]. The 
publication is also included in the CD-ROM. 
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V.4. Sununary and implications 
V. 4.1. Groundwater flow and tidal forcing 
The major points drawn from this chapter on the groundwater flow and tidal 
loading are summarised below. 
Hydrological investigation of the unconfined, shallow estuarine aquifer illustrates 
that the groundwater system is very responsive to changes in recharge via 
rainfall, which controls the long-term seasonality of the water table fluctuations. 
The groundwater system is clearly influenced by tidal forcing from the estuary. 
Daily WTF range between 20 and 50 cm at the estuary-ward boundary. The 
signal is skewed and gets rapidly damped as it propagates in the aquifer. Far 
inland, the tidal signal is almost insignificant, with negligible impact on WTF. 
The presence of the mildly sloping beach has major implications for the WTF, in 
particular the study shows that current analytical models for groundwater flow 
cannot be applied to the present geometry of the site. 
1 Near the shore, rapid and significant changes in hydraulic gradients are induced 
by the tidal loading, possibly causing reverse and vertical flows during certain 
tidal stages; however this could not be proved with the present data set. These 
tide induced changes in groundwater flow conditions would impact the transport 
of dissolved species near the shore, as indicated by the results from the tracer 
experiment. 
4 Inland hydraulic gradients are limited in value and range, indicating a low energy 
environment. Flow and transport would be essentially controlled by the local 
upland hydraulic gradient driven by rainfall seasonality. More extreme 
hydrodynamic conditions would exist during the winter months due to large 
rainfalls and the passage of storms. 
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V. 4.2. Implications for contaminant transport 
The various analyses conducted suggest that different hydrodynamic 
conditions exist between the landward and the shoreward parts of the aquifer. This 
has implications for the contaminant transport in the groundwater and will be useful 
for the later interpretation of the temporal variations in geochemical patterns. 
Inland, the transport of contaminants will likely be mainly influenced by 
seasonal variations in the groundwater recharge associated with rainfall. On a short 
time scale, given the absence of tidal influence, no effect is expected on the transport 
of contaminant. 
The situation is different near the shore, where the oscillating movements of 
the groundwater and associated changes in flow conditions impacted the tracer 
dilution, and could also affect the mass transport of dissolved contaminants. In 
addition, the geochemical reactions between the soil and the passing acidic 
groundwater will often be rate-limited (kinetic reactions), such as dissolution 
reactions [Stumm and Morgan, 1996]. Increased mixing and dispersion over the 
course of a tidal cycle could be significant for reactions where the limiting step is the 
transport of reactants to the reaction site, or transport of reaction products away froth 
the reaction site. This would have major consequences on the chemical distributions 
of the groundwater. Of course at the field site, following the results from this chapter, 
this would be limited to areas near the shore as inland hydrodynamic conditions vary 
little in relation to tidal influence. 
These aspects will be investigated and further discussed in a later chapter 




CHAPTER VI FRESH WATER-SALINE WATER INTERFACE 
ALONG THE MLS TRANSECT 
Given the settings at the study site, it is expected that the estuarine water 
would have intruded the groundwater aquifer at some point. The estuary-ward 
boundary of the MLS monitoring transect is located only 20 m from the high tide 
mark in the estuary, hence it was expected to detect a part of the diffusion zone 
between estuarine water and fresh groundwater. In particular the mild sloping beach 
would favour the saline intrusion in the aquifer [Ataie-Ashtiani et al., 1999]. 
If there was saline groundwater in the aquifer, interaction between this saline 
water and the acidic leachate plume could affect the fate of the contaminants, as 
discussed in CHAPTER H. Hence, before the geochemistry of the contaminant 
plume was investigated, the detailed study of its spatial and temporal characteristics 
was required, and is presented here. 
The main objectives of this chapter are: 
• to investigate the presence of saline water in the aquifer by cross 
interpretation of geochemical data obtained using different methods; 
• to assess the actual and potential direct physical interactions between. 
saline groundwater and contaminants in the cross section. 
In addition, attempts are made to investigate the history of this deep saline 
groundwater, although this was not a prime objective. 
106 
VI. 1. Estuarine chemistry and salinity patterns 
Estuarine water collected at high tide in the study area and seawater collected• 
near the mouth of River Gamock show similar chemical compositions (Figure VI- 1 















Ca 	K 	Mg 	Na 	Cl 
Figure VI-1. Average seawater and estuary water compositions at the site for the main 
ions. Data shown represent the mean of several data sets. 
The concentrations in the major ions Ca, K, Mg, Na and Cl indicate that the 
chemical composition of the estuary water is largely influenced by the seawater, with• 
a typical correlation coefficient r2 = 0.99 between estuarine and sea water 
concentrations. An average dilution factor of 0.70 (averaged on all concentrations) 
was calculated between seawater and estuary water at the time of sampling. The 
fraction of seawater in the estuarine water is bound to vary with tides and seasonally 
due to varying river discharge (and groundwater seepage). 
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Table VI. I. Typical concentrations (mmolll) and molar ratios for seawater and estuary 
water (high tide). Typical %RSD based on triplicates was less than 5%. 
Estuary (ebb) 	Estuary (flood) 	Seawater 
Cl 166.02 430.54 609.84 
Na 142.7 371.63 525.67 
Mg 15.5 40.04 56.01 
K 2.25 6.91 9.86 
Ca 3.13 7.56 11.10 
Na/Cl 0.86 0.86 0.86 
Mg/Cl 0.09 0.09 0.09 
K/Cl 0.01 0.02 0.02 
(Ca+Mg)/Cl 0.11 0.11 0.11 
Ca/Cl 0.02 0.02 0.02 
Ca/Mg 0.20 0.19 0.20 
Table VI.1 presents average molar ratios of Na/Cl, Ca/Cl, Mg/Cl and Ca/Mg 
for estuary water and seawater, and indicates that the concentrations of Na, Mg, K. 
and Ca in the estuary are directly proportional to Cl concentration. Na/Cl molar 
ratios for estuarine and coastal water samples are consistent with the typical 
worldwide value of 0.86. Typical values of pH and electrical conductivity (EC) in the 
nearby coastal waters are 8.23 and 48 mS/cm respectively, whereas for the estuarine 
water, the values are around 8.05 and 36.1 mS/cm. The metal cations Cr, Cd, Cu, Ni, 
Zn and Pb were not detected in any of the estuarine water and seawater samples. This 
is in accordance with monitoring by the Scottish Environmental Protection Agency. 
(SEPA) which did not show any sign of contamination in the estuarine and coastal 
water near the Ardeer site. However, records indicate major past contamination of 
the estuary due to release of contaminant effluents on the estuarine shore [Miller et 
al., 1993], with estuary water pH as low as 1.5 and associated high concentrations of 
heavy metals. Acidic effluent release to the estuary ceased in 1978. 
Salinity patterns 
The degree of mixing and stratification (layering of water of different 
salinities) in estuaries depend on the height of the tidal wave, the depth of the river 
BW 
channel and the river freshwater discharge [Pickard, 1975]. Various forms of density 
gradients can be found in estuaries depending on these factors. 
Here the possible effect of river freshwater discharge on salinity patterns near 
the study site is investigated. Figure VI-2 presents a 20-year record of daily mean 
flow of the River Garnock upstream of the study site. The river experiences 
numerous short-term and long-term seasonal variations in discharge. The main 
period of low mean flow is found in May and June, whereas October and November 
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Figure VI-2. Hydrograph for the River Garnock station, from 1978 to 2001. The 
station is located 1 km upstream of the study area. The grey shadings represent the all 
data set and the black line the averaged hydrograph over the monitoring period. 
(source: SEPA) 
Intensive monitoring surveys were carried out by SEPA between 1975 and 
1987 to assess the estuary recovery subsequent to the cessation of effluent discharge. 
Salinity measurements were performed in several transects across the estuary, 
including one 20 m downstream of transect I-I. 
Table VI.2 presents salinity measurements for this particular transect over 
tidal cycles under high and low river discharge conditions. For surface water, 
iD 
sampling was performed in the middle of the river channel at different depths, 
providing information on vertical mixing in the estuary. In the transect across the 
estuary, four different locations were monitored: (1) near the high tide mark on the 
estuary bank, (2) half way from the high tide mark and the middle channel, (3) the 
middle channel, and (4) on the other side of the middle channel. 
Table VI.2. Salinity in the Garnock River 20 m downstream from monitoring transect 
I-I. For surface water, sampling depths are expressed in m below free water surface; 
for pore water, depths are in m below riverbed. (unpublished data, source: SEPA) 
Date Water Sample location 
and type 







7/10/1975 Middle channel: 
• Surface HT 0.0 23.3 
Surface HT 1.5 30.9 
Surface LT 0.0 1.1 
28/6/1982 Transect: 
pore LT 0.3 15.1 
pore LT 0.3 17.2 
• surface w. (middle channel) LT 0.0 15.1 
pore w. LT 	. 0.3 23.3 
6/7/1982 Transect: 
surface HT 0.0 30.8 
surface HT 0.0 31.1 
surface (middle channel) HT 0.0 31.3 
surface HT 0.0 28.3 
29/10/1985 Middle channel: 
Surface HT 0.0 24.8 
Surface HT 1.5 24.7 
Surface LT 0.0 3.9 
The salinity patterns in the estuarine water vary greatly over the tidal cycle, 
from salinities close to seawater at high tide down to salinities of 1%0 at low tide in 
the middle channel (7/10/1975 sampling). Miller et al. [1993] indicated that the 
Garnock estuary would be completely flushed over each tidal cycle. At low tide, the 
estuary would be totally composed of freshwater. 
110 
Under low river discharge conditions (June-July), higher salinities exist in the 
tidal river. As the freshwater input to the river is reduced, less dilution of seawater 
entering the estuary occurs (on 28/6/1982 and 6/7/1982). 
Salinity values on 29/10/1985 in the middle channel at high tide are similar 
over the depth indicating that the estuary was well mixed. Large variations in salinity 
were observed at different tidal stages, with salinities of 24.8%o and 3.9%o at high and 
low tide respectively. 
Pore water salinity data for the riverbed were available for only one sampling 
date on 28/6/1982 under low tide conditions as presented in Table VI.2. Salinities 
vary between 15.1%o and 23.3%o for all depths and locations. If these data are 
representative of low discharge conditions, it would suggest that beach pore water is• 
saline to a certain degree even at the ebb tide. It is interesting to note that values of 
pore water salinity on the seepage face at location (1) and (2) are similar to surface 
water salinity in the middle channel. Data at different tidal stages and under different 
river flow conditions would be necessary to draw conclusions on the spatial and 
temporal variations of pore water salinities in the riverbed. 
A complex pattern of salinity variations in the estuary exist, driven by tidal 
currents and freshwater discharge. These variations in the estuary are poorly 
constrained by the available data, but it can be assumed that salinity and chemical 
composition of water infiltrating the beach will range between that of the estuary 
water at low tide and high tide. In this study, salinity data for high and low tide as 
listed in Table VI.1 are used to infer the salinity condition at the estuary boundary of 
the aquifer. 
111 
\ 	 \ 
...-. 
- --- - - 	 ------ 
Boulder Clay 
- 40 	 50 	 60 	 70 	 80 
distance from estuary bank (m) 
VI. 2. Investigating the estuarine intrusion in the MLS transect 
VI. 2.1. Pore water EC 
Pore water EC values were collected in the MLS transect as a first mean of 
investigation the presence of saline groundwater in the aquifer. A typical cross 
section of the interpolated pore water EC in the monitoring transect, based upon data 
points marked in the profile (MLS ports) are presented in Figure VI-3. 
MLS02 	 MLS01 
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Figure VI-3. Typical pore water EC (mS/cm) in the MLS monitoring transect; cross 
section interpolated (cubic interpolation) from shown data points (MLS ports). The 
bottom of the aquifer, the waste layer and water table are indicated. 
Pore water EC values vary from 0.5 mS/cm for freshwater at the Iandward 
part of the transect (to the right on Figure VI-3) to a maximum of 4.5 mS/cm in the 
deepest part of the profile at the estuary-side. The background fresh groundwater is 
characterised by an EC ranging from 0.5 to 1.5 mS/cm. The features observed at a 















The fresh water originating from the inland part of the section (black zone in 
Figure VI-3) lies between two zones of higher conductivity: 
. From the water table down to -5.5 m, higher EC values are found (2.5-3 mS/cm), 
most likely due to the leaching of contaminants from the overlaying waste 
material; 
At depth, from -7 in at the estuary side of the transect, and -12 in at the inland 
side, EC values range from 3 to 4.5 mS/cm, significantly higher than background 
EC range, but still relatively low. 
This high conductivity zone identified in the deep zones of the aquifer is 
relatively diffuse at the estuary boundary and gets thinner landward, forming a 
narrow zone at MLSO1, on top of the boulder clay forming the bottom of the aquifer. 
This zone could correspond to the transition or diffusion zone between fresh water 
and estuarine water intruding the aquifer. Given the complexity of the site settings . 
and the presence of two zones of high EC values in the groundwater, the acquisition 
of pore water chloride concentration was required to explain the observed EC 
distributions and conclude on the position of the transition zone in the aquifer: 
VI. 2.2. Pore water Cl 
Chloride can be regarded as geochemically inert so its variability should be 
entirely source-related [Edmunds et al., 2000]. Thus, sharp changes in Cl 
concentrations can indicate boundaries between water types, and can indicate for 
example the extent of atmospheric or anthropogenic input, or the presence of 
evaporites. In addition, chloride is a sensitive indicator, especially if the natural 
background concentrations of the regional groundwater are low [Bear et al., 1999]. 
At Ardeer, the background fresh groundwater in the aquifer is characterised by a Cl . 
concentration of 0.8 to I mmolll on average, as identified at the location of ALOI. 
Rainwater collected on-site contains on average 2 mmoLfl Cl, reflecting the 
seaside influence (sea spray). The landfill leachate at MLSOI contains less than 0.7 
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mmolIl Cl. Typical depth profiles of the pore water chloride concentrations in the 












0 5 10 15 20 25 30 35 40 45 
CI (mmol/I) 
Figure VI-4. Pore water chloride concentrations (mmolll) versus depth in the MLS 
monitoring transect on 22/11/02. Depth in m below ground level at MLSO1. 
Cl concentrations increase rapidly with depth following a concave upward 
pattern. EC behaves similarly, suggesting that the high pore water EC values at depth 
correspond to high Cl concentrations. This is supported by the high correlation 
between pore water EC values and Cl concentrations in the deep saline zone, with 1 2 
> 0.90. The changes in water EC in this part of the aquifer would be mainly due to Cl 
ions. This is not the case in the rest of the aquifer where Cl concentrations are low 
and close to the background value. In these areas, EC is influenced by the presence 
of other ions at high concentrations, and EC values were correlated to sulfate 
concentrations. 
MLSO1, MLS02 and MLS03 present rather similar Cl concentration profiles. 
The chloride concentration ranges from 0.7 to 44 mmolll, with the highest and lowest 
values found at MLSO1. Except for the bottom part of the transect (below -12 m), Cl 
concentrations are rather uniform along the MLS transect with values between 1 and 
2 mmolll. The shallow depths above -5.5 m at MLSO1 present Cl concentrations 
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slightly lower than those for similar depth at MLS02 and MLS03 (Figure VI-5), but 
close to the background value as sampled at ALO1 (0.8 to I mmolJl). 
The deep ports of MLS02 and MLS03 sample a transition zone between fresh 
groundwater and underlying saline groundwater. MLS03 concentrations increase 
rapidly from -11.5 m to reach a maximum of 7.5 mmolIl at -12.5 m. At similar 
depths at MLS02, Cl concentrations are low around I mmolll and increase from - 
12.5 m to reach a maximum of 2.5 mmol/l at -13 m. Saline water is found 1 m 
shallower at MLS03 than at MLS02. At MLSO1, transition between fresh and saline 
groundwater is found below 13.5 m depth. 
The shape and location of high EC and high chloride zone at depth (on top of 
the boulder clay and more developed near the shore at MLS03) would be consistent 
with settings typically observed for saline intrusion in coastal aquifers (Figure 111-3). 
However, it is typically expected to find highest Cl concentrations near the shore. In 
the present case, the highest concentrations are found below -14.5 m depth at 
MLSOI, some 100 m away from the estuary high tide mark. This is due to the fact 
MLSOI was completed deeper than the other two MLS boreholes. At -14.5 m, port 
MLSO1-19 samples a deeper zone of the saline groundwater compared with sampling. 
ports MLSO2-15 and MLS03-13 (deepest port of MLS02 and MLS03 for which 
depths of completion are shallower). 
For the purpose of illustration only, the Cl concentrations at MLS02 and 
MLS03 are extrapolated below their deepest ports following similar trend to that 
observed at depth for MLSO1 (Figure VI-5). Based on borehole geological logs 
across the site, the position of the boulder clay layer in the MLS transect was. 
estimated between I and 2 m below MLS02 and MLS03 deepest ports. If the 
chloride results from estuarine water intrusion, the hypothetical concentrations would 
be in accordance with the trend of increase in Cl concentrations with depth typically 
observed in deep mixing zones. In addition, due to the difference in density, it is 
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Figure VI-5. Pore water chloride concentration (mmol/l) versus depth in the MLS 
monitoring transect on 22/11/02. Dots represent the hypothetical values at depth for 
MLS02 and MLS03. Depth is in m below ground level at MLSO1. (deepest port 
MLSO1-20 is not presented, for scaling purpose). 
Despite the fact that the shape and mode of extent of the brackish 
groundwater reinforce the hypothesis that the occurrence of higher Cl concentrations 
is more source-related than due to local processes releasing chlorides, the present 
results only revealed the existence of high Cl water. The origin of the chlorides has 
still to be unravelled and verified. With this objective, additional investigations were 
performed and are presented in the next section. 
VI. 3. Origin of the chlorides 
Although seawater in the ocean and estuaries is the primary source of saline 
water to coastal groundwater systems, a number of other sources exist [Hanor, 1983 
and 1987; Custodio, 1997; Richter et al., 1993], including: 
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• Atmospheric precipitation: airborne salts can be delivered to coastal 
watersheds by precipitation. Chloride concentrations in precipitation, are, 
however, relatively small compared to seawater; 
• Sea-spray accumulation, tides, and storm surges (for low-lying coastal 
areas); 
• Entrapped fossil seawater within unflushed parts of aquifers; 
• Dissolution of evaporitic deposits such as halite, anhydrite, and gypsum 
[Manheim and Horn, 1968; Meisler, 1989]; 
• Pollution from anthropogenic sources (sewage, industrial effluents). 
Given the site settings, additional possible sources for deep saline water could be: 
• Seawater intrusion from the sea-exposed side of the site; 
• Leakage of saline water through the boulder clay from the deep confined 
aquifer. 
The possibility of seawater coming from the sea was considered unlikely 
under the present flow conditions and site settings, given the position of the line of 
zero flux (or water divide) back of ALO1, the large distance from the seashore and 
the relatively limited tidal range. The second possibility based on discontinuity of the 
aquitard at depth allowing leakage of saline water from confined unit to the upper 
aquifer was disregarded. Historic data from BGS [BGS borehole logs, BGS library, 
unpublished] indicate that the boulder clay is thick and rather continuous in the area. 
In addition, the shape, continuity and regularity of the saline zone found at depth 
along the MLS transect do not support this hypothesis. 
The origin of chlorides in the aquifer has to be ascertained. The Br/Cl ratio 
provides a valuable method to determine likely origins and evolution of groundwater, 
and to constrain the interpretation of Cl data [Edmunds et a]., 1996]. 
Bromide and chloride are conservative tracers of natural aqueous 
environments: they do not share in oxidizing and reducing and do not form insoluble 
precipitates. Previous studies on bromides in natural waters have shown that 
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although bromide concentrations are in general very low, the Br/Cl ratio can show 
high values with great variations [Bear et al., 1999]. When the two ions originate 
from seawater for example, the molar ratio Br/Cl is similar to the one found in 
seawater, 0.15 to 0.17 %. For water with high salinity, a low Br/Cl ratio (lower than 
the estuarine water one) can indicate that the source of salinity is rich in chlorides 
and poor in bromides (used water, farming water, etc.). Hence, from Br/Cl ratios, 
possible origins for the salinization can be proposed and verified. 
VI. 3.1. Br/Cl ratios 
VI. 3.1.1. Results 
To confirm the origin of the high EC and Cl water at depth in the aquifer, 
Br/Cl ratios have been determined for MLS, ALOI, estuary and sea waters. Figure 
VI-6 presents molar concentrations of Br versus Cl for MLS groundwater, estuarine 








Figure VI-6. Relationship between chloride and bromide concentration in the aquifer 
and estuary. Solid line represents the local hypothetical line of mixing between fresh 
and estuarine water. (Seawater: 0. Estuary: A. Background freshwater ALOI: •. Deep 
MLS ports:* Other MLS ports: •.) 
118 
Br/Cl ratios of deep groundwater samples (symbol *) follow the line of 
dilution between fresh groundwater and estuary water, i.e., their ratios are similar to 
the values for background fresh, estuarine, and sea waters (Br/Cl ratio between 
00010 and 0.0013). This confirms the marine origin of the Cl ions in the 
groundwater at depth. The saline zone at depth is of mixed origin, with fresh 
groundwater and estuary water as end members. Water from port MLSO1-20 with the 
maximum Cl concentration also follows the line of dilution as shown in Figure VI-6, 
indicating the source of chloride is marine and not from dissolution of minerals or • 
other reactions with the soil particles. 
Most of the other MLS groundwater samples are also plotted on the mixing 
line, located towards the freshwater end, but a group of samples give Br/Cl ratios 
higher than estuarine values (data points above the mixing line in Figure VI-6). 
Figure VI-7 presents bromide concentration and Br/Cl ratios over depths for MLS 
water samples. Relatively high ratios are found between -4 and -5.5 m, and -6.5 and - 
14.5 m at MLSO1, and between -4 and -6 m at MLS03. The reasons for the observed 
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Figure VI-7. Profiles of bromide concentrations and molar Br/Cl ratios in the MLS 
transect. 
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High Br/Cl ratios in the upper part of MLS03 profile from the water table 
down to -6 in correspond to higher Br concentrations. Below, ratios are within the 
range of estuarine values. Similarly, for MLSO1 between -6.5 and -14.5 m, higher 
ratios are associated with higher Br concentrations. In the upper part of MLSO1, 
higher Br/Cl ratios are on the other hand associated with lower Cl concentrations. 
MLS02 Br/Cl ratios are overall close to the typical estuarine ratio, with some. 
minor variations around the marine value below -6.5 m, but there is no marked trend 
throughout the depth as observed for the other MLS boreholes. 
In the middle section of MLSOI and the upper section of MLS03, the higher 
Br/Cl ratios (due to higher Br concentrations) do not necessary mean that the origin 
of the waters differs from the mixture of estuarine water with fresh groundwater, but 
can indicate an external source of Br to the water: 
• The most common anthropogenic source of Br to groundwater is via leaching 
from contaminated soils and waste waters [Edmunds, 1996] containing industrial 
and agricultural practices (pesticides) where bromide is generally enriched 
compared with chloride; 
• A natural cause of Br enrichment in waters is the degradation/oxidation of 
organic matter (OM) which generally contains bromides but no chlorides 
[Rittenhouse, 1967; Gerritse et al., 1988]. 
An obvious candidate for the anthropogenic source of Br at the site is the 
landfill layer. To test if the waste layer could be a significant source of Br, two 
solutions were made by mixing distilled water and waste samples from different top 
layers of MLSO1. The weight ratio of soil to water was 1:5, the reaction time was 24 
hours, and the bottles were occasionally shaking. Chemical analysis of the solutions 
indicated negligible release of Br (with Br concentrations between 0.001 and 0.002 
mmolll). However the wastes are variable in nature and the possibility that waste 
materials could release significant bromide quantities in some other parts of the 
landfill has to be considered. 
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If the landfill were the source of Br to the groundwater, a decrease in Br 
concentration with depth would be expected. It is not the case for MLS0I and 
MLS02 where the Br concentration increases with the depth in a similar manner 
(between -4 and -7 m). On the other hand, the Br concentration at MLS03 decreases 
with depth from -4 m to -7 m, an area with high Br/Cl ratios. Since no high Br 
concentrations were found in the upper profile of MLS02, if the observed high Br 
concentrations at MLS03 were from the landfill then it would have been leached 
from the wastes between MLS02 and MLSO3, and would have then migrated towards 
MLS03, based on the flow path. However, the observed stepwise progression of Br 
over these depths indicate processes other than simple transport are at work. In 
addition, the fact that high Br/Cl ratios are not consistently observed along the flow 
path points to in-situ modifications of Br rather than an external input. 
In light of the present data, it will be considered that the waste layer is not a 
potential source of Br in the monitoring transect. 
The other plausible source of Br to groundwater is the degradation of organic 
matter which typically contains bromide [Gerritse and George, 1988; Edmunds, 
1986]. Inorganic bromide is widely distributed in the environment, typical bromide 
content of British soils normally does not exceed 5 mg/kg bromide ion, although. 
coastal soils may attain levels of 100 mg/kg [FAO, 1983]. 
OM degradation consists of a bio-mediated oxidation reaction coupled with 
the reduction of oxidant species. For example, with sulfates as oxidant, the reaction 
can be written as: 
2CH20 + SO = H2 S + 2HC0 	 (14) 
where CH20 represents organic matter. if the H2S produced by reaction (14) does 
not participate in any reaction (precipitation of iron sulphide minerals), the foul smell 
of this gas would be easily recognised, since its concentration would be elevated 
[Gomis-Yagues et al., 2000]. Other signs of local OM degradation in the aquifer 
would typically be a decrease in oxidants (02, Fe and Mn oxyhydroxides, sulfates), 
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an increase in reduced species (Fe(H) and Mn(fl) in the dissolved phase, H 2S), and 
low content of soil total organic matter (SOM). 
Redox zonation, the segregation of different terminal electron accepting 
processes (TEAPs) during the degradation of organic matter, is usually based on. 
energy yields, from the highest towards the lowest [Stumm and Morgan, 1996]. 
Following the thermodynamics of reactions, 02,  Mn(IV) (Mn-oxyhydroxides), 
nitrates, Fe(IH) (Fe-oxyhydroxides) and sulfates would be successively the 
favourable oxidants (or terminal electron acceptor, TEA) [Stumm and Morgan, 
1996]. 02 availability is limited in the aquifer, and nitrates were not analysed but are 
believed to be in low concentrations based on previous reports [ICI-Nobel enterprise, 
unpublished reports]. This leaves Mn(IV), Fe(ffl), SO4 and possibly nitrate reduction. 
as potential TEAPs. 
In the following section, the possibility of a release of Br associated with 
degradation of SOM is investigated. Further investigation of redox processes and 
redox-dependent species will be presented in CHAPTER VII on the contaminant 
geochemistry. Here, the redox conditions, the concentrations and evolution in TEAs, 
and the SOM availability are explored in order to investigate if Br/Cl deviating from. 
estuarine value at MLSO1 and MLS03 could be explained by. a release of Br during 
the oxidation of SOM. 
MLSO1 
The depth profiles of soil organic carbon at MLS01 and control borehole 
ALOI are presented in Figure 8. Overall, the contents are not negligible, ranging 
from 0.1 to 4% wt. In the upper part of the aquifer, waste horizons are enriched in 
SOM compared with the background values at ALO1. Between -3 and -5 m, SOM 
contents for MLSO1 natural soil are slightly enriched but close to background values 
(0.56% for MLSO1 against 0.23% for AL01). At depth below 8 m, higher SOM for 
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Figure VI-8; Soil organic carbon content (% wt.) versus depth for MLSO1 (black line) 
and control borehole ALO1 (grey dots). 
From -6 m downwards, MLS01 soils are characterised by organic contents 
lower than in surficial layers, and lower than control values for this depth. This area 
corresponds to relatively large Br concentrations and high Br/Cl ratios (Figure VI-7), 
which could have been co-released during the oxidation of soil OM. This area also 
corresponds to rapid changes in redox conditions and chemistry (Figure VI-9), from 
Eh = 400 mV (and presence of dissolved Fe(II)) above -6 m to Eh =100 mV (and 
absence of dissolved Fe(II)) below -6 m. 
It will be shown in CHAPTER VII that in acidic surficial layers of MLS01, 
the pore water approaches an equilibrium state.with iron oxyhydroxide Fe(OH)3 and 
that ferric-ferrous (Fe(III)/Fe(II)) redox couple controls the local redox potential. 
This is typically observed in acid mine drainage (AMD) cases [Nordstrom, 1979; 
Dubrovsky et al., 1984; Sracek et al., 20041 where similar high Fe concentrations and 
acidic conditions are found. Details of calculations and further explanations can be 
found in section VII. 2.4. 
Figure VI-9 presents the main TEAs and Eh evolution at MLSO1. Speciation. 
calculations indicate that dissolved iron is mainly in the form of Fe(II). At the site, 
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sulfate is the main anion with elevated concentrations throughout the cross-section. 
Sulfate reduction can only take place under anoxic conditions [Appelo and Postma, 
1993]. Drever [1998] indicates that the majority of groundwater contains no free, 
oxygen, but still does not reach redox conditions under which sulfate reduction 
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Figure VI-9. Depth profile of pore water Eh (mV), dissolved sulfate, Fe(H) and 
Mn(ll) concentrations (mmolll) at MLSO1. Depth in m below ground level at MLSOI. 
High Br/Cl ratios at MLSO1 are found below -6.5 m down to -14 m depth. At 
these depths, MLSO I sulfate concentrations are less than the concentrations in the. 
shallow areas (Figure VI-9); Fe is not found in the groundwater and Mn is detected 
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oxyhydroxide are over-saturated below -7 m depth (Saturation Index, SI> 0). Eh 
values present a major jump at -6 m. Eh jumps usually correspond to a successive. 
depletion in oxidants, typically transition from one TEAP to another while the redox 
potential is lowered. 
Given the conditions, sulfate reduction is a favourable TEAP for organic 
matter reduction from -7 m depth downward and would take place with OM. 
availability and reactivity as the limiting factors. The smell of rotten egg 
characteristic of H2S noticed during field sampling of MLSOI supports this. 
proposition. The reaction would release OM-bound bromides and explain the 
observed higher Br/Cl ratios. However it has to be noted that the depth profile of 
sulfate concentration would not be the result of OM degradation only. The source of 
sulfates at MLSO1 is from waste leachate; and it is therefore not expected to find 
large sulfate concentration in the middle section of MLSOI. Thus the SO4 
distribution would result from the migration of sulfate-rich acidic leachate 
throughout the aquifer via advective-dispersive transport processes and localised 
sulfate reduction. It also possible that other TEAs that were not examined in the 
study (such as nitrates) are present in the aquifer, and could play a role in the redox 
processes here. 
In the upper part of MLS0I profile above -6 m, Cl concentrations are low, but 
Br concentrations are rather similar to concentrations found around the same depth at 
MLS02 and MLS03. This leads to relatively a high Br/Cl ratio. The precipitation of 
Cl-bearing minerals such as halite for example can lead to relatively low chloride 
concentrations and hence high Br/Cl ratios [Collins, 1975]. However the reaction can 
only take place when Cl is over saturated, which is not the case for the present 
samples. Based on the available geochemical data, no plausible explanations for Cl 
scavenging could be found. The possibility of release of SOM-bound bromides at 
these depths is here investigated. / 
Above -6 m depth at MLSOI, large Fe(ll) concentrations are found in the 
solution. The total soil Fe content is less than the background value (Figure Vll-20), 
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and Fe(ffl)/Fe(H) is the main redox couple, with pore water approaching equilibrium 
with Fe(OH)3 (discussed in section VII. 2.4). Clearly, Fe(ffl) reductive dissolution is 
an important process and the plateau observed in the Eh depth profile between -4 and 
-6 
 
in (Figure VI-9) would result from substantial redox buffering by Fe-
oxyhydroxides, limiting the extent of a more reduced environment. Fe(IH) reduction 
reaction could be coupled with SOM oxidation, following: 
CH 20+7CO 2 +4Fe(OH) 3 =4Fe 2 +8HCO +3H 20 	(15) 
SOM-bound bromides would then be released, resulting in high Br/Cl ratios as 
observed above -6 m. Given the available data, release of Br via SOM degradation is 
the most probable explanation for the high Br/Cl ratios at these depths, and agrees 
well with the distributions of Fe(II) and redox potential. 
MLSO3 
SOM analyses were performed on a limited number of MLS03 soil samples. 
In the upper parts, SOM content is 0.35% wt on average, which is within the range of 
control values at similar depth. The more clayey sample at MLS03-5 presents higher 
SOM (4%wt); however no significantly higher dissolved Br was found at this depth, 
suggesting that SOM oxidation did not occur probably due to low reactivity of the 
organic matter. 
Eh values and concentrations in Fe(II), Fe(ffl), Mn(H) and S(VI) for the areas 
at MLS03 with high Br/Cl ratios (from the water table to -6m) are shown in Table 
VI.3. It will be demonstrated in CHAPTER VII that at MLS03, the couple 
Fe(ffl)IFe(II) controls the redox potential between -7 and -8 in where the pH is 
acidic, and iron reduction is the main redox reaction only at these depths. Elsewhere,. 
other couples would determine the redox potential. The lack of data on dissolved 
species such as nitrate, nitrite, and gases such as 02,  CO2 and HS does not allow 
further investigation on which other processes could affect Eh and prevents further 
attempts to calculate equilibrium Eh values for other redox couples. In that way, the 
field Eh values are not significantly useful for determining the main redox processes. 
However, the redox conditions can still be deduced by studying the geochemistry of 
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dissolved redox-sensitive species (by their presence or absence) and following the 
hierarchy of electron acceptors. 
Table VI.3. pH, Eh (mV), and dissolved concentrations of Fe(H), Fe(ffl), Mn(H) and 
S(VI) (mmolll) for selected depths of MLS03. Speciation for Fe, S and Mn was 
calculated using MINTEQ database. 
Depth 
(mBGLMLSO1) 
-4.3 -4.8 -5.3 -5.8 -6.3 
pH 6.01 6.29 6.59 6.35 6.24 
Eh(mV) 311 152 121 229 238 
Fe(111) 1.946 1.648 1.306 3.089 3.182 
Fe(IH) x 10.2 4.269 0.028 0.025 1.195 0.999 
S(V1) 3.002 3.111 4.257 5.248 6.336 
Mn(ll) 0.014 0.019 0.025 0.034 0.034 
Between -4.3 and -6.3 m, major changes in chemistry and redox conditions 
can be observed: 
• Between -4.3 and -5.3 m, Eh values decrease sharply from 311 to 121 
mY, indicating a general increase of reduced species in solution. Sulfate 
concentrations increase slowly with depth, from 3.0 to 4.2 mmol/l. Mn(ll) 
concentrations rise from 0.014 to 0.025 mmolIl whereas dissolved Fe(H) 
shows a steady decrease from 1.94 to 1.30 mmol/l. Dissolved Fe(Ill) 
decreases from 4.269 x 10 to 0.025 x 10.2  inmolll, and pH values 
increase from c.a. 6.01 to 6.59; 
• Between -5.3 and -6.3 m, Eh values increase from 121 to 238 mV. 
Dissolved Fe(H) increases significantly from 1.30 to 3.18 mmoLIl, 
whereas Fe(IH) first increases from 0.025 x I 02  to 1.195 x 1 .2  mmoWl 
and then decreases slightly to 0.999 x 10.2  mmolll. pH decreases from c.a. 
6.59 to 6.24. Sulfate and Mn(ll) concentrations continue to increase, from 
4.2 to 6.3 mmol/l and from 0.025 to 0.034 mmol/l respectively. 
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Above -5.3 m, the presence of Fe(ll) and Mn(ll) in solution indicates that 
dissolved oxygen is limited or absent. Mn(H) concentration increases with depth 
whereas Fe(H) concentration decreases with depth. This suggests that Mn(fl) may 
have been released by some reduction reactions, whereas Fe(ll) originated from the 
waste layer. Although, the upper section of MLS03 is not affected by the main acidic 
contaminant plume, evidence of (non-acidic) leaching of contaminants could be 
found in the presence of dissolved Cr, Ni and Zn in limited concentrations, which 
supports the hypothesis of an anthropic origin of Fe(ll). The input of contaminants is, 
however, limited and the groundwater conditions may be close to pristine (compared 
with other areas of the MLS transect). Following the typical TEA sequence, Mn-
oxyhydroxide reduction (and possibly nitrate) could be the main TEAP in this part of 
the MLS03 profile. 
Below -5.3 m, the influence of the migrating acidic plume is evident, with 
lower pH and change in redox conditions (higher values) due to the large 
contaminant concentrations found in the plume. The increase in Mn(II) and 
particularly in Fe(ll) in the dissolved phase suggests that Mn and Fe oxyhydroxide 
reduction could be the main TEAPs. Mn(ll) low concentrations throughout the 
profiles indicates that Mn(Ill) reduction would be limited compared with Fe(IlT) 
reduction. 
Over the whole depth, sulfate concentrations do not seem to be affected by 
changes in redox conditions. It is likely that sulfate reduction would be limited • 
despite the large concentrations, in agreement with findings by others [Appelo and 
Postma, 1993; Drever, 1998]. However, the characteristic smell of H 2S was noted 
during several sampling events at MLS03 and would suggest on-going sulfate 
reduction in addition to the main TEAPs. Jakobsen and Postma [1999] stressed the 
importance of redox macro-niches and overlapping of different TEAPs in aquifers. 
In fact, redox zonation and sequences are often complex. In particular, the - 
segregation of TEAPs between Fe(IH) and sulfate reduction is not very well defined 
and less strict than was first suggested. Simultaneous reduction of Fe(IH) and sulfate 
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has been often observed in the field [Boesen and Postma, 1988; Canfield, 1989; 
Jakobsen and Postma, 1994]. Reverse TEAP sequences have also been observed, 
where sulfate reduction occurred before Fe(ffl) reduction [Wersin et al., 1991]. 
Naturally, Fe(Ifl) and sulfate reduction will happen whenever favourable 
thermodynamic conditions exist. Such conditions depend on the reactivity and. 
availability of OM, the pH conditions, and the nature of Fe oxyhydroxides present in 
the soil [Postma and Jakobsen, 1996]. For sulfate concentration above 2 mmolIl, 
sulfate availability is not a limiting parameter to sulfate reduction [Appelo and 
Postma, 1994]. The simultaneous reduction of several species at MLS03 would 
explain why Eh values calculated based solely on Fe(Ill)fFe(II) as the main redox 
couple does not match the Eh values measured in the field (since not only one redox 
reaction would control the redox potential). 
• 	MLSO2 
For MLS02, both high Br concentrations (and high Br/Cl ratios) and low 
sulfate concentrations are observed at specific depths. Some limited pockets of 
sulfate reduction or macro-niches often observed in the field [Jakobsen and Postma, 
1999] could occur below -8 in where lower Eh conditions were favourable for SO4 
reduction. In addition, it will be seen in a later section that the pore water in surficial 
layers of MLS02 reaches equilibrium with a Fe(OH)3 phase. It is likely that sulfate 
reduction would occur together with Fe and Mn oxyhydroxide reduction at these 
depths despite the high Eh values, as explained previously. 
VI. 3.1.2. Summary 
The study of bromide and chloride indicated that the chlorides found at depth 
in the MLS transect are of marine origin, even 100 in from the shore at MLSO1-20. 
Analysis of redox conditions in the aquifer revealed that the high bromide 
concentrations observed in some parts of the transect can be explained by a release of 
OM-bound bromide during the degradation of SOM. 
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Dissolved Fe(H) is produced in significant quantities, and the mineralisation 
of the natural organic matter in the aquifer is probably achieved primarily with Fe-
oxyhydroxides as the main electron acceptor. Mn-oxyhydroxides would participate 
in redox reactions in a more restricted way compared with Fe-oxyhydroxides given 
the limited dissolved Mn concentrations. Sulfate would participate in the SOM 
degradation as successive or simultaneous terminal electron acceptors together with 
Fe-oxyhydroxides. However, sulfate reduction would be prohibited by substantial 
redox buffering by Fe-oxyhydroxides, which limits the extent of a reduced 
environment in the aquifer. 
VI. 3.2. Estuarine water contribution to the saline groundwater 
Once the estuarine/marine origin of the saline groundwater is established, the 
mixing fraction of seawater in the groundwater salinization zone can be evaluated 
based on chloride concentrations following [Appelo and Postma, 1996]: 
,sample - 	CI - ,fresh 
F sea = 
CCI_ ,sea - CCI_fh 	' 	 ( 16)- 
where F sea  is the fraction of saltwater in the mixed water; Ccf,sampie, Ci,sea and  Cc, 
frh are the concentration (mmolll) of chlorides respectively in the sample, the 
seawater and the background freshwater (ALOI with CCf,fh = 0.563 mmolJl), 
respectively. 
In the present case, the saline end member is the estuary, which presents a 
time-varying Cl concentration as discussed in previous sections. To account for this, 
two fractions are calculated, F Jff and FLT, based on average estuary Cl concentration 
for high and low tide, C ci,IIT and C C1.LT respectively. 
The determined fractions of estuarine water in the groundwater can be found 
in Appendix D. 1. For all analysed MLS waters, the values range between 0 and 
26.6%. The proportions of estuarine water are low even at depth near the shore. The 
I 
will  
saline zones detected at the bottoms of the MLSs are probably part of the most inland 
part of the mixing zone between estuarine and fresh groundwater. 
VI. 3.3. Discussion: position of the saline water in the aquifer 
The position of the estuarine water-freshwater interface in the aquifer can be 
calculated based on well-known analytical solutions. The simple Ghyben-Hersberg 
equation states that the thickness of freshwater below the mean sea level is 
proportional to the thickness of fresh water above the mean sea level, and can be 
written as: 
z= Pj  xh 
PsP1 
(17) 
where pf and ps  are the density of the fresh and saline water respectively (with 
average pj  and  ps  of 1 and 1.025 g/cm3 respectively), Z the freshwater thickness 
below the mean sea level, and h the freshwater head above the mean sea level. At 50 
m from the estuary shore, the piezometric head in the aquifer is on average 1.036 m 
AMSL. With these values, equation (17) predicts that the depth of the saline wedge 
in the aquifer would be approximately 40 m. Given that the boulder clay layer lies 
between 12 and 15 m below the mean sea level, the simple Ghyben-Herzberg . 
equation will not predict the detected presence of saline groundwater 50 m inland 
from the estuary. The failure is likely due to the simplifying assumptions that the 
equation relies on, in particular the assumption of a sharp interface between saline 
and fresh water which clearly do not stand in the present field case. Hence the use of 
complex numerical modelling is in general necessary to investigate saline intrusion 
cases. 
The estuarine intrusion in the aquifer was simulated in transect I-I using 
SEAWAT2K [Langevin et al., 20031. Details of model set up were given in 
CHAFFER V, and further information about the underlying theories can be found in 
Mao et al. [2005]. At the start of the simulation, the aquifer was assumed to be filled 
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with fresh groundwater. Then the estuary water intrusion in a mildly sloping beach 
aquifer similar to the site setting was simulated. 
In the first 1719 days of simulation, the model boundary conditions were: 
. A fixed saltwater head at the estuary with the value set to be the average 
of water head data during the monitoring period, 0.515 m; the salinity of 
the estuary was set to be constant at 35 mgll; 
. A constant water head at the landward boundary ALO1 with the value set 
to be the average head data during the monitoring period, 1.98 m; the 
salinity of the fresh groundwater was set to be constant at 0 mgIl. 
After 1719 days, the simulation results indicate that the groundwater flow and 
saltwater intrusion reached a steady state. Subsequently, time-varying head 
boundaries were set-up at ALO1 and estuary, using the observed data from 
19/12/2002 to 29/12/2002. The simulation of density-dependent flow subject to tidal 
fluctuations continued for 10 days; 
Simulation results are presented in Figure VT-i 1 for high tide. Two zones of 
intrusion have formed: a shallow zone and a deep zone. At depth, the saltwater 
wedge near the bottom of the aquifer results from the density difference between salt 
water and fresh water. The upper mixing zone is created by the infiltration of salt 
water through the beach. Both mixing zones are large and clearly the interface 
between fresh and estuary water is not sharp but diffuse. Between the two mixing 
zones, outflow of fresh groundwater prevents further inland progression of the 
intrusion. 
The simulated estuary water intrusion both at depth and near the surface is 
limited horizontally to the aquifer area below the beach. Concerning the upper 
mixing zone, this is in agreement with the field data of this study and others, since 
this mixing zone is typically limited to areas close to the saline end member. 
However, the simulations did not reproduce the saline transition zone observed at 
depth in the MLS transect up to MLSOI. A longer simulation time with the same 
132 
0 
C - 0 
C 
conditions would not result in a significant advancement of the deep saline zone into 
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Figure VI-lO. Simulated estuarine water movement from the estuary to inland areas 
(ALOI), High tide situation (adapted from Mao et al., 2005). 
The precise history and age of the mixing zone at depth were not established 
by the present study (however this was not a prime objective of the study). It is 
possible that the saline water intrusion occurred in the past under different conditions 
from the current ones, as it is often the case in such low-lying coastal areas. Thus 
simulations based on current site settings and flow conditions would not reproduce 
the observed saltwater intrusion in the aquifer. 
In addition, differences between the field and simulation results come from 
the several drawbacks the model set-up suffers. In particular: 
• The coarse model grid used (to reduce computational times) is not 
appropriate for producing data on small scale such as the MLS field data, 
as the depth specific data obtained in the field cannot be accurately 
simulated due to the coarse grid; 
• Aquifer lateral and vertical geological heterogeneity was not included in 
the model set-up, with likely impact on simulation results [Melloul and 
Goldenberg, 1997]; 
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• Settings and salinity patterns in the estuary and riverbed are poorly 
constrained by the data; 
• The off-shore geology of the riverine aquifer was deduced from nearby 
borehole and onshore aquifer geology: the importance of knowing the 
geology and site setting off-shore from the fresh aquifer has been shown 
to be essential for predicting off-shore extend of freshwater lens and 
inland intrusion of saline water [Kooi et al., 2001]. Kooi et a! [2001] 
showed that due to the lack of these data, most models exaggerate the off-
shore extent of the freshwater lens in the riverbed. 
Nevertheless, it was shown in Mao et al. [2005] that the flow field was 
relatively well simulated by the model. Therefore simulated results can be 
qualitatively compared with field results. 
Considering the site settings, some simulations were performed to investigate 
the effect of the beach slope on the intrusion [Mao et al., 2005]. The results of 
simulated saltwater intrusion to the aquifer in transect I-I for the cases of a vertical 
beach (no beach) and a mildly sloping beach are presented in Figure VI-! 1. 
The effect of beach slope on the intrusion is clearly evident. In the mild 
sloping beach case, the intrusion progresses much further inland than in the vertical• 
beach face. This is true for the saltwater wedge at depth as well as the upper mixing 
zone beneath the beach. These results are in agreement with previous findings by 
Ataie-Ashtiani et al. [1999] and have been attributed to: 1) an increased over-height 
in the water table for the sloping beach case compared with the vertical beach face 
case, 2) at high tide, the saline free water can progress further landward and then 
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Figure VI-1 I. Simulated estuarine water movement from the estuary to inland areas 
(ALOI) for a vertical beach case and mild sloping beach case (adapted from Mao et 
al., 2005). 
Considering the effect on the beach slope on the results, differences between 
field and simulated result could also be explained by a simplification of the beach 
and river channel configuration in the model compared to the field situation at the 
site. Further field data and numerical work are required to investigate these issues. 
VI. 4. Chemistry of the saline groundwater 
VI. 4.1. Background 
As it was reviewed in section II. 2.2 (p  17), the cation exchange reactions 




In many cases, seawater intrusion into groundwater produces brackish water 
dominated by Ca instead of Na. In contrast, a refreshening aquifer is characterised by 
Na-rich brackish water. Therefore, the state of saltwater intrusion can be indirectly 
evaluated by investigating the cation distribution of the mixing zone [Bear et al., 
1999]. 
In most cases, ion exchange reactions can explain chemical patterns observed 
in the aquifer's mixing zones, with Na and Ca+Mg balancing each other in the 
exchange processes [Custodio, 1987]. To assess the deviation of the cation 
concentrations from the conservative mixture of saline and freshwater, the expected 
cation concentrations as the result of non-reactive mixing can be estimated as 
[Appelo and Postma, 1994]: 
C mix =F,C I ,,+(1—FjC Sh 	 (18) 
with Ci ,nix the conservative concentration for the species i in the mixture; 
Ci , se,, the concentration of the species i in the saline end member, and Cj,fr e h the 
background concentration, and F is the fraction of saltwater in the mixed water as 
defined previously, if the field data differ from the conservative concentration, 
processes other than simple dilution need to be considered to explain the observed 
chemistry. A lower concentration in a species indicates it is depleted compare to the 
conservative concentration, whereas a higher concentration indicates it is in excess. 
Na, Ca, Mg and K concentrations and distributions in the deep saline 
groundwater are here investigated, in an attempt to determine events that could have 
lead to the occurrence of this saline water in the aquifer. 
VI. 4.2. Field data 
Concentrations of Na, Ca, Mg and K for deep ports in the MLS transect are 
presented in Table VI.4, as well as for estuary water (at high tide) and ALO1 fresh 
groundwater. Concentrations for surficial ports at MLSO1 are also presented for 
comparison. 
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The saline water at depth is characterised by high concentrations of exchange 
cations compared with the rest of the aquifer, except for Ca that is also found in high 
concentrations at shallow depth due to release from landfill and from geochemical 
reactions (discussed in CHAPTER VII). 
Table VI.4. Ca, Mg, K, Na and Cl concentrations (mmolll) in the deep saline 
groundwater, estuary and fresh background water ALO1. 
Ca. 	Mg 	K 	Na 	Cl 
ALO1 	0.09 0.08 0.04 0.69 	0.79 
MLSO1-2 8.48 1.03 0.12 0.46 0.81 
MLSO1-3 7.49 0.66 0.11 0.46 0.72 
MLSO1-5 2.87 4.24 0.24 0.89 0.61 
MLSO1-19 6.32 5.55 0.88 11.05 9.01 
MLSO1-20 1.61 3.50 1.22 37.85 44.5 
MLS02-14 13.72 12.30 0.52 2.946 0.92 
MLS02-15 13.72 15.53 0.61 6.05 2.51 
MLS03-12 9.62 12.38 0.72 3.33 1.49 
MLS03-13 6.90 10.62 0.78 11.41 7.20 
Estuary 7.56 40.04 6.91 371.63 430.53 
At MLSOI, Na dominates the deep water chemistry, with 8.33 and 27.64 
mmolll detected at port 19 and 20 respectively. At MLS02, chemistry is largely 
dominated by both Ca and Mg. At MLS03 closest to the estuary, similar dominance 
of Ca and Mg is observed for port 12, whereas Na and Mg dominate chemistry at 
port 13. 
Ca and Mg concentrations in the estuary are between 3 and '8 mmolll and 12. 
and 38 mmolll respectively, whereas background freshwater exhibits low Ca and Mg 
concentrations of 0.09 and 0.08 mmoIIl respectively. As presented in a previous 
section, the.fraction of estuary water composing the saline groundwater is small for 
all samples (Appendix D. 3). Considering this, the concentrations of cations in the 
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saline groundwater are large, and clearly processes other than simple mixing as 
described by equation (6) are on-going, releasing cations in the solution and creating 
the observed chemistry. 
Plots presented in Figure VI-12 reveal the relationship between the different 
exchange cations for all MLS ports (June 2002). When all the points are considered 
together (black and red symbols on Figure VI-12), a large scatter exists on all plots, 
except for K versus Mg and K versus Ca which shows interesting trends. However, 
when only the data points for deep ports are considered (red cross symbol on Figure 
VI-! 2), linear trends can be seen between each pair of cation concentrations. Mg and• 
Ca concentrations correlate negatively with those of Na and K. On the other end, Mg 
and Ca are positively correlated with each other; and so are Na and K. 
The relationships observed here in the deep areas between the monovalent 
and bivalent exchange cations are typical of cation exchange characterising the 
chemistry of coastal aquifer's mixing zone [Bear et al., 1999 and references therein]: 
Na(K)+ )Ca—X = Na(K)—X+Ca 2 
(19) 
Na(K)+%Mg—X = Na(K)—X+Mg 2 
In addition, the calculation of correlation coefficients for the deep ports 
indicate that Na and K are positively correlated with Cl (r2 = 0.95 and 0.85 
respectively), whereas Mg and Ca are negatively correlated with Cl (r2 = 0.63 and 
0.69 respectively). This suggests that only Na and K may have originated from the 
estuary, and that Ca and Mg come from within the aquifer. 
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Figure VI- 12. Graphs of Ca, Mg and K versus Na, Mg and K versus Ca, and K versus 
Mg pore water concentration (mmol/l) for all MLS ports, June 2002. Red cross 
symbols highlight samples from the deep saline zone (MLS0I-19 and -20, MLS02-14 
and -15, and MLS03-12 and -13), black dots represent all other samples. 
These relationships establish that exchange processes with the soil matrix are likely 
controlling the chemistry of the mixing zone, as it is typically observed [Appelo and 
Geirnart, 1983]. Considering the relationship established between Ca (Mg) and Na, 
the cation distribution in the saline groundwater would be mainly controlled by the 
typical cation exchange reactions. In other parts of the aquifer, cation distribution 
may be controlled by geochemical reactions between contaminant plume and aquifer 
matrix. For example, Figure VI-l2 suggests that Ca, Mg and K are possibly brought 
in solution by a similar process, most likely mineral dissolution of Ca, Mg and K-
bearing minerals. Geochemistry of the contaminant plume will be investigated and 
discussed in details in CHAPTER VII. 
139 
To evaluate the relative excess/depletion in each cation as a result of 
geochemical reactions between soil and water, we need to calculate the 
concentrations expected from conservative mixing between fresh and estuarine 
water. The estuary presents large temporal variations of Cl concentrations, and the 
extent and mode of these variations are poorly constrained by the available data, as 
shown in a previous section. To overcome this lack of essential information, the 
method based on equation (4) for conservative concentration calculations was 
adapted for the specific circumstances. We define: 
CI X LT = FIT C I LT +(1- FLT)CIfrCSh 	 (20) 
(21) 
with Ci,IiXLT  and Ci,mixHl' the conservative concentrations for species i based 
on low and high tide data, respectively; C j , HT and C,LT  the concentration of species i 
in estuary at high and low tide respectively, and C 1, the fresh background 
concentration (ALO1). FHT  and FLI were calculated in section 3.2. This yields a 
fraction range for each port and each chemical species, defining the conservative 
behaviour. [C j ,mjxi ; Ci,mjx2]  provides a range of concentrations within which the ion 
behaviour will be considered conservative. 
Calculated conservative concentrations are presented in Appendix D. 4. for 
all depths and in Table VI.5 for the deep saline groundwater. CiJrnXLT and Ci,mjxiii. 
differ only slightly, giving a narrow conservative range for each cation. This is due 
to the conservative behaviour of the dissolved species in the estuary. Their 
proportion is constant regardless of the tide and chloride concentration. Based on this 
observation and to simplifying the discussion on the data, the average value of 
CI!PJXLT and Ci,rni xHT will be considered as the conservative concentration for ion 1. 
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Table VI.5. Conservative concentration range Cj, mjxLT and Ci,mixiff  and average 
conservative concentration for Ca, Na, Mg and K (for deep samples). 
MLSOI- MLSO1- MLS02- MLS02- MLS03- MLS03- 
19 20 14 15 12 13 
Ca Hi' 0.270 0.861 0.105 0.133 0.119 0.219 
LT 0.279 0.901 0.106 0.135 0.120 0.225 
Average 0.274 0.881 0.105 0.134 0.119 0.222 
Mg HT 1.002 4.165 0.121 0.268 0.192 0.728 
LT 1.003 4.167 0.121 0.268 0.192 0.728 
Average 1.002 4.166 0.121 0.268 0.192 0.728 
K HT 0.177 0.723 0.025 0.051 0.037 0.130 
LT 0.152 0.612 0.024 0.046 0.035 0.113 
Average 0.165 0.667 0.025 0.048 0.036 0.121 
Na lIT 10.533 44.563 1.050 2.636 1.815 7.580 
LT 10.508 44.451 1.049 2.631 1.812 7.563 
Average 10.521 44.507 1.050 2.634 1.814 7.572 
Table VI.6. Values of the difference between field and conservative concentrations 
(mmolIl) for Ca, Mg, K and Na for the saline water samples. 
MLSO1- MLSOI- MLS02- MLS02- MLS03- MLS03- 
19 20 14 15 12 13 
Ca 6.049 0.726 13.618 13.589 9.502 6.677 
Mg 4.552 -0.665 12.181 15.259 12.192 9.887 
K 0.710 0.553 0.494 0.563 0.683 0.657 
Na 0.524 -6.657 1.896 3.419 1.519 3.834 
The differences between field concentrations (Table VI.4) and conservative 
concentrations (Table VI.5) were calculated and are presented in Table VI.6 above. 
At MLS02 and MLS03, all four cationic species are in excess relative to their 
conservative concentrations, as indicated by the positive values. This suggests an 
introduction of mobile elements in the solution for all four species. Particularly large 
excesses are observed for Mg and Ca at MLS02. At MLS02-15, Mg excess is 
considerable with 15.26 mmoIIl. 
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Ca/Cl 0.018 10.693 4.714 0.701 0.036 14.852 
Mg/Cl 0.093 0.940 6.162 0.616 0.079 13.314 




At MLS0 1, both port 19 and 20 present chemical patterns that are different 
from what is observed at MLS02 and MLS03, with a depletion of Na while Ca and 
Mg are in excess compared with the conservative concentrations. However, the 
excess in Ca + Mg and depletion in Na do not compensate fully each other, 
indicating that the cation exchange processes as described by equation (19) cannot 
solely explain the observed chemical patterns. 
For all location, K excess is between 0.4 and 0.7 mmolll. With small 
dissolved concentrations (< 1 mrnoLfl), this species would not quantitatively have a 
major role in geochemical reactions. However, plots presented in Figure VI-12 
showed that K concentrations decrease linearly with increasing Ca and Mg 
cOncentrations, and increase linearly with increasing Na concentrations. This 
supports the theory described by equation (19). 
VI. 4.3. Discussion 
The deep chemistry is further investigated by examining the molar ratios of 
cation to Cl (Table VI.7). Ratios were also calculated for surficial water samples of 
MLSOI(MLSO1-3 and -5) for comparison. 
Table VI.7. Average molar ratios of Ca, Na, Mg and sulfate to Cl concentrations for 
deep groundwater and estuary. 
Estuary MLSO1- MLSO1- MLSO1- MLSO1- MLS02- MLS02- MLS03- MLS03- ALOI 




Ca/Mg 0.189 	11.371 	0.677 	1.138 	0.459 	1.116 	0.884 	0.777 	0.650 1.055 
Mg+Ca/ 0.111 	11.634 11.676 	1.318 	0.115 	28.166 11.639 14.778 	2.430 0.210 
Cl 
SO4/Cl 0.050 37.143 2.267 	1.371 	0.079 28.139 15.121 18.805 5.273 0.062 
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The analysis of the different ratios brings interesting information regarding 
the water chemistry. Among the deep ports, only the water sample from port MLSO1-
20 presents ratios close to the estuarine values, with slightly higher CaJCI and Mg/Cl 
ratios, and slightly lower Na/Cl ratio, in accordance with previous excesses 
calculations. 
All other deep ports are characterised by ratios significantly higher than the 
estuary values, in particular for Mg/Cl and Ca/Cl. At MLS03-13, all ratios are higher 
than the estuary values, but significantly below the values observed at MLS02-14, 
MLS02-15 and MLS03-12. For example, the Mg-i-Ca/Cl ratio at MLS02-15 is up to 
200 times the estuarine value. The ratios characterising MLS02-14, MLS02-15 and 
MLS03-12 are close to values observed at shallow depth, such as at MLSO1-5. 
Clearly, there is a significant release of Ca and Mg at depth that cannot be 
solely explained by typical exchange reactions. Other processes such as mineral. 
dissolution/precipitation reactions also occur, releasing cations [Custodio, 1987]. 
Sulfates also present large excess for deep ports (except at MLS01), with 
SO 1JCI ratios comparable with the values for surficial port MLS0I-3. This suggests 
that sulfates in the aquifer mainly result from the waste layer oxidation and 
subsequent leaching and transport in the groundwater. SO4/Cl ratios for MLSO1-19 
and -20 are low, with value at MLSOI-20 similar to the estuary value. Since MLS01. 
is landward of MLS02 and MLS03, and located at the inland edge of the sulphur-rich 
waste deposit, leached sulfates which are transported seaward would not be found at 
MLSO1 deep port locations, explaining the low SO 4/Cl ratio found there. 
Given the complexity of the cation distributions, limited isotope analyses 
were performed (Dr J. Barth, SUERC) for deep MLS ports as well as port MLSO1-1 
for comparison. Figure VT-13 presents a plot of 8 180 versus fraction of seawater 
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Figure VI-13. 8 180 (permil VSMOW) vs fraction of estuary water (%) for selected 
samples in the MLS transect. Line: hypothetical mixing relationship between ALO1 
and estuary water. 
The plot shows that MLSO1-20 is the only water following the line of mixing 
between background fresh water and estuarine water. This suggests that the most 
saline water found at MLS01 in the transect is composed of a mixture of ALOI and 
estuary waters. The results also suggest that water at MLSO1-20 is of rather recent 
marine origin, as connate water would likely present different chemical composition 
(and higher 8 180 values) due to mineral dissolution-precipitation reactions over the 
age as the water equilibrates with the soil matrix [Banner et al., 1989]. This result is 
in agreement with the Br/Cl ratio of MLSOI-20 being similar to estuarine values. 
Data for other deep waters as well as shallow water MLSO1-1 are plotted well 
above the line of mixing indicating a significant depletion in Cl or enrichment in 
I80 compared to what would be expected from the mixing of fresh and estuary 
water. A sink for Cl is unlikely since Br/Cl ratios of these waters are within the range 
of marine value; an excess in 8 180 is the most likely explanation. An enrichment in 
8180 may indicate that waters have at some point been subjected to evaporation as 
evaporation can induce increase in 8 180 [Yurtsever, 1997]. if this is the case, then 
high Cl concentrations relative to Br (i.e., low Br/Cl compared with the marine 
value) would be observed. However, low Br/Cl was not observed at these depths, 
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excluding extensive evaporation as an explanation for the isotopic results. Another 
explanation for isotopic enrichment lies on interactions between the soil matrix and 
the pore water. 
Considerable chemical exchange via rock-water interaction (such as mineral 
weathering and dissolution reactions) is required for isotopic exchange to occur 
[Banner et al., 1989]. For shallow waters, conditions are acidic and it will be shown 
in CHAPTER VII that the groundwater undergoes major geochemical changes 
mainly via pH buffering reactions, explaining the significant excess in cations 
relative to the conservative mixing condition. The increase of 8 180 in pore waters 
could be the result of isotopic exchange with ambient minerals that may have 
accompanied these pH-buffering reactions, such as weathering reactions, dissolution, 
and mineral changes [Taylor, 1974; Banner et al., 1989, and references therein]. 
For shallow waters, it is likely that the waste leachate and the geochemical 
reactions between the acidic water and the soil minerals led to excessive 180 
conditions. 
For deep ports, the presence of excessive 180  relative to the 180  level in the 
conservative mixture could be explained by one or both of these: 
Local production of cations and isotopes by dissolution reactions between soil and 
water; This may also explain the large excess in cations observed at depth; 
The fresh background end-member at MLS02 and MLS03 is different from water 
sampled at ALO1, hence the calculated conservative concentrations and hence 
differences between these and field data are erroneous; this is a possible explanation 
considering the vertical layering in the groundwater composition. 
Although the data indicate the centre of the acidic plume is located in the 
upper part of the aquifer, the pH in the deep section of the aquifer is around c.a. 6.5, 
which, with associated elevated Ca and Mg concentrations, is characteristic of pH 
buffering by carbonates dissolution. These results suggest that the acidic 
contamination reached deep zone of the aquifer. 
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In that case, both of the explanations 1) and 2) given above would explain 
the chemical patterns at depth. This possibility is here investigated. 
VI. 4.3.1. Mixing relations/groundwater mixing model 
MLS02 and MLS03 water composition at depth present similarities with 
contaminated waters found in surficial horizons of MLSO1. Low pH values (lower 
than that of the fresh groundwater at ALO 1 and those at similar depths of MLSO 1) are 
found at MLS02 and MLS03, reinforcing the idea that the acidic contaminant plume 
from the main low pH waste deposit reaches deep zones of the aquifer seaward of 
MLSOI. Study of flow patterns did not include vertical flow components and no field 
data on vertical flow are available at this stage. Given the rather simple geological 
settings and layer configuration, it is unlikely that vertical groundwater flow would 
be significant in the aquifer between MLSOI and MLS02. Diffusion/dispersion is , 
likely an important transport process. The presence of large concentrations of 
sulfates (which only originate from the contamination) throughout the MLS02 profile 
would support the hypothesis of significant contaminant spreading across the whole 
aquifer thickness seaward of MLSO 1. 
Using the pore water at MLSO1-5 pore as the fresh groundwater end member, 
we re-calculate the conservative concentrations of Ca, Mg, Na and K, and their 
differences from the field data for deep ports of MLS02 and MLS03. The results are 
presented in Table VI.8. 
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Table VI.8. Conservative concentrations (mmolll), and differences between field data 
and conservative concentrations (mmolIl) for Ca, Mg, K and Na for deep ports of 
MLS02 and MLS03, based on MLSO1-5 as the fresh background water. 
• Conservative concentrations 
(mmolJl) 
Ca 	Mg 	K 	Na 
Differences 
(mmolll) 
Ca Mg K Na 
MLS02-14 2.87 4.27 	0.25 1.26 10.85 8.04 0.27 1.69 
MLS02-15 2.88 4.39 0.27 2.84 10.84 11.14 0.34 3.22 
MLS03-12 2.88 4.32 	0.26 2.02 6.75 8.06 0.46 1.31 
MLS03-13 2.91 4.76 0.34 7.77 1 	3.99 5.86 0.44 3.63 
The results indicate that the differences between the calculated conservative. 
concentrations and measured concentrations are significantly reduced compared with 
the results in Table VI.6, but still are very large particularly for Ca and Mg. This 
suggests that selecting a different fresh water component does not explain fully the 
large concentrations observed in the field. 
At MLSO1-5, pH conditions are acidic (pH 4), carbonate minerals are 
depleted, and other minerals buffer the pH. This is different from the situation at. 
depth, where the pH is buffered by carbonates. Hence the large excess still given by 
the above calculations, in particular for Ca and Mg. So in addition to a different 
freshwater end member, the effect of rock-water interactions have to considered to 
explain the chemical patterns. 
VI. 4.3.2. Effects of rock-water interactions 
Geochemical modelling indicates that estuary-ward of MLSO1, the saline 
groundwater is slightly under-saturated to at equilibrium with calcite (-1<SI<=0). 
Calcite dissolution is probably on-going in the saline groundwater, controlling the 
geochemistry, providing large dissolved Ca, and preventing the downward 
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Figure VI-14. Mg versus Ca concentrations for MLS waters. The line indicates the 
best fit for the data from the deep ports only (red cross). 
The close relationship between Ca and Mg observed for deep-water samples 
(Figure VI- 14) suggest that these cations originate from the same source and/or 
process. It is therefore likely that Mg also is released into the solution via calcite 
dissolution. The calcite found in the soil would therefore not purely be CaCO 3 but a 
composite of CaCO3 and MgCO3, as it is often the case in marine alluvium sand. 
Taking into account carbonate dissolution, we may explain the excess in Na 
and K by cation exchange. The large excess of Ca and Mg would favour their 
fixation on the exchanger sites, replacing Na and K that were previously on the 
exchangers. 
Although a lack of information on the exchange site prevent specific 
geochemical modelling to be performed for comparison and verification against field 
data, geochemical simulations can be run to assess the effects of carbonate buffering 
and ion exchange on chemical patterns. 
Simple simulations were performed using the geochemical modelling 
package PHREEQC with WATEQ4f database. Fresh groundwater at MLSO 1-5 was 
considered and conservatively mixed with estuarine water in batch mixing 
simulations. The initial composition of this water is presented in Table VI.9. The 
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mixing fraction was adjusted to match Cl concentrations as observed at depth at 
MLS02 A CEC of 4 meq/1 OOg was chosen, giving 0.425 molfl of exchange sites;. 
Then, typical exchange reactions involving Na, K, Mg and Ca were included. 
Different simulations were run where the water was equilibrated with calcite 
and dolomite (Model I and III), calcite only (Model II and IV), and including (Model 
I and H) or excluding (Model ifi and IV) cation exchange reactions. The quantity of 
carbonates available was set to match the content experimentally determined in the 
aquifer at depth (around 0.1% wt.). CO2 was determined by equilibration with the 
water chemistry. The results are presented in Table VI.9. 
Table VI.9. Results of batch mixing simulations run with PHREEQC (WATEQ4f 
database). Model I and ifi: calcite 0.025 molIl; dolomite 0.025 molt!. Model II and 
IV: calcite 0.05 mob'!; dolomite 0.0 molIl. nr:  not relevant. A Calcite (mmol) = initial 
mass-final mass. Concentrations in mmol/l. 
No exchange reactions With exchange reactions 
Initial composition Model I Model II Model ifi Model IV 
pH 4.09 6.73 6.64 6.49 6.46 
Cl 4.93 4.93 4.93 4.93 4.93 
Na 4.61 4.61 4.61 4.74 4.64 
K 0.31 0.31 0.31 0.32 0.31 
Ca 2.92 10.01 15.4 7.22 9.39 
Mg 4.61 12.02 4.61 8.71 4.46 
Calcite nr 0.31 -12.48 -1.14 -36.96. 
(mmol) 
A Dolomite nr -7.42 Nr -22.11 Nr 
(mmol) 
SI calcite -8.05 0.00 0.00 0.00 0.00 
SI dolomite -15.97 0.00 Nr 0.00 Nr 
Alkalinity nr 28.96 24.85 90.23 73.85 
(meg/kg) 
The simulation results indicate that large concentrations in Mg and Ca similar 
to field observations are obtained from carbonate dissolution, using carbonate 
content similar to that determined experimentally for the aquifer soils. For all 
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simulated cases, this limited amount of carbonates is sufficient for carbonate 
equilibrium to be established, raising the pH to values between 6.4 and 6.7. 
As expected, the nature of the carbonate considered (calcite and dolomite, or 
only calcite) is determinant for the values of dissolved Ca and Mg concentrations. 
The comparison of the results for Model I and ifi with and without exchange 
reactions shows the influence of these processes on all cation concentrations. Larger 
amount of calcite and dolomite have been dissolved when cation exchange were. 
included, as Ca and Mg sorption on the exchanger sites enhances carbonate 
dissolution [Stumm and Morgan, i996]. However, the dissolved concentrations of Ca 
and Mg are lower when exchange reactions are considered. Once released, Ca and 
Mg are preferentially absorbed, releasing other cations such as K and Na into 
solution. It is likely that this explains the excess in Na and K observed in the field. 
An excess of all cations is observed in Model ifi, similarly to what is 
observed in the field. The simulated excess in Na due to exchange reactions is 
limited compared with the field data. The exchanger composition and properties will 
largely influence the dissolved concentrations, the extent of carbonate dissolution 
and the final pH. 
Water sampled at MLSOI -20 mainly exhibited characteristics of simple 
dilution of recent estuarine water by fresh groundwater as sampled at ALOI. Due to 
its location landward of the contamination, MLS01-20 pore water would have 
subjected to little modification by the contaminant plume. The slight excess in Ca 
and Mg can be explained by limited carbonate dissolution. The depletion in Na could 
be explained by interaction with silicate minerals, such as albitization of plagioclase 
or K-feldspar, as discussed by several authors [Land and Prezbindowski, 1981; 
Stoessell and Moore, 1983; Chaudhuri et al., 1987], or formation of clay minerals. 
These reactions would have been possible given the less conductive properties of the 
soil there (mostly clay), creating low flow conditions and longer time for rock-water 
reactions. In addition, the shape of the aquitard sloping towards inland areas could 
result in a relatively closed hydrochemical system in the deep zone of MLS01 
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located in a depression of the clay platform [Jorgensen, 2002; Anderson, 2003], and 
would also favour longer residence time of the pore water. However, water-rock 
interactions would have been limited as indicated by the isotopic results and 
chemical patterns, both suggesting the rather young age of MLSOI -20 saline water. 
Indeed, connate water would have equilibrated with soil matrix over the long period 
of contact, and would show isotopic and chemical patterns very different from those 
observed at MLSOI-20. 
VI. 4.4. Conclusions 
The chemical patterns observed in the saline groundwater in areas seaward of 
the contaminant source indicate this water has undergone major transformations. The 
current chemistry of the mixing zone is very different from that of simple mixture 
between saline and fresh water. The inclusion of the cations exchange reactions 
typical of mixing zone in coastal aquifers could not explain the geochemistry there. 
The geochemical processes induced by the presence of the acidic 
contamination dominate the chemistry throughout the aquifer in the monitoring 
transect. In the present case, dissolution-precipitation reactions (carbonate 
dissolution) and exchange reactions due to anthropogenic inputs to groundwater have 
masked the patterns typical of the exchange reactions taking place in the mixing zone 
of coastal aquifers, and created complex chemical distributions, complicating 
considerably the data interpretation. 
In addition, the original chemistry of the groundwater prior to intrusion(s) 
and before waste deposition and consequent leachate is not known, and changes in 
flow conditions and refreshening of the groundwater will not restore the original. 
groundwater quality conditions, due to the non-linearity of exchange reactions 
[Appelo and Postma, 1994]. 
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At this stage of the study, we can state that the water chemistry of the mixing 
zone downstream of MLSOI can be explained by: 1) extensive carbonate dissolution; 
2) ion exchange; 3) mixing of saline and fresh groundwater. 
Isotopic and chemical data indicated that MLSOI-20 saline water has not 
been affected by the acidic contamination. Pore water chemistry at MLSOI can be 
explained by: 1) dilution of estuarine water by fresh groundwater as sampled at 
ALOI; 2) limited carbonate dissolution; and 3) participation of Na in mineral 
precipitation. 
The acquisition of additional data such as composition and nature of the soil 
cation exchanger would allow geochemical modelling to be performed and these 
hypotheses to be verified. 
VI. 5. Movement of the mixing zone 
It has been shown above that saline groundwater of estuarine origin exists at 
depth in the MLS transect. The objective of this section is to evaluate the movement 
of the saline zone on short and long time scales using data from field monitoring;. 
Another point to investigate is the response of the estuary-groundwater system under 
extreme conditions such as coastal storms or sudden rises of estuary water level. This 
was performed numerically using SEAWAT2k [Langevin et al., 2003]. 
VI. 5.1. Tidal variations 
VI.5.1.1. Fielddata 
The deep saline zone can be delineated using measured pore water EC or Cl 
concentrations. For the purpose of practicality and cost efficiency, measurements of 
EC in the field were undertaken. Good correlation between EC values and chloride 
concentrations exists in the saline zone at depth as shown previously. Pore water EC 
152 
-16! 
0 	1 	2 	3 	4 
EC(mS/cm) 
-16! 
0 	1 	2 	3 	4 	5. 
EC(mS/cm) 
-161 
0 	1 	2 	3 	4 
EC(mS/cm) 




























was monitored monthly in 2002-2003. Data tables of pore water EC can be found in 
the accompanying CD-ROM. 
Pore water EC measurements were conducted on several occasions at high 
tide (HT) and low tide (LT) over the course of a semi-diurnal tidal cycle. Figure. 
VI- 15 presents pore water EC (mS/cm) for the three MLS boreholes at high and low 
tide on 22/11/02. 
Figure VI-15. Pore water EC (mS/cm) depth profile for the three MLS boreholes, 
22/11/02. Dot symbol: high tide; star symbol: low tide. 
No significant changes in pore water EC were observed between ebb and 
flood measurements for all depths along the transect. MLS01 and MLS02 present no 
difference between ebb and flood measurements. Limited variations were however 
observed at MLS03 between -8 and -12.5 . - 
The slight intra-tidal variations in EC values detected at MLS03 (Figure 
VI-! 5) were observed for another sampling date (06/03/2002) but were not evident in 
all ebb and flood samplings. To investigate this point further, chloride measurements 
were made at high and low tide for port MLS03-13 (42.5 m) on several occasions 
(Table VI.10). The results show that there are limited variations between the C! 
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concentrations at ebb and flood on the different sampling dates, with an average of 
0.42 mmolll Cl. In addition, the higher concentrations were not always observed at 
flood. So there would be little changes in pore water Cl over the course of a semi-
diurnal tidal cycle in the MLS transect. 
Table VI.10. Chloride concentrations (mmolIl) at port MLS03-13 (depth: -12.5 m 
BGL MLSO1) on different sampling dates. 
Nov-02 Dec-02 Feb-03 
High Tide 	5.58 	6.19 	7.63 
Low tide 6.30 5.71 7.57 
Similar conclusions could be drawn from the analysis of Cl depth profile at. 
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Figure VI-16. Depth profile of chloride concentration (mmolJl) at MLS03 on 
24/06/03. Sampling was undertaken at ebb and flood for selected ports. 
Intra-tidal measurements of pore water EC were also performed at neap, -
intermediate and spring tides. On the different sampling dates, including neap and 
spring tides, little difference in EC values between ebb and flood was similarly 
observed. The effect of semi-diurnal tides on the position of the saline water in the 













[2005] and simulated by Ataie-Ashtiani et al. [1999]. The movement of the deep 
saline zone is mostly density-driven and forced by low frequency seasonal water 
table fluctuations. Closer to the shore, it is likely that daily fluctuations in the 
position of the mixing zone would be observed, in particular beneath the beach 
where these fluctuations would be accentuated by the mildly sloping beach. 
VI. 5.1.2. Numerical modelling 
The movement of the estuary-groundwater interface was simulated in transect 
I-I using the previously described model with the same set-up, for several tidal 
cycles. Simulations were run to examine the effect of semi-diurnal tides on the near-
shore groundwater salinity. The simulated saltwater intrusion in the aquifer along 
transect I-I for typical semi-diurnal high and low tide situations is shown in Figure 
V1-17 [adapted from Mao et al., 2005]. 
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Figure VI-17. Simulated salinity distribution between the estuary and inland areas 
(ALOI). (adapted from Mao et al., 2005). 
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In the simulations, the movement of the salt wedge at depth was small 
between high and low tide, indicating that the approximation of a stationary wedge at 
the aquifer base will be reasonable under many circumstances [Mao et al. 2005]. This 
is in good agreement with the field data and was also shown by other studies. In 
particular, Ataie-Asthiani et al. [1999] showed that the saline water-fresh water 
interface configuration does not change noticeably over the tidal cycle where the 
aquifer depth is larger than the tidal amplitude. 
VI. 5.2. Seasonal variations 
Changes in groundwater flow are known to have a significant effect on the 
extent of the intrusion in coastal aquifers [Bear et al., 1999 and references therein]. It 
was previously shown that groundwater table fluctuations and flow conditions in the 
aquifer respond to seasonal changes. Long-period fluctuations such as seasonal 
changes at the site likely have more significant effects on the movement of the sea-. 
freshwater mixing zone than the semi-diurnal tidal fluctuations. 
Based on the monthly field measurements of pore water EC in the MLS 
transect, the long-term movement of the saline water at depth can be observed over 
the monitoring period. Monthly EC data series and interpolated cross sections of 
selected data series are presented in the accompanying CD-ROM. 
On the interpolated cross sections, some limited lateral and vertical 
movements of the deep higher EC zone can be observed by comparing the results 
from different months, in particular near the shore at MLS03. However due to the 
large distance between the MLS boreholes, interpolation between data points could 
be misleading. The variability of pore water EC is best evaluated by statistical 
analysis of individual MLS port's data set. Box plots based on the pore water EC data 
series are presented in Appendix D. 5 for the three MLS boreholes. Over the 14-
month monitoring period, limited variations in EC values were observed for all 
depths. The largest variations were observed at MLSOI and MLS02 where the 
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contaminant plume was found. The smallest variations are seen at MLS03 between 
5 and -6 m depth and at MLSO1 between -7.5 and -12.5 m depth. 
Table VI. 11 presents the statistical analysis results for the deep MLS ports 
(extracted from the box plots). For these ports, the variability of the data is limited, 
with 50% of the values show a variability range (Q1-Q3) below 0.7 mS/cm. Clearly, 
during the length of the monitoring period no major changes in pore water EC are 
observed, suggesting that on a seasonal scale, the movements of the saline 
groundwater at depth would be limited. 
Table VI. 11. Results of statistical analysis on EC data (mS/cm) for deep ports in the 
MLS transect, based on January 2002-March 2003 data. See Appendix D. 5. For 
explanation of the statistical terms. 
MLSO1-19 	MLSO1-20 MLS02-15 MLS03-13 
Min EC value 1.25 2.69 3.7 3.82 
Max EC value 2.90 4.80 4.78 5.01 
Mean EC 2.44 4.07 4.39 4.17 
Value range 1.65 2.11 1.08 1.19 
QI (25%) 2.45 3.88 3.9 3.97 
Q3 (75%) 2.65 4.44 4.55 4.66 
Median EC 2.48 4.13 4.14 4.42 
(50%) 
Ql-Q3 Range 0.20 0.55 0.65 0.69 
Figure VI-1 8 presents a plot of EC (mS/cm) time series over the monitoring 
period for two depths of MLS03 (MLS03-5 at -6.29 m and MLS03-13 at -12.29 m). 
Patterns observed at MLS03-13 were similarly observed for all MLS03 ports up to - 
7.29 m, whereas patterns at MLS03-5 were characteristics of shallow depths (-7.29 ni 
upward). 
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Figure VI-18. Pore water EC (mS/cm) for MLS03-5 and MLS03-13 on different 
sampling dates between March 2002 and July 2003. 
The shallow part of MLS03 characterised by the behaviour at MLS03-5 does 
not present significant variations over the monitoring period, with EC values ranging 
between 1.21 and 1.71 mS/cm. A trend can be observed with a slight decrease in EC 
values from September to December 2002. Similarly, limited variations in EC values 
and a decreasing trend are observed at depth (MLS03-13) for the same period, with 
EC values ranging between 3.87 and 4.81 mS/cm. 
Between December 2002 and February 2003 at -12.29m, pore water EC 
increased significantly from 3.87 to 5.01 mS/cm, and then decreased to 3.27mS/cm 
in June 2003. Similar patterns as those observed at MLS03-13 were seen for deep 
ports of MLSOI and MLS02 for. the same period. The fact that similar variations in 
EC values are observed at depth at the three MLS locations suggest these variations 
are more related to regional flow/processes than local sources/processes such as 
rock-water geochemical interactions. 
The observed EC variations in the deep part of the aquifer at MLS03 are 
seasonal and may be related to changes in hydrodynamic conditions, as often 
observed in similar environments. This is further investigated by cross-interpretation 
of water head data and pore water EC time series in the groundwater. 
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Figure VI-19 presents head data time series at BH4 and pore water EC data 
for MLS03- 13 from June 02 to January 03. MLS03- 13 EC data are similar to that 
presented in Figure VI- 18. The main period of lower pore water EC occurring in 
November-December correspond to a period of higher groundwater table, rising from 
roughly 1.4 m in October to 1.6 m AMSL in December, due to higher rainfalls as 
discussed previously (CHAPTER V). The period of stable EC (June to December 
2002) correspond to lower groundwater table at a rather constant level over the 
period (neglecting semi-diurnal and lunar tidal fluctuations). Since the groundwater 
table seasonal fluctuations are mainly influenced by rainfall (CHAPTER V), the 
results suggest a possible seasonality in the movement of the deep saline zone. It has 
been shown that hydrodynamic conditions during wetter months are characterised by 
large hydraulic gradients and generally large flow velocities towards the estuary. As 
a result, the saline transition zone is pushed towards the estuary, reducing local EC 
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Figure VI-19. BH4 water head elevation time series (m AMSL) and MLS03 pore 
water EC, June 2002 to January 2003. 
Similar observations have been reported at other field sites. Robinson et a! 
[1998] showed that the deep transition zone of the Columbian Aquifer presents some 
seasonal variations in salinity patterns associated with variations in fresh 
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groundwater discharge and surface water (saline end member) salinity. Robinson et 
al. [1998] observed little change in salinity over tidal cycles 10 in inland from the 
shore, although site settings were different. With a steeper beach and a mean tidal 
range of 0.7 m, the tidal signal was much more attenuated than it is at the present 
study site. Another field study by Montlucon et al. [2001] also showed that low flow. 
conditions in the groundwater lead to increased intrusion into the aquifer around 
Flanders bay in Eastern Long Island, NY. This is also in agreement with simulation 
results by Atai-Ashtiani et al. [1999] that demonstrated the importance of hydraulic 
gradient conditions on the position of the intrusion in the aquifer, low values leading S 
to increased progression inland. 
In summary, during the months of sampling the saline groundwater showed. 
some mOvements related to recharge, estuary flow and salinity conditions. However 
the vertical . and horizontal movement observed during the field monitoring were 
limited. It is possible that extreme conditions would affect more significantly the 
position of the saline groundwater. This is investigated in the next section. 
VI. 5.3. Maximum saline intrusion 
The position of the transition zone in coastal aquifers can be affected by 
extreme climatic events, leading to flooding, elevated sea levels, and increased wave 
set-up [Li et al., 1999]. Compared to an exposed coast, the estuary is relatively ,  
sheltered. However, the occurrence of coastal storms is frequent dunng winter 
months on the West coast of Scotland [MET office, unpublished], and increased gust 
and high winds can force considerable amount of seawater in the estuary creating . 
higher water levels in the river. Elevated water levels as high as 1.5 in above normal 
levels have, been observed during major storm conditions [MET office, Robert 
Hoggs, pers. comm.]. Increased tidal forcing due to higher sea levels and violent 
winds, increasing the wave setup effects, could enhance saline intrusion beneath the 
inter-tidal beach and push the deep transition zone further inland in the groundwater 
aquifer. 
160. 
To evaluate the extent of the saline intrusion under extreme weather 
conditions simple simulations were run using our previously described model in 
transect M. Simulations were first run for 3544 days using head data measured in the 
field. After the steady state was reached, the model was run with the estuary 
boundary exposed an additional estuarine water surface elevation of 1.5 in to the 
head data to simulate a rise in the forcing head due to a coastal storm. These higher 
heads were imposed during 12 hours of high tide to simulate an extreme case 
scenario in terms of estuarine water head. Subsequently, the model was run for 
another 10 days after the storm with the measured head imposed. 
Results from the numerical simulations (Figure VI-20) indicate that following. 
the storm, the saline mixing zone beneath the inter-tidal beach was most affected by 
the storm, with its development under the beach as far as 50 in further inland. This 
mixing zone has been considerably extended beyond the normal condition. In 
contrast, the horizontal and vertical movements of the deep saline intrusion were 
limited under the extreme conditions, however considering the large discrepancies 
previously observed between simulated and field results regarding the deep mixing 
zone, these results would need further investigation and verifications. 
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Figure VI-20. Simulation results showing movement of saline water under normal and 
storm conditions for high and low tide case (adapted from Mao et al., unpublished). X 
axis: distance in m from the middle estuary. Y axis: elevation in m AMSL. Dashed 
line represents ground level. 
Nevertheless, the simulations predict that an increased elevation of the head 
data in the estuary following a coastal storm could significantly enhance the intrusion 
of estuarine water in the surficial part of the aquifer. Although such situation was not 
witnessed during the period of monitoring at the site, this could have significant 
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consequences on the geochemical reactions taking place in the aquifer beneath the 
beach area. 
VI. 6. Summary and implications 
VI. 6.1. Summary of findings 
The major points arising from this chapter on the groundwater flow and tidal 
loading are summarised below. 
Both pore water EC monitoring and chloride concentration data have revealed 
that saline water is present in the aquifer at depth as far as 100 in inland from the' 
estuary bank (MLSO1). The origin of the saline water is clearly marine, as 
revealed by the Br/Cl ratio. The zone is developed in the vertical direction near 
the shore (MLS03). Inland, the mixing zone thickness is considerably reduced to 
a thin layer lingering on top of the aquitard. The low levels of chlorides found at 
depth in the monitoring transect indicate that the study cross section depicts the 
freshwater boundary of the diffusion zone between estuarine and fresh 
groundwater. 
The use' of Br/Cl ratios has enabled the determination of the nature of the 
chlorides found in the groundwater at depth; however local reactions have 
complicated the interpretation of the results. Preliminary isotopic analyses have 
proved most useful in the interpretation of the complex chemistry. 
The cation distribution revealed a complex picture where major rock-water 
interactions masked primary cation exchange reactions, and cation distribution 
analysis 'did not lead to a conclusion on the nature of the saline zone in terms of 
refreshening or intrusion. However a clear relationship between Na, Mg, Ca and 
K field concentrations suggests that exchange reactions control the cation 
distribution at depth. 
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4. Clearly, anthropogeflic activities at the site have created major disturbances to the 
chemistry below the depth of the main acidic plume. Slightly acidic conditions 
are found at depth, probably due to the vertical dispersion of the main acidic 
plume. Local in-situ buffering by carbonates is occurring, created large 
concentrations in Ca and Mg, and preventing the downward progression of the 
acidic plume (Figure Vl-21). 
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Figure VI-21. Schematic cross-section of the MLS transect featuring the acidic plume 
and the estuarine intrusion, based on the results from this chapter. 
5. Over the monitoring period, the movement of the saline transition zone depicted 
at depth in the MLS transect was limited and mostly due to seasonal variations in 
groundwater now conditions. Under the current conditions, the mixing zone is in 
a quasi-steady state, and significant vertical and horizontal movements of the 
mixing zone or increased intrusion are unlikely in the MLS transect, even under 
storm conditions. 
VI. 6.2. Implications for contaminant migration 
Based on the results from this chapter, it is clear that a direct physical contact 
between the core of the migrating acidic plume where metal contaminants are found 
and highly saline, highly mineralised waler of mixed origin in the MLS transect is 
unlikely, even under extreme conditions. This is due to the limited extent of the 
intrusion in the MLS transect. Thus, the possibility of natural attenuation of the 
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acidity by mixing between the contaminant plume and alkaline intruded water is low, 
based on the current knowledge of the site. This is also true for the estuary-ward 
boundary of the MLS transect, however this does not exclude that processes there 
could be more complex than in inland areas, due to fast changing hydrodynamic 
conditions, as discussed previously. This will be investigated in a next chapter. 
On the other hand, analysis of cation concentrations has revealed that deep 
areas down-gradient of the acidic source have been also affected by the contaminant 
plume, probably due to the lateral and vertical progression of the acidic plume over 
the many years of contaminant leaching in the aquifer. The analysis of cation 
composition has revealed that the high concentrations observed at depth are mostly 
the results of reactions between acidic groundwater and soil rather than the result of 
mixing and cation exchange typical of salt water wedge. This was established by 
considering the deviation of the field data from the results of conservative mixing. 
The processes controlling the fate of the acidic plume in the MLS transect 
will be the focus of the next chapter. 
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CHAPTER VII CHARACTERISATION OF AQUIFER 
MATERIALS AND PH BUFFERING MECHANISMS 
Many investigations have focused on metal sorption and associated 
controlling parameters in different groundwater environments. The reader should 
refer to, for example, Stumm and Morgan [1996] for a complete review on this topic. 
It is established that the pH and redox state of the groundwater, as well as the 
presence of aqueous complexing agents, have a strong influence upon the fate of 
heavy metal contaminants that may be present in the groundwater. In addition, an 
important prerequisite when investigating contaminant migration is an accurate 
representation of the geochemical environment into which the contamination plume 
migrates. Therefore, an in-depth analysis of all these parameters (pH, Eh, 
complexing agents, soil properties) is a necessary step for the investigation of metal 
contaminant behaviour. 
Thus, the first objective of this chapter is to identify the nature of the soils 
from a geochemical point of view and to establish what reactions could be occurring 
between soils and groundwater. The second objective is to determine the extent of 
the pH buffering and to identify the processes that control the acidic plume migration 
along the MLS transect. 
vu. 1. Characterisation of aquifer materials 
Minor changes in mineralogy, not always accounted for on a regional scale, 
can produce large changes in the chemical composition of groundwater on the micro 
scale [Jankowski and Becks, 2000]. Thus, detailed geochemical investigations of the 
soils collected from the field site were performed and are presented here. 
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VII. 1.1. Mineralogy 
Based on the XRD and SEM results, the primary and secondary mineral 
composing the soils were identified. The integration of the results of the )(RD 
analysis (giving semi-quantitative data) and the SEM analysis (giving data on 
mineral arrangement, size, shape, and coatings of the grains) provides useful 
information about the aquifer mineralogy and indirectly on possible geochemical . 
processes. We will treat separately samples MLS02-4 and MLS03-5 due to their 
nature different from the other samples. The XRD spectra, SEM scans and EDX 
analysis (all used in the investigation) can be found in the &ccompanying CD-ROM. 
VII. 1.1.1. Waste material 
The waste at MLSO1 comprises two distinct layers as discussed in CHAPTER 
ifi. The first layer is typically composed of quartz, clay minerals and sulphur 
minerals which oxidation leads to the acidic leachate and high sulfate concentrations 
reaching the groundwater. The second layer is thicker and composed of reddish• 
material that was identified as residues from burning processes involved in the 
production of sulfuric acid. 
The main minerals composing the reddish dump sample at MLS01 and their 
respective proportions are: quartz (40%), iron oxide hematite (30%), Na feldspar 
albite and K feldspar microcline (5%), gypsum (5-10%), and the unusual minerals 
mullite (10%) and Na-jarosite natrojarosite (5%). Amorphous iron and aluminiuni' 
oxides are likely present in the wastes, but these minerals are not detected by the 
XRD due to their amorphous nature and/or low concentrations (the detection limit 
for XRD is 5.0 % by weight). 
Mullite is a structurally strong alumino-silicate, 3Al2032SiO2, used in furnace 
refractory blocks. It is rare as a mineral but common in artificial systems at high 
temperature as it is the product of alteration of alumnino-silicates exposed to extreme 
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temperatures [Lumsdon et al., 2001]. Its, detection confirms the origin of the waste 
near MLSO1 as being the residue from burning processes, which constitute on of the 
steps involved in the production of sulfuric acid. 
The presence of the alunite mineral natro-jarosite, (Na)Fe3 3 (SO4)2 (OH)6, 
indicates the possible nature of recent and on-going reactions in the waste material. 
Jarosite is usually found in acid sulfate soils as the product of iron sulphide (pyrite) 
oxidation, where initially flooded marine swamps have undergone drainage [Postma, 
1983]. Alunite minerals are usually formed by sulfuric acid acting on rocks rich in 
potash feldspar. Jarosite minerals'have been found to play an important role in the 
buffering processes in many investigation of AMD cases [e.g., Johnson et al., 2000; 
Sracek et al;, 2004]. The quantities detected here were rather limited compared with 
those at typical AMD site, and their effects in terms of buffering would be limited. 
Gypsum mineral (CaSO 4) characterised by nearly equal amounts of S and Ca 
in the EDX spectrum has been identified. The waste pore water was over-saturated 
with gypsum, indicating that it could precipitate as follows: 
CaCO 3(S)  +50 4 2 (aq) +2H 20+H(aq) -> CaSO 4 .21-1 2 0(S)  +HCO ) 	(22) 
Thus, the origin of gypsum in the wastes could be anthropogenic (deposited with the 
rest of the waste material) or due to in situ reactions of Ca and sulfates. 
VII. 1.1.2. Aquifer soils 
The XRD spectra for all the aquifer samples reveal the dominance of quartz, 
even for the most clayey samples MLS02-4 and MLS03-5. The spectra obtained 
were compared with a typical sandstone spectrum, and exhibited no major. 
differences from it. Two samples from more clayey layers present specific 
mineralogical compositions with larger proportions of fines (clay and silt). 
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Sandy samples 
Similar mineralogical patterns have been found in sandy layers throughout 
the site. Based on the XRD semi-quantitative results, the following minerals were 
found in the composition: quartz, 80-90%; plagioclase feldspar albite (Na, Ca)Al(Si, 
Al)308 of the calcian type (i.e., Ca-rich), 5-10%; K-feldspar microcline, 2-5%; iron 
oxide hematite, 2-5%. Amorphous Al- and Fe-oxides are also likely present, but 
remained undetected due to their amorphous nature. 
The SEM imaging revealed that large detrital grains compose the bulk of the 
samples. The EDX analyses indicate two main types of detrital grains: (1) Si and 02, 
and Si; and (2) Al, 0, Ca, and Na/K. The first type is typically quartz (Si02). The 
relative peak heights of the major elements displayed on the EDX graph for the 
second type correspond to the formula for the mineral Na-feldspar (Na:Al:Si:: 1:1:3) 
and K-feldspar (K:A1:Si :: 1:1:3). This information combined with the XRD results 
confirms the presence of albite and microcline. 
Selected pictures obtained by SEM are shown in Figure VII- 1. Some detrital 
grains appear fluted; and un-coated areas of quartz grains show etch pits, indicating • 
that minerals have undergone an extensive weathering. The age and conditions of the 
weathering is difficult to assess given the limited mineralogical data available. There 
are signs of feldspar weathering in both polluted and unpolluted areas, however 
weathering seems more advanced in zones of acidic water, with minerals presenting• 
sharper edges compare to the rounder edges observed for the samples of control area 
ALOI. In the polluted areas, a recent on-going chemical weathering of mineral grains 
would be taking place under acidic conditions, which is expected for the very low pH 
conditions observed in some part of the aquifer. 
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Figure vu-I. SEM pictures of sample MLSO1-5 located within the acidic zone. 
Detrital grains showing fluted piece and etch pits indicating intense mineral 
weathering. 
The large grains observed in the samples are not smooth and possess a 
coating composed of well crystallised euhedral minerals, as well as flaky and 
amorphous shapes, assembled as a coat/rim around the grains. Such a feature is 
commonly observed in aeolian and marine-shelf deposits [Wilson, 19921. The EDX 
analyses reveal a mixed nature of the coatings with mainly elements Si, A], K, Fe, 
Mg, Ca and Na. Coatings are present on grains from the contaminated and pristine 
areas alike, indicating they are more likely related to the soil evolution through 





Figure VII-2. SEM pictures of grain coatings for various sandy samples of the Ardeer 
aquifer. 
Amorphous cotton wool like, flaky and non crystalline shape substances of 
small sizes (< 2 j.tm), identified in all samples, formed coatings of larger grains 
assembled with other more crystallised particles or as free particles. The amorphous 
morphology is characteristic of clay minerals. This is confirmed by the EDX spectra, 
which also reveal euhedral grains of feldspars and iron oxides alongside the clay 
mineral. 
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Due to small sizes and non-specific morphologies, in general clay phases 
cannot be named based on SEM results. Their identification is mainly by the EDX 
and XRD analysis. Because of the dominance of quartz, clays in smaller fraction 
would not be detected by typical XRD analysis. Additional treatments were 
performed on the samples in order to enhance the detection and identification of the 
fine mineral fraction materials. 
The XRD results indicate the presence of muscovite KAl2(A1Si3O10)(OH)2 at 
MLSO1 below -6.5 m, and at MLS02 in shallower samples above -6 m. Kaolinite 
Al2Si2O5(OH)4 was detected below -7 in at ALOI, at -6.5 in for MLSO1 and at -5.5 in 
and -7.5 in for MLS02 and MLS03 respectively, the latter two locations 
corresponding to the clayey lenses. Their presence was confirmed by the EDX 
spectra with Si and Al peaks of equal heights and no other cations, typical kaolinite 
spectrum. 
The presence of muscovite and kaolinite indicates a trend of secondary 
minerals as they precipitate subsequently to the weathering of primary minerals. For 
example, kaolinite minerals are formed by weathering or hydro-thermal alteration of 
primary minerals such as aluminium silicates, particularly feldspars [Klein and 
Hurlbut, 1993]. Kaolinite is found in a mixed form with feldspars in rocks that are 
undergoing alteration, and is generally associated with weathered soils and soils. It. 
has a cationic (retardation) exchange capacity due to surface adsorption, which is 
based on pH dependent surface charge. In the present samples, kaolinite was more 
associated with the marine alluvium horizons, in accordance with the more clayey 
nature of this horizon. 
Similar to kaolinite, illite was detected by the XRD and SEM-EDX analysis. 
The EDX analysis of illite yielded as major elements Si, Al and K with a minor 
amount of Mg, Ca and Fe. In the illite spectrum, the relative peak height of K is 
usually less than that of Al (this is in contrast with the K-feldspars spectrum where 
the K and Al peaks are of equal height). illite is an alkali-deficient mica near the 
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muscovite composition. The alteration of muscovite under acidic conditions can lead 
to kaolinite following the reaction: 
2KA1(A1S13010)(OH)2 (S)  + 3H 20+ 2H() 	3Al 2Si 205 (OH) 4(s) + 2K () (23) 
The Glycolation and heat pre-treatment did not show any quantitative enhancement 
of the clay fraction, indicating limited proportions of clay minerals in the samples 
dominated by coarse fractions. 
Hematite, a common iron oxide, has been identified in all the sandy samples, 
except for the upper layer of ALO1 corresponding to windblown sands. Further 
along, in the MLS transect, this layer is not found in the lithological succession 
probably due to some dredging of superficial aquifer material undertaken to prepare 
for waste deposition, removing most of the windblown sand layer. Hematite minerals 
were identified by the SEM in an amorphous shape and more well-crystallised thin• 
plates grouped in rosettes (iron roses), as part of the grain coatings or as isolated 
structures. The EDX analysis yielded typical composition of iron oxide goethite, 
hematite and rutile, with dominance of elements Fe and Ti. In particular, the spectra 
for marine sand samples were all dominated by Fe. The Fe detected here is probably 
due to the amorphous iron oxide in the coating of the large grains. The presence of 
the iron oxide goethite, usual mineral in aquifer soils, was not detected by XRD, but 
is most likely present. The minimum goethite detection level by the XRD analysis is• 
around 4% , whereas it is for example 1% for quartz. If there is less than 4% goethite 
in the sample, the XRD analysis would not detect its presence. 
Calcite of magnesian type (Mg-rich) was detected by the XRD in one single 
sample of MLSO1 at 8.5m depth. The EDX spectrum for calcite is very distinctive, 
yielding mainly Ca. Carbon and oxygen, the other elements of calcite, were not 
detected with the EDX system. The EDX results show the presence of a pure single 
calcite grain with perhaps minor amount mixed with iron oxides and clays as part of 
composite grain coatings. It is likely that carbonate minerals have been depleted in 
most surficial layers under the low pH condition and hence were detected only in a 
limited number of samples. However, considerable amount of shell fragments were 
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noticed during sampling, in particular, for the marine alluvium sand. Organic and 
inorganic carbon analysis presented in the following section will further investigate 
carbonate contents of the soil samples. 
The chlorite mineral clinochlore was detected by the XRD in marine alluvium 
sand samples. The SEM analysis also revealed the presence of chlorite rims in 
detrital grains. These rims consist of small crystals on edges, with faces 
perpendicular to the detrital grain surfaces (see pictures included in the 
accompanying CD-ROM). The EDX analysis detected major elements Si, Al, Mg 
and Fe in proportions characteristic of chlorite. Fe contents in chlorite minerals are 
highly variable; in the present soil, chlorite seems iron-rich, based on the relative 
peak heights. 
Clayey samples 
Samples MLS02-4 and MLS03-5 showed some differences from the rest of 
the aquifer materials with a much larger proportion of fines. The soil is more clayey 
though still dominated by coarse minerals. The main phases and associated 
proportions are: quartz 65%, albite 20%, pyrite 5-10%, kaolinite 5-10%, illite-
muscovite 5%, chlorite 2% and goethite 2-4%. Gibbsite is most likely also present in 
these samples although not detected. 
The mineralogical composition of MLS03-5 is mostly similar to that of 
MLS02-4. MLS03-5 presents a slightly more clayey nature with 15% kaolinite, 60% 
quartz and 5-10% illite-muscovite. This more clayey nature is in accordance with the 
PSD analysis results, which showed a fine weight fraction of 50% at MLS03-5 in 
contrast with 20% for MLS02-4. Microcline has not been detected within these 
samples. It can be concluded that quite possibly these samples originated from the. 
same geological structure, the clay lens at a depth of 6-7 in in MLS02 and MLS03. 
Samples from MLS02-4 and MLS03-5 were treated by glycolation and heat 
in order to enhance the detection and identification of fine mineral fractions by the 
XRD analysis. The pre-treatment provided a limited enhancement of clay fractions, 
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confirming that despite a finer texture, these samples had very low clay contents. The 
distinction between illite and muscovite by XRD is difficult, due to their close 
composition and optical properties. However, these two minerals have very different 
sorption properties: illite has a sorption capacity intermediate between kaolinite and 
smectite, whereas muscovite has very low surface charge with low sorption ability. 
Analysis with enhancement treatment resolved this ambiguity problem, and revealed 
that muscovite rather than illite was present in the samples. The presence of kaolinite 
and chlorite was also revealed. The results from samples treated by glycolation 
revealed that no expandable clay minerals (such as smectite) were present. 
SEM imaging revealed the presence of framboid pyrite. Pyrite is a common 
mineral in sedimentary rocks, where it can be both a primary and secondary 
composition (e.g., present originally in the soil or precipitated subsequently). The 
crystal morphology and the EDX spectrum consisting primarily of Fe and S are 
diagnostic. In the spectra obtained, the S peak is slightly off-scale (higher than that of 
Fe) compared with typical spectra for pyrite. Euhedral pyrite and framboid pyrite 
were detected with a dominance of the framboid morphology. Framboids are round 
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Figure VII-3. EDX spectra showing the presence of Cu and Zn on the grain coating in 
the clayey sample MLS02-4. 
Heavy metal ions have been detected in the EDX analysis associated with the 
grain coating or isolated particles. In particular, Cu and Zn were detected along with 
Al, Si, 0, Mg, K, Ca, S and Fe (Figure VI1-3), characteristic of composite coating. 
This indicates a possible sorption of metal cations by the minerals composing this 
coating. Another analysis showed that Pb was associated with Ti, Fe and 0, 
suggesting that iron oxides played a role in controlling the geochemical behaviour of 
metal cations. On the other hand, it is not uncommon for these minerals to naturally 
contain metal cations. 
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VII. 1.1.3. Limitations of the method 
Minerals that are typically present in low quantities in soils, such as clays, 
can remain undetected by XRD analysis. Thus XRD can only provide an estimate of 
the main minerals present in the soil. In addition, it can not be excluded that other 
minerals might be present, especially minerals with optical properties such that they 
are detected by XRD method with difficulty. For example, gibbsite (Al-hydroxide) 
which is the most extreme product of silicate weathering and an important phase in 
pH buffering mechanism, can be present in the soil but remains unidentified by )(RD 
[Hansen, 1995]. Thus, XRD data can only provide with a qualitative and semi- • 
quantitative indication of the relative amount of key (mostly primary) minerals 
constituting a sample. 
vu. 1.2. Carbon speciation and content 
In soils, carbonates (or inorganic carbon) dissolve quickly when acid water 
enters the aquifer, providing a quick and efficient pH buffering [Appelo and Postma, 
1994]. The main carbonates are CaCO3 calcite-aragonite, FeCO3 siderite, and 
CaMgCO3 dolomite. Aquifers made of layers of carbonates-free rocks and soils 
(granite, igneous rocks and clean quartz sands; containing mainly slowly dissolving 
silicate minerals) will therefore be more vulnerable to acidification than carbonate-
containing soils. 
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Table VII.! Organic, inorganic and total carbon contents, in weight percentage, in 
selected samples. 
% carbon % inorganic % organic 
carbon carbon 
AL01-2 0.420 0.005 0.415 
AL01-5 0.235 0.002 0.233 
AL01-7 1.411 0.006 1.405 
AL01-7 exp 0.295 0.004 0.291 
MLS01-1 2.526 0.004 2.522 
MLSO1-2 4.073. 0.006 . 	4.061 
MLS01-5 0.663 0.004 0.659 
MLS01-7 0.560 0.002 0.558 
MLS01-8 0.134 0.008 0.126 
MLSO1-10 0.611 0.142 0.469 
MLS02-4 3.556 0.016 3.540 
MLS02-5 0.563 0.003 0.560 
MLS03-4 0.374 0.003 0.371 
MLS03-5 3.981 0.020 3.961 
Table VII. I presents the results of organic, inorganic and total carbon contents 
in selected soil samples. At MLS01, natural aquifer materials present low total. 
carbon content ranging between 0.66 and 4 %, most of the carbon being in the 
organic form. Results for MLSOI samples compared with those for control borehole 
AL01 will be the focus of the discussion as carbon content data for other MLS 
boreholes were limited. 
VII. 1.2.1. Inorganic carbon 
Figure Vll-4 presents the inorganic carbon contents (wt %) over the depth for 
MLS01 and ALO!. Waste samples contained low levels of inorganic carbon, in 
agreement with the XRD results where no carbonate minerals were detected. 
Although carbonates may be expected in landfill layers from different industrial 
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processes, their absence in the samples indicated depletion under the very acidic 
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Figure Vll-4. Inorganic carbon content (weight %) for MLS01 (black line) and control 
borehole ALOI (grey dots). The data are also presented in Table 21. Depths in in 
below the ground level at MLSO1. 
In the upper part of the profiles, contents at MLS01 and AL01 range between. 
0.001 and 0.01 % wt. This is in agreement with the XRD results, which indicated the 
absence of carbonates above -8 in at MLSOI and ALO1. Calculated mineral 
saturation indices indicated that carbonates are largely under-saturated at MLS01 
above -6 in depth. Under the very low pH condition at MLSO1, CaCO3 minerals have 
undergone dissolution, providing an efficient first buffering to the system. 
The carbonate profile between -2 and -6 in show similar evolution and values. 
at both locations. The fact that carbonates material were also depleted at the control 
location (AL01) where pH values are close to the neutral value could be due to the 
buffering of natural acidification occurring in groundwater systems as a result of CO2 
production and root respiration in the soil [Stumm and Morgan, 1996]. Probably, the 
low levels of carbonates that remained in the upper section of ALOI and MLSOI 
were not readily available due to protection by coating of other minerals (such as 
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goethite or other oxides) or carbonate association with other minerals as part of grain 
coatings. 
Below -6.5 m, the carbonate contents are higher than at shallower depths for 
both AL01 and MLSO1, due to the marine nature of the sand and non-negligible 
quantities of shell fragments contained in this horizon compared with river alluvium 
sand. Between -6 and -7 m, the carbonate contents for MLS01 are slightly higher 
than levels for the control borehole. This is likely due to local geological 
heterogeneity in soil compositions. 
At MLS02 and MLS03, analysed sandy samples present carbonate contents 
similar to those of MLSOI. Clayey sand samples at MLS02-4 and MLS03-5 are 
characterised by carbonate contents one order of magnitude higher than that for 
surficial sand samples, with values of 0.016 and 0.02 wt % respectively. The SI 
calculations based on the pore water composition for these depths indicate negative 
values for carbonates, and suggest that the carbonate content detected here might 
correspond to a non readily available fraction. 
VH. 12.2. Organic carbon 
Figure 12 presents the organic carbon contents (wt %) over depth for MLSO1 
and ALOI. Waste layers present relatively high content of organic carbon (2-4 wt %) 
due to the presence of both natural organic matter (wood, roots, organic acids 
contained in clay sized materials) and synthetic organic material from different. 
industrial processes. In particular, coal from industrial burning process was identified 
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Figure Vll-5. Organic carbon content (weight %) for MLS01 (black line) and control 
borehole AL01 (grey dots). The data are also presented in Table 21. Depths in m 
below the ground level at MLSO1. 
In the natural materials, the organic carbon contents are low but not negligible. 
Higher organic carbon contents are found at depth for control borehole ALOI, 
associated with the marine alluvium sand layer. The depth profile of organic carbon 
content at MLS01 differs from the trend seen at ALOI. Between -2 and -6m, MLSOI 
soils present higher OC contents; below -6 rn, the contents are less than the values of 
the control borehole. Again, this could be due to the natural variability of organic 
matter content in soils. It could also indicate that OM is being degraded via natural 
redox processes as it was suggested in the analysis of the higher Br/Cl ratios found at 
MLSO1 below -6.5 rn. 
For the clayey sand samples MLS02-4 and MLS03-5, the organic carbon 
contents are relatively higher than those for sand samples, with values of 3.5 and 3.9 
wt %, respectively. 
In summary, it can be concluded that the pools of organic and inorganic carbon 
in the aquifer are limited but not negligible. In the contaminated areas, carbonates 
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have been depleted under the acidic conditions, but at depth a pool of carbonates 
presenting high buffering capacity would still be present in a significant quantity. 
VII. 1.3. Cation exchange capacity (CEC) 
The adsorption capacity of soils is linked to the grain size (particularly the clay 
content), clay minerals, organic matter (C %), and oxide or hydroxide content 
[Appelo and Postma, 1994]. 
Sandy samples at the site present low CEC with values ranging from 2 to 4 
meq/lOOg. These values are typical of sandy aquifer materials. Marine alluvium 
sands present a slightly higher CEC compared with the river alluvium due to the 
larger proportion of fines. Mostly the CEC of the aquifer sandy materials would be 
attributed to the mixed coatings on the large grains identified during the 
mineralogical investigation. 
Table V1T.2; CEC for selected soil samples from the site, at pH 8. Depth in in below 
ground level at MLSO 1. 
Sample 	Geological strata 	Depth (m) 	CEC (meq/lOOg) 
MLSOI-7 River alluvium 5.0-5.5 2.4 
MLS02-4 Clayey lens 5.1-5.6 15.6 
MLS02-10 Marine alluvium 12.4-13.3 3.9 
MLS03-5 Clayey lens 7.3-7.8 14.6 
MLS03-9 Marine alluvium 12.3-12.8 2.1 
Previous field and laboratory studies have shown that sandy materials with• 
relatively low CEC (1.5 meqIlOOg) can still undergo significant cation exchange 
reactions. This is particularly significant in the absence of carbonate minerals where 
cation exchange (as well as dissolution of Al-silicate minerals) comes as a prime 
process in the acidity neutralisation [Dahmke et al., 1986; Johnson et al., 1981; Moss 
and Edmunds, 1992]. 
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Even for a soil with low CEC, the adsorbed cations pool is great in - 
comparison with the quantities found in the solution [Appelo and Postma, 1994 and 
therein]. For example, for a quartz-rich sand with an arbitrary porosity of 0.2 and a 
specific weight of 2.65 g/cm3, a CEC of 3 meq/lOOg of soil is equivalent to 319 meq 
of exchangeable cations per litre of pore water. This is considerably higher than the - 
maximum total dissolved solid (TDS) observed at the site even in the contaminated 
areas (TDS <50 meqfl). 
For the clayey samples MLS02-4 and MLS03-5, the CEC values average 
around 15 meq/lOOg. These locations present greater exchange-retention properties, 
and sorption processes are likely to dominate geochemical reactions there (depending 
on the pH and Eh conditions). Clayey layers have the best retention capacity for 
metal contaminants and pH buffering, in particular due to their large OM contents. 
The CEC of pure organic matter ranges between 150 and 400 meq/lOOg, or 
accounting for pH dependence: CEC (meq/lOOg organic carbon) = 51*pH59 
[Scheffer and Scachtschabel, 1970]. If the organic matter detected in the samples is 
reactive, it could have a significant impact on the geochemical reactions. 
A limitation to the present results lies in the pH dependence of CEC values, 
as CEC increases with pH. In acidic conditions, competition with H ions in the 
solution creates conditions less favourable for retention of metal contaminants and 
the CEC decreases. In addition, many clay minerals have pH-dependent sorption 
properties which present a positive surface charge at low pH preventing sorption 
processes. In the present work, the CEC was measured at pH 8 to allow comparison 
with values given in the literature. The CEC of field soils should be less then the 
experimental values, in particular, in areas of low pH. 
Another limitation is the small number of samples analysed and the already 
large variation in the results observed among them, illustrating the existence of 
lateral and vertical heterogeneity in the material properties, even at the local scale. 
This stresses the importance of considering natural heterogeneity (within the same 
geological compartment) when geochemical contamination studies are undertaken, 
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particularly in relation to the grain size, and primary and secondary mineral 
abundance [Anderson et al, 1994; Barber, 19921. 
VU. 1.4. Summary: soil properties 
The chemical properties of an aquifer and its groundwater are directly linked 
to the mineralogy and lithology [Back and Baedecker, 1989; Back et al., 1993]. In 
the present case, although on a regional scale the aquifer heterogeneity seems to be 
limited, microscopic heterogeneity in physical (in particular hydraulic conductivity) 
and mineralogical properties will have major effects on the geochemical processes 
and contaminant transport. 
In the transect, the aquifer consists of two geologically and geochemically. 
distinct sandy layers, with glacial clayey deposits identified at MLS02 and MLS03 
(possibly belonging to the same structure). The marine alluvium sand presents a 
significantly higher reactivity than the river alluvium sand, due to its larger 
proportions of clay, larger carbonate and organic carbon contents. This reactivity is 
reflected by a CEC higher than that of the river alluvium sand. Significantly more 
shell fragments were observed in the marine alluvium sand, which would be relevant 
for acidity buffering by carbonate minerals. The clayey layers could have a major. 
effect on the partitioning of dissolved species in particular metals, considering their 
large CEC and increased clay and organic matter contents. 
Figure Vll-6 presents a summary of the main minerals identified at MLSO1. 
All samples (even clayey samples) are essentially composed of large grains of quartz 
and feldspars, mainly albite. These grains have shown extensive mixed coatings 
composed of an assemblage of oxides (Al, Fe and Mn), clay minerals (kaolinite,. 
illite, chlorite), carbonates, and organic matters. As shown in other studies [Fordham 
and Norrish, 1979; Jackson and Inch, 1989], it is therefore likely that reactions 
between soil and groundwater will be mainly attributed to the minerals composing 
these coatings, which however constitute a limited weight fraction of the total 
samples. 
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The clay minerals identified are kaolinite, illite and chlorite in limited 
quantities. In terms of surface reactions, kaolinite presents no variable charge 
sorption sites due to its structure and therefore its sorption capabilities are limited to 
surface site charges. Similarly illite has little sorption capacity. The only clay mineral 
that could have significant exchange capacity is chlorite, due to its structure. 
However it was detected only in negligible quantities in the marine alluvium sand. It 
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MLSOI-2 waste layer 
depth: -1 m 
pH: 1.9 
MLSOI-5 medium fine sand 
depth: -3.25 m 
pH: 3 
MLSOI-7 medium sand 
depth: -5.25 m 
pH: 4 
MLSOI-8 gravely medium sand 
depth: -6.5 m 
pH: 5.5 
MISOI-JO fine sand 
depth: -8.5 m 
pH: 6.3 
Figure VH-6. Summary of the main minerals identified during the mineralogical 
analysis at MLSOI. In red are minerals characteristic of the marine alluvium sand. 
Soil properties are essential for understanding the processes that affect the 
contaminant migration in subsurface environments. An extensive study of minerals 
in the present case provides vital information on which further geochemical 
investigations of the contaminant plume can be based. In light of these findings, 
geochemical processes affecting the low pH plume are investigated in the next 
section. 
VII. 2. pH buffering mechanisms 
When acidic water enters an aquifer system, buffering reactions will occur. 
The aim of this section is to identify the extent of the buffering and the main 
mechanisms involved. pH and Eh are two essential parameters in controlling 
dissolved species in the groundwater environment. Different pH and Eh zones will be 
investigated. 
VII. 2.1. Control borehole ALO1 
Lateral variations in soil properties and elemental contents often occur in 
sandy glacio-fluvial aquifers like the present one. Based on the field and laboratory 
data, it was shown previously that lateral variations in the horizontal layering of the 
aquifer and soil characteristics appeared limited. It is believed the samples analysed 
captured reasonably well the differences in the aquifer characteristics. 
Vertical geological variations are significant due to layering of the aquifer, 
and two main strata with different contents and properties were distinguished. It has 
been demonstrated that two main layers were distinguishable. Inevitably, this will 
influence the interactions between soil and water, and will create naturally different 
patterns. In addition, the presence of more clayey soils (sample MLS02-4 and 
MLS03-5) at -6 in and -7 in at MLS02 and MLS03 could significantly affect the 
geochemical processes at these locations and naturally create geochemical patterns 
different from other layers. 
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To distinguish geochemical patterns induced by natural variations from those 
induced by contamination and anthropogenic usage of the land, it is useful to refer to 
a. background area. The chosen area of reference for this study is ALO1 located up-
gradient from the waste deposit. 
In most cases, the groundwater chemistry depends essentially on recharge 
water chemistry and mineralogy of the soil [Jankowski and Beck, 2000]. The 
chemical compositions of recharge water and ALO1 pore water are presented in 
Table 3. The results are averages over several water samples. 
Table Vll.3. Typical chemical composition for ALO1 pore water and rainwater. 
Concentrations in mmolIl. 
Rain water 	ALO1 
Al 0.002 0.006 
Ca 0.030 0.099 
Fe 0.001 0.004 
K 0.098 0.020 
Mg 0.071 0.087 
Mn 0.001 0.001 
Na 2.311 0.690 
Cl 2.212 0.987 
SO4 0.613 0.416 
pH 7.15 6.91 
The rainwater presents non-negligible concentrations in marine ions Cl and Na. 
This is typical in coastal environment where sea spray mixes with atmospheric 
precipitations. The pristine background groundwater at ALO1 presents a low 
mineralisation, with low concentrations of all ions. The major cations are Na, K, Mg. 
and Ca, with Na dominating the chemistry. Saturation index calculations indicate that 
the ALO1 water is in equilibrium or slightly over-saturated with respect to all major 
minerals in the soils, except calcite for which the water is slightly under-saturated. 
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Figure Vll-7 presents the total contents versus depth. The figure is based on the 
soil total content data (Aqua Regia digestion) that can be found in the accompanying 
CD-ROM. The data indicate that the total elemental contents are not constant but 
show some variations over depth. Higher contents are seen in most profiles for 
deeper sections. From around -6 to -7 m downward, Al, Ca, Fe, Mg, Mn and Ni 
contents are higher compared with those in the upper section. This is particularly the 
case for Mg and Ca that also show a trend of increasing contents with the depth. 
The depth from which higher element contents are found corresponds to a 
change in the soil type, from river to marine alluvium sand. Marine alluvium sand is 
characterised by higher Ca and Mg contents due to the presence of shell fragments 
(CaCO3 and MgCO3). Al, Fe, Cd, Cr, Ni and Zn are also present in larger quantities 
in the marine sand; and such high contents are explained by the increase presence of 
clay minerals and oxides associated with larger proportions of fines. The combined 
effect leads to a large retention capacity of the marine sand for metal cations. This 
was revealed in previous discussion of the mineralogical and PSD results. 
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CD 	 Figure VII-7. Total content depth profile in mollkg of soil, for Al, Ca, Cd, Cr, Cu, Fe, K, Mg, Mn, Ni, Pb and Zn ,for ALO1. Depths 
0 are in m below ground level at MLSOI. 
The metal contents in the soil are low throughout the profile. Across the 
ALO1 profile, it was found that Cd <0.01 mmol/kg, Cr, Ni and Zn < 1 mmollkg, and 
Pb and Cu were below the detection limit (0.008 mmol/kg and 0.0026 mmollkg, 
respectively). Over the depth, Cd and Cr show similar patterns to that of the Fe 
content. No soil analyses were conducted prior to the industrialisation at the site; but 
the elemental total soil contents at AL01 are within the range of UK baseline values 
for similar quaternary sandy soils [BGS, 1993]. AL01 soil content values are 
therefore considered as the background values for the site against which the content 
depth profiles of the MLS transect will be compared (except for the clayey layers). 
The different origin and history of the successive layers composing the aquifer 
lead to inherent differences in the soil total contents. Control baseline values are 
necessary as a base for comparison, to allow for the distinction between natural 
variations in soil chemistry and patterns resulting from geochemical interactions 
between soil and polluted water. This stresses the absolute need for the consideration 
of geological and geochemical natural heterogeneity in soil and groundwater 
contamination studies [Fuller et al., 1996; Jankowski and Beck, 2000; Heron, 1998]. 
VII. 2.2. pH zonation 
As revealed by the site preliminary investigation, the acidic plume originating 
from the contaminant source near MLSO1 migrates through the aquifer. Figure 
VH-8presents the typical depth profiles of pH for the MLS boreholes. Similar 
patterns with depth are observed at MLS01 and MLS02. MLS03 exhibits a different 
trend, with a low pH zone at the mid-depth confined by zones of near-neutral pH. 
Overall, an increasing trend with depth is observed, with the highest value found at 













Figure Vll-8. Pore water pH for MLSO1, MLS02 and MLS03, June 2003. Depths in m 
below ground level at MLSO I. 
The pore water pH at MLSO1 and MLS02 increases with depth in a non-
linear way, with a series of abrupt steps separated by zones of relatively uniform pH.. 
A similar stepwise increase in pH values, as observed at MLSOI, has been described 
in studies of acid mine drainage cases [Dubrovsky, 1986; Blowes and Jambor, 1990; 
Coggans et al., 1999; Moss and Edmunds, 1992; Johnson et a!, 2000; Jurjovec et al., 
2002]. The pH plateaux were attributed to the successive buffering of the pH by 
dissolution of specific minerals, and the pH jumps were identified as the transitions 
between buffering zones. 
The natural heterogeneity in soil properties can produce considerable spatial 
variations in the groundwater flow and solute distribution in aquifers [Nielsen et al., 
1973; Biggar and Nielsen, 1976]. I investigate here if the observed patterns in pH 
distribution at MLSOI could be the results of preferential flow path and channelling 
of the acidic plume via more conductive layer. Table Vll.4 presents soil particle size 
distribution (PSD) and hydraulic conductivity for the depths of intere'st. 
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Table V111.4. PSD and hydraulic conductivity K for selected depths of MLSO1. PSD 
results in % total sample weight. Depth in in below ground level at MLSO1. 
Depths (m) Gravel (%) Fine(%) Sand (%) K (mid) 
3.50-4.50 2.45 8.50 89.05 12.44 
4.50-5.50 2.13 4.76 93.11 16.93 
5.50-6.50 4.00 0.52 95.48 22.11 
Between -3.5 and -6.5 m, the soil is composed of medium to medium fine 
sands with a small gravel fraction < 4 wt %. The hydraulic conductivity presents 
some variations over these depths, however these are limited and gradually 
increasing, and would not create sharp changes as we observe in the pH distribution 
at MLSO1. Although these changes might impact the contaminant distribution, they 
would not solely create the observed patterns. These patterns are therefore likely due 
to geochemical reactions between the soil and the flowing water. 
For MLSO1, three main plateaux can be observed at pH values of 
approximately 2.5, 4.1, and 6.5 between the depths of -2.5 in and -3.5 m, -3.8 in and 
-5.8 m, and below -6.8 m, respectively. At depth, pH remains relatively uniform 
varying between lightly acidic and near-neutral values (6.5-7), with a slight increase 
with the depth. 
Similar to MLSO1, a stepwise progression of the pH over the depth is 
observed at MLS02, but the plateaux and transition zones where the pH changes 
rapidly are less discernible than at MLSO1. The first buffering zone between -2 and - 
4.5 in is relatively extensive with the pH buffered around 2.5. In the second 
buffering zone between -6.5 and -7.5 m, the pH is buffered at about 4.1. This 
buffering plateau is particularly less obvious compared with MLSO1. In the deep area 
(below -7.5 m), the pH values are similar to those found at MLSOI at the third pH 
plateau. 
The sharp changes observed in the pH distributions indicates that the rates of 
molecular dispersionidiffusion are low and that the leachate residence time is 
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sàfficiently large relative to the rate of the geochemical reactions [Crawford, 1999]. 
A similar pH transition zone between pH 2.8 and 4.1 is found in both MLS01 and 
MLS02 profiles; but it extends over 2 in in the latter in contrast with only 1 in in the 
former, and at MLS02 the transition zones seem to prevail over the buffering zones 
themselves. The smearing of the pH front observed at MLS02 could be due to. 
increased dispersion/diffusion associated with faster advective flow that exists there, 
in agreement with findings from the previous chapters. The combined effects of slow 
reaction kinetics of the buffering processes and increased diffusion/dispersion would 
operate to smooth out compositional changes at MLS02. Also, the nature and • 
quantity of additional leachant that reaches the groundwater between MLS01 and 
MLS02 is not known, and would impact the pH distribution at MLS02. 
The pH depth profile at MLS03 does not present a stepwise downward 
progression as seen at MLSOI and MLS02. The profile is slightly acidic or near-
neutral (6 < pH <7), except for the depth between -6 and -8 in where a sharp drop in 
pH is observed with values decreasing from 6.5 to 4.5. A pH plateau is observed 
between -5 and -6.5 m, with pH values around 6.3. Another pH plateau is seen 
between -7 and -7.5m where pH is buffered at 4.1. From -7.5 in downward, the pH 
profile resembles that of MLS02: a transition zone is found between -7.5 m and -8.5. 
m, where pH values rise rapidly from 4.1 to 6.2. This is followed by a third pH 
buffering zone around 6.5 in the deep area. 
Monthly measurements of pH at MLSOI, MLS02 and MLS03 over the 14 
months of the monitoring period can be found in the accompanying CR-ROM, and 
plots of the basic statistical analysis of the data are presented in Appendix D. 5. Little 
changes were observed in the distribution of the pH at MLSO 1 and MLS02 over the 
monitoring period. On the contrary, the temporal pH evolution for MLS03 waters 
indicates that a significant decrease in pH values occurred during the course of the 
present study between -6 and -8 m. It is likely that the acidification at this depth is 
ongoing due to the acidic plume migration. 
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As the acidic plume migrates in the aquifer laterally and vertically, it reacts 
with the soil matrix into a series of buffering reactions. The nature and extent of this 
buffering will depend on the soil properties, in particular the mineral composition. 
The study of solid and dissolved phase chemistry, as well as the saturation 
index calculations, will help to identify mechanisms responsible for the observed pH 
profiles. Minerals composing the buffering sequences in the MLS transect will be 
identified. 
VII. 23. Acid neutralisation processes 
Buffering reactions can retard the lateral and vertical migration of the acidic 
plume in a series of pH buffering zones, as shown in the field [Dubrovsky et al., 
1985; Johnson et al., 2000] and laboratory experiments [Yan et al., 1999; Jankowski 
et al., 2000]. At the edge of the pollution plume, a dissolution front usually forms, 
where pristine soils react with the acidic plume. The buffering reactions are more 
effective and stop the progression of acidic plume. As the soil gets depleted in its 
buffering capacity, the low pH front migrates laterally and vertically with the flow. 
Based on findings from other studies, the major pH jump observed in Figure 
VH-8 between 4.1 and 6.5 would correspond to the sharp delineation between 
reacted and unreacted aquifer materials [Reuss and Johnson, 1986]. Deeper, Below - 
7 in at MLSOI and -8 in at MLS02 and MLS03, the acidity buffering capacity of the 
material here is greater than above as the aquifer material has not been in contact 
with the core of the acidic plume, and the first buffering system would be in action, 
i.e., carbonates, as it was revealed in CI-IAPTER VI. A zone of fast buffering is 
observed, with pH rising from 4.1 to 6.5 over a short depth. In the most surficial 
layers which have been under acidic conditions for a long time, the main buffering 
systems are exhausted and slowly dissolving Al silicates provide the main 
mechanism of pH buffering. These first assumptions on the different buffering zones, 
based on knowledge from other studies and findings are here investigated. 
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VII. 2.3.1. Carbonate system 
Often in sandy alluvium soils, carbonate minerals are composed of a mixture 
of calcite, magnesian calcite and dolomite in various quantities. The carbonate 
minerals present in the aquifer soils likely contains both Ca and Mg, as revealed by 
the mineralogical analysis and discussed in CHAFFER VI. 
Figure VII-9 presents Ca and Mg depth profiles for the MLS boreholes. At 
MLSOI, the, highest concentrations in Ca and Mg are found above -6 m; below this 
depth, concentrations are less than 3 mmobl. At MLS02 and MLS03, Ca and Mg 
depth profiles present similar patterns, with large concentrations up to 15 mniol/l 




























MLS02 -2 . 	 MLS03 
-10 	 -10 
::. 	 ..12 
5 	10 15 20 	0 	5 	10 15 20 	0 	5 	10 15 20 
Ca (mmoVl) 	 Ca (mmol/1) Ca (mmol/1) 
.2 





-12 	 -19  
5 	10 15 20 	0 	5 	10 15 20 	0 
	
5 	10 15 20 
Mg (mmol/I) Mg (mmol/1) Mg (mmol/1) 
Figure VII-9. Dissolved Ca and Mg concentrations (mmolll) versus depth at the MLS 
boreholes. Depth in in below ground level at MLSOI. 
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Zones of carbonate depletion 
In the upper section of M1,SO1, pH values are below 4.5 and the carbonate 
contents range between 0.00 1-0.006 wt %; the pool of reactive carbonates has been 
depleted by buffering reactions, as typically for areas where pH <4 [Dubrovsky, 
1985; Appelo, 1994; Stumm and Morgan, 1996]. This is consistent with the low 
saturation indices (SI < -6) calculated for calcite and dolomite, indicating that the 
pore water is largely under-saturated with respect to carbonate minerals. This is also 
consistent with the absence of calcite observed during the mineralogical analysis, and 
the low Ca and Mg contents of the natural soil (Figure Vfl-10). Similar conditions 
were observed for MLS02 above -7 m. 
Where carbonates are depleted, other reactions or external sources are 
responsible for the presence of dissolved Ca and Mg concentrations in the 
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Figure VU-lO. Ca and Mg total soil content (mmollkg soil) versus depth for MLS 
boreholes (dark line) and ALOI (grey dots). Depth in in below the ground level at 
MLSOI. 
Zones of carbonate buffering 
Geochemical modelling indicates that the pore water chemistry approaches 
equilibrium with calcite and dolomite below -7 in at MLSO1 and MLS02, and below 
the low pH area (-7.5 m) at MLS03 (Figure VU-I 1). These zones correspond to the 
third pH buffering zone that was identified at depth at the three MLS boreholes. 
Clearly carbonate dissolution is the main buffering process in these parts of the 
aquifer. The carbonate system inhibits the lateral and vertical progression of the 
acidic plume, and explains the pH plateau observed in the deep zone of the MLS 
transect. It also explains the large cation excess compared with the conservative 
Mfl 
concentrations (based on Cl data) observed during the investigation of the saline 
zone. 
In the surficial layers of MLS03, between -6 m and -5 m, carbonate buffering 
could be a likely process too. This hypothesis is supported by: 1) the higher pH 
values around 6.5 (Figure VII-8); 2) the presence of Ca in relatively high 
concentrations (5 mmolll); and 3) the SI calculations indicating that the water was 
slightly under-saturated with respect to calcite. The dissolved Mg was however 
limited at these depths. The arrival of the acidic plume here would be relatively 
recent. The lesser dissolved Mg could be explained by the much faster rate of calcite 
dissolution compared with that of dolomite dissolution and by the considerable time 
that is needed for water to reach saturation with dolomite compared with calcite 
[Busenberg and Plummer, 1982; Chou et al., 1989]. The relative proportion of Ca 
and Mg in the dissolved phase also depends on the relative amount of the different 
types of Ca and Mg bearing carbonate minerals (calcite, magnesian calcite, 
dolomite) encountered by the flow. The precise determination of the types of 
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Figure VII-!!. Saturation indices for calcite (o), dolomite (*), and siderite (+) at 
MLSOI, MLS02 and MLS03. Depth in m below ground level at MLSO1. 
The saturation index calculations also indicate that if present, siderite could 
dissolve over the depth between -6 and -8 m at MLSOI. This is in agreement with. 
it;.'!' 
high dissolved Fe concentrations in the groundwater. Further, the slight saturation to 
over-saturation observed down-gradient at MLS02 and MLS03 indicate that siderite 
could then precipitate where conditions are favourable. This is supported by the 
disappearance of Fe from the dissolved phase from -8 m, and by higher Fe contents 
of the soil at these depths. However similar observations (increase in solid Fe and 
reduced dissolved Fe) could be the results of other processes such as precipitation of 
Fe-oxide phase, and processes affecting Fe species will be further discussed in a next 
section. 
Comparing situation at MLSOI, MLS02 and MLS03 
Below -8 m, relatively low Ca and Mg concentrations are observed at MLSO1 
compared with the concentrations in the down-gradient zone. The flow in the inland 
area is mainly horizontal and MLS01 is located at the acidic source (with the inland 
boundary of the acidic waste located 10 to 15 m up-gradient from MLSOI). Hence at 
MLSO1, the acidic plume vertical migration is rather limited to the shallow depths. 
The deeper areas have not been impacted by the acidic leachate in the same way as 
down-gradient at MLS02 and MLS03. The carbonate-buffering system is little 
solicited and hence lower dissolved Ca and Mg concentrations were observed in the 
deep area of.  MLSO1. 
Acidic plume retardation 
The degree of acidic plume retardation in the aquifer can be estimated by 
considering carbonates as the main buffering system [Dubrovsky et al., 1984]: 
R = Fl + 2mC3l 
L mHtotalj' 	 (24) 
where R is the retardation factor, mCaCO3 is the amount of calcite in contact with 
1L of water and mHtotal is the molar concentration of H (e.g., 10PH)•  Assuming a 
pH leachate of 1.8, a porosity of 0.2, an average soil density of 2.65g/cm 3 , and 
average carbonate content of 0.005 wt %, one can calculate a retardation factor of 
4154. With an average horizontal flow velocity of 0.03 rn/day, it would take 56 
years for the acidic plume to reach MLS03 from the acidic source near MLSOI (80 










































flow model) and does not take into account any mechanical dispersive or molecular 
diffusive processes which would increase the dilution of the plume and retard further 
its migration. In addition, the total sum of the main acid-forming species should be 
considered to estimate mJ-ttotal. At this stage, only J-f' was considered in the 
calculation. 
VU. 2.3.2. Al-bearing minerals 
Along the MLS transect, the field data indicate that dissolved Al 
concentrations exhibit large variations laterally and vertically. The depth profiles of 
Al concentration are presented in Figure VH-12. 
Figure Vll-12. Pore water Al concentrations (mmol/I) versus depths at MLSOI, 
MLS02 and MLS03. 
At MLSO 1, high concentrations ranging from 2 to 6 mmolIl were found down 
to -6 m. Below this depth, Al was not detected. At MLS02 between 4 and -6 m, Al 
concentrations decrease with depth from 2 to 0.5 mmol/l. A peak concentration (3 
mmolIl) was observed at -6.8 m. Below -7.5 m, concentrations are below the 
detection limit. At MLS03, Al was only detected between -6 and -8 m with 
concentrations around 2.5 mmolll. 
Highest Al concentrations were observed at depths where pH is buffered at 
pH 4.1-4.5. A sharp decrease in Al concentrations at MLSO1 (from -4.3 to -3.3 m) 
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and MLS02 (from -6.8 to -6.3 m) coincides with a sharp decrease in pH, suggesting 
that the release of Al is linked to pH buffering reactions. Three dominant processes 
can have such pH buffering effect, in relation with Al species [Appelo and Postma, 
1994]: 
• Dissolution of Al(OH)3 and Al-sulfate phases; 
• Ion exchange; and 
• Weathering of primary silicates. 
The sudden decreases in dissolved Al observed between -4.3 m and -3.3 m at 
MLSO1, and between -6.8 to -6.3 m at MLS02 correspond to a major change in the 
pore water equilibrium state with respect to Al(OH)3 minerals (Figure VH-13). 
Where the Al concentrations are high, the pore water is near equilibrium with 
amorphous Al(OH)3 and at equilibrium with gibbsite, suggesting that these phases 
could control pH buffering. The SI calculations indicate that an amorphous Al(OH) 3 
equilibrium rather than a gibbsite equilibrium is more likely to control pH at these 
depths, except for MLS03. 
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Figure Vll-13. Calculated saturation indices for A1(OH) 1 oSO4 (+), gibbsite (o) and 
Al(OH)3 (*) for MLS waters. 
These results suggest that the acidic pH of the groundwater at MLSOI is 
buffered at 4.1 by equilibrium with Al hydroxides, as it has been shown in previous. 
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studies of UK Triassic sandstone aquifers [Edmunds et al., 1992; Thornton et al., 
2000]. The Al(OH)3 dissolution is fast and can bring large amount of Al ion into the 
pore water [Appelo, 1994] while buffering the pH, following the reaction: 
Al(OH) 3 +3H -> A1 3 +3H20 	 (25) 
Equation (23) indicates that the equilibrium with A1(OH)3 results in a cubic 
relationship between A1 3 and H according to: 
{A1}1{H +}3 =K50 , 	 (26) 
where curled brackets denote activities and Kso is the solubility product constant of 
Al(OH)3. In a logarithmic form, equation (24) gives: 
pA1=3pH—logK 0, 	 (27) 
giving a linear relationship between pAl and pH with a slope of 3 and intercept of log 
K50. The most frequent value used for the solubility product constant is 8.11 [May et 
al., 1979]. 
To verify the possibility of an Al(OH)3 phase as the main buffer of pH at 4.1, 
the relationship between the pore water concentrations of A1 3 and H was further. 
investigated. Figure VII- I 4.a) presents a plot of pAl versus pH for all MLS water 
samples, as well as the pAl-pH relationship (dashed line) required by the gibbsite 
equilibrium as defined by equation (25) with log K50 = 8.11. 
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Figure Vll-14. a) Plot of pAl versus pH for MLS waters. b) Saturation index values 
for Al(OH)3, Gibbsite and A14(OH)10SO4 at MLSOI. 
The plot indicates that the MLSOI water samples with pH > 4 are all super-
saturated with gibbsite (plotting on the right of the dashed line defining gibbsite 
equilibrium), whereas for pH <4 the solutions are under-saturated with this mineral 
phase (plotting on the left of the dashed line). These results are confirmed by the SI. 
calculations (Figure Vll-14.b)). The data points of MLSOI waters with pH between 
4 and 6 can. be  fitted with a linear regression model defined by the equation pAl = 
2.2664pH - 6.4573. The good linear fitting suggests that the dissolution of an 
Al(OH)3 phase is the main reaction controlling the pH between 4 and 6, in 
accordance with SI calculations. The pAl-pH plot gives a slope of 2.27 for these data 
points, which is less than what would be expected for an Al(OH)3 solubility control 
only, following equation (25). The intercept is 6.457, which is less than that for. 
gibbsite (8.11), indicating a lower solubility. The results suggest that although 
dissolved Al and pH are mainly controlled by Al(OH) 3 solubility, other processes 
involving Al are also ongoing. 
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The geochemical modelling indicates that AlSO4 is the dominant Al species' 
in the solution. In addition, Al complexation with organic matter is an important 
process in soils even with low SOM contents [Sposito, 1989], and could be 
significant here. Thus, the formation of Al-complexes could explain the lower log 
Kso observed for MLSOI, as Al complexation can reduce the Al-oxide solubility 
constant considerably [Palmer and Wesolowski, 1992]. The smaller slope describing 
the pAl-pH relationship for the field data could be explained by the release of Al into 
the solution by other buffering processes operating at these depths; this will be 
investigated in the following section. The value of the solubility constant would also 
depend on the degree of crystallisation of the Al(OH)3 minerals found in the aquifer 
soils. In addition, the SI calculations indicate that Al-sulfate minerals such as 
A14(OH) 1 0SO4 could also play a role, although these minerals were not detected by, 
the mineralogy analysis. 
At the other MLS boreholes, the control of Al and pH by the Al(OH)3 phase 
between pH 4 and 6 is not so obvious . For MLS03, there are few data in this pH' 
range. At MLS02, a similar linear relationship could exist between pH and pAl 
values, with the reaction equation as pAl = 1.6122pH - 3.92. However, this is less 
obvious than the MLSOI situation. As mentioned previously, it is likely that the, 
situation at MLS02 is more complex. In theory, the products of reactions at MLSOI 
would migrate down-gradient and be found at MLS02. The section between MLSO1 
and MLS02 was not covered by the present study. 
Under low pH conditions, Al-oxides are likely depleted from the solid phase, 
leading to more acidic pH [Jurjovec, 2002]. Thus, most of the dissolved Al found in 
the aquifer where pH <4 must have originated from other sources. A known source 
is the leaôhate from the waste layer. Given the low pH conditions, the slow 
weathering of Al-bearing silicate minerals could also provide Al and participate in 
the acidity buffering. A typical dissolution reaction for Na and K feldspars (albite 
and microcline) can be written as: 
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(NaIK)A1Si 3 O8 +4H 	+4H20 (aq) 
(Na /K) (aq)  +A1 3 +3H4SiO4 (aq) 	
(28) 
In natural groundwater environments, the dissolution of primary silicate often leads 
to precipitation of secondary feldspar minerals such as kaolinite: 
(Na / K)A1Si3O8 (s)  + 2H 	+ 9H20 -p 
2 (Na / K) + 	AI 2Si2 (OH)4 + 4HSiO 	(29) 
The dissolution reaction is then incongruent and does not release A1 3 into the 
solution. 
Regardless of the pH conditions, silicate minerals buffer the pH. However, 
their dissolution rates are pH dependent; and at high pH buffering by silicates is 
usually negligible. Rates of Al-silicate dissolution and associated acid neutralisation 
are slow relative to those of other minerals, with a dissolution rate as much as 7 
orders of magnitude slower than the dissolution of calcite at near neutral pH. 
Nonetheless, silicate mineral dissolution can be a significant source of buffering in 
the field situations (such as AMD sites) where acidic leachate has been active for 
decades and other primary buffering systems have been exhausted [Dubrovsky et al., 
1985; Blowes and Ptacek, 1994; Johnson et al., 2000; Sracek et al., 2004]. It also 
becomes an important pH buffering mechanism for soilary soils poor in carbonate 
materials [Moss and Edmunds, 1992; Appelo and Postma, 1994]. Both a long term 
acidic leachate and relatively low carbonate content are characteristics of the present 
research site, suggesting that pH buffering by Al-silicate dissolution may be 
relatively significant. 
In some parts of the transect, the pH conditions are favourable for silicate 
weathering, in particular in the surficial layers of MLSO1 and MLS02. An increase of 
Si concentration with increasing pH values for the first few ports of MLSO1 and 
MLS02 clearly indicate that the dissolution of silicate mineral is on-going and 
buffers the pH (Figure Vll-15). 
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Figure VH-15. Si concentrations (mmolIl) versus pH values at MLSO1 (grey cross 
symbol) and MLS02 (black dot symbol). Labels indicate port numbers. 
At MLSO1 and MLS02, the Si peaks (Figure VH-16) correspond to zones • 
where the pH rises rapidly from values less than 3 to 4.1 where the pH forms a 
plateau. At MLS03, the peak in Si corresponds to the acidic layers where pH is close 
to 4. In the deeper layers where pH> 6, the Si concentrations decrease rapidly and 
the values become negligible below -6 m at MLSO1, and -8 m at MLS02 and 
MLSO3. 
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Figure Vll-16. Pore water concentrations of K, Si, Al and Na (mmolJl) versus depth 
at the MLS boreholes. Depths in m below ground level at MLSOI. 
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At MLSO1 and MLS03, high concentrations in both Si and Al suggest the 
dissolution of Al-silicates (Figure VH-16). In the shallow area of MLSO1, where pH 
is acidic (2.8), the rise in Al concentrations corresponds to a similar increase in the 
concentrations of Si and Na, suggesting that albite dissolution plays a role in the 
buffering processes. Also a slight increase in K at these depths indicate that 
microcline probably also dissolves. The buffering is however limited by the 
dissolution rate of these minerals, and the pH is buffered to a very low value of 2.8. 
- 	At MLS02, the Al concentrations are much lower than at those of MLSOI but 
the Na concentrations are significant. Around the 4.1 pH buffering zone, similar 
increases in the Al and Si concentrations are found, suggesting that Al-silicates could 
buffer the pH here. 
Although the presence of both Si and Al in the groundwater suggests that Al-
silicate buffering is occurring, the identification of the minerals involved is more 
complicated. Silicate weathering is controlled by slow dissolution kinetics and an 
equilibrium state with respect to the passing water is rarely obtained in transient 
systems [Bain et al., 2000]. Thus, the results from the geochemical modelling 
(saturation index calculations) presented in Figure VII-! 7 have to be taken with 
particular caution as they do not include these kinetics considerations. The saturation 
indices essentially indicate only which reactions are thermodynamically possible. 
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Figure Vll-17. Calculated saturation index for muscovite (*), kaolinite (o), microcline 
(), illite (+), and albite (x) versus depth for MLS waters. Depths in in below ground 
level at MLSO I. 
At MLS01, the peaks in the concentrations of K, Mg, Si and Al are found between -3 
and -5 in where a slight increase in the Na concentration also occur (Figure VH-17). 
The groundwater is under-saturated for albite, microcline and illite. Microcline and 
albite were detected by XRD at these depths, and would dissolve and buffer the pH. 
Elite was not detected and is probably depleted. At low pH (<3) and around 250C, 
the dissolution rate of albite is two-fold larger than those of other Al-silicates. 
[Stumm and Morgan, 1996, and references therein], and albite will therefore undergo 
a more significant weathering compared with other silicates. Albite dissolution 
would be most significant in upper part of the profile where pH <4, as the reaction 
rate increases with decreasing pH [Chou and Wollast, 1984; Chen and Brantley, 
19971. Above -4 m, the ground water is also under-saturated with respect to the 
investigated Al-silicates, although the pore water reaches near-equilibrium with 
kaolinite. These minerals have not been identified in the solid phase at these depths. 
and are likely absent or in very low contents. The SI calculations for amorphous Si0 2 
are not presented but also indicated that Si02 could dissolve at all depths and act as a 
buffer where pH is acidic. Deeper in the MLSO1 profile, the dissolution would be 
negligible for all silicate minerals as the pH reaches near-neutral values. 
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At MLS02, the abundance of Na in the upper layers suggests that the 
dissolution of albite is probably significant. This is supported by the abundance of 
this mineral in the soils and its greater weatherability under acidic conditions 
compared with other silicates. The presence of K suggests the dissolution of 
microcline and muscovite, whereas Mg may originate from the dissolution of illite 
and clinochiorite. 
At MLS03, Al-silicates dissolution would be only significant where the pH is 
acidic. Deeper in the carbonate buffering zone, although the SI calculations indicate 
that the pore water is under-saturated with albite, illite and microcline, the 
dissolution of these minerals would not be occurring due to minimal dissolution rates 
under near-neutral pH conditions. 
The evaluation of silicate weathering via the mass balance approach as 
described in Appelo and Postma [1994] could not be applied here considering the 
multiple sources for the elements (from the diverse waste materials, from in-situ 
reactions), the rapid lateral and vertical changes in pore water chemistry and the 
rather sparse information available on the contaminant inputs to the groundwater. 
VII. 2.3.3. Surface reactions 
The different buffering reactions identified above release significant amount 
of cations into the solution. Subsequent to a new pore water chemistry, a new. 
equilibrium among the minerals, pore water and exchange sites will be established. 
In particular, exchange reactions will be significantly affected by addition/removal of 
dissolved species. In pristine aquifers, exchange sites are mostly saturated with Ca, 
Mg and K. The presence in solution of new species will create competition between 
cations for the exchange/sorption sites, and a new equilibrium will be in established. 
At low pH, surface reactions between soil and cations are not significant as 
the permanent charge exchanger sites are occupied by W, and the pH-dependent-
charge exchange sites are positively charged. At high pH, exchange reactions can 
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become significant, in particular for metal cations. Sorption and exchange reactions 
are the two main surface reactions. Exchange reactions are defined as the exchange 
of two species, mainly involving base cations Na, Ca, Mg and K. Sorption reactions 
are surface reactions between the soil and solution, and are especially relevant for 
studies of the transport of trace metal contaminants in groundwater. 
Given the mineralogical results, the surface reactions in the aquifer would be 
limited especially in the river alluvium layers. For the marine alluvium section, the 
surface reactions would be more significant due to both more favourable pH 
conditions (pH > 4) and a larger CEC. Cation exchange processes could be 
considerable for the clay lenses found at MLS02 and MLS03, considering the much 
larger CEC characterising these layers. 
In acidic conditions, the exchange reactions are complicated by the possible 
participation of Al, which has a high affinity with the exchange sites and may 
compete with other cations during sorption reactions. In that way, these reactions can 
increase the buffering by Al-oxides by allowing additional Al(OH) 3 to dissolve until 
an equilibrium between gibbsite, the exchange complex and the solution is reached. 
The opposite effect can also occur; for example, due to its higher affinity for 
exchange sites, Na can prevent Al fixation, and even flush out Al, slowing down the 
kinetics of gibbsite dissolution [Appelo and Postma, 19941. 
In the deep areas of the aquifer where carbonates buffer the pH, it has been 
shown in CHAFFER VI that cation exchange would be occurring between the base 
cations Ca, Na, Mg and K were involved in cation exchange reactions. Given the 
large amount of Ca and Mg released into the solution, it is likely that they become 
the favoured cations and are fixed while other cations previously present on the 
exchanger sites are flushed out. This could be significant for the extent of the 
buffering, as the sorption of Ca and Mg would increase the dissolution of carbonate 
'minerals [Appelo and Postma, 1994]. 
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As discussed in the mineralogical results presented in this chapter, the clay 
minerals identified in the soil samples present some but limited exchange properties. 
Due to their abundance, Fe and Mn oxides are the main elements that could present 
significant sorption properties at the site. In fact it has been often shown that the 
primary mechanism controlling the fate of dissolved heavy metals in many AMD 
type waters is the adsorption to and co-precipitation with Fe oxyhydroxides for pH> 
4 [e.g. Blowes and Jambor, 1990; Stollenwerk, 1994; Johnson et al., 2000]. Knowing 
the fate of Fe will thus bring clues on metal mobility. Under conditions of near 
neutral to high pH, oxide minerals have a negative charge and could present an 
excellent substrate for metal cation sorption, with CEC values up to 500 meq/1 OOg at 
near neutral pH. As pH becomes more acidic, H competes effectively for the 
exchange sites, and below pH 4, oxides become increasingly soluble with a lesser 
capacity for cation exchange. 
Also, organic matter could play a role in exchange reactions. For example 
recent studies have suggested that OM plays a major role in affecting the Al 
behaviour [Mulder and Stein, 1994; Berggren and Mulder, 1995; Wesselink et al, 
1996]. More recently, Gustaffson et al. [2003] have shown that the control of Al by 
complexation to organic matter may occur in a variety of soils. Although it is likely 
that these processes will have an impact, the data available to date do not allow 
further investigation on this point. 
VII. 2.4. Redox dependent species 
The redox reactions play a major role in the geochemistry of free metal ions. 
The redox potential is a parameter as important as pH in controlling the behaviour of 
dissolved and solid species involved in redox reactions. In addition, certain redox 
reactions can release or consume protons in the groundwater and affect the pH. 
distribution. 
The redox condition and distribution of redox-dependent species have been 
extensively investigated in CHAPTER VI in relation to the anomalies observed in 
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the Br concentrations. However some points were left for further discussion. Here we 
investigate the consequences in terms of buffering and acidity, and possible reactions 
that would impact metal contaminants. 
VII. 2.4.1. Ehvalues 
The redox potential Eh measured in the field can only be a semi-quantitative 
indicator of the redox conditions in water, since, it is an average of all the redox 
values for the different redox couples present [Appelo and Postma, 1994]. Only 
when the redox couple dominating and controlling the electrode potential has been 
identified are the Eh measurements quantitatively meaningful [Appelo and Postma, 
1994 and references therein]. 
AMD waters and other acidic waters with similar characteristics are usually. 
of a mixed redox chemistry. Only by determining relevant redox species can one 
interpret the. redox chemistry of the water. Nordstrom et al. [1979] showed that AMD 
type waters typically have sufficient iron concentrations to give an equilibrium 
potential at the platinum electrode for the redox couple Fe(IH)IFe(II), but that the 
021H20 redox couple was usually far from equilibrium with respect to the iron 
couple. 
In the present case, Fe is the only redox dependent species found in large 
concentrations in the groundwater and is likely controlling the redox conditions. To 
verify this, the equilibrium Eh values were calculated for the Fe(ffl)/(H) redox couple 
based on the main redox reaction as follows: 
Fe(OH)3 +3H+ e <-p Fe2 +3H20 	 (30) 
with log K = 17.1 at 25C° [Stumm and Morgan, 1996]. This leads to the following 
equation for calculating pe: 
pe= logK_log{Fe2+}_3pH 	 (31) 
Using equation (29), the equilibrium pe values for the Fe couple were calculated for 
each location, as presented in Table VII.5. Fe speciation was calculated using a 
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geochemical model explained in the following section. Field Eh measurements were 
corrected to the standard hydrogen electrode (+240mV). 
Table Vfl.5. Calculated and field redox potentials for selected depths at MLSO1, 
MLS02 and MLS03. Calculated pe values are based on Fe(OH)3 dissolution under 
acid condition as a half reduction reaction, with Fe(IH)IFe(ll) as the leading redox 
couple and log K25 = 17.1. Fe speciation was calculated with MJNTEQ database. 
MLS01 	(waste) 	2 	3 	5 	6 	7 	9 	13 
depths -0.5 -2.887 -3.387 	-4.387 	-4.887 -5.387 -6.387 -8.387 
pH 1.95 2.75 2.97 4.07 4.10 4.22 6.12 6.48 
pefleld 13.00 11.52 9.44 	6.41 6.15 6.19 2.99 1.72 
(corrected) 
pe(calculated) 15.86 12.20 11.10 	. 	 7.29 7.44 7.05 	. 2.16 1.83 
Fe(II) 0.0246 0.449 1.23 3.94 2.31 2.43 0.378 0.0681 
(mmolIl) 
Fe(1I1) 18.6 35.1 0.844 	0.0187 	0.0073 0.0131 0.0095 0.0005 
(x 102 
mmol/1) 
MLS02 2 3 4 	5 6 	7 9 11 12 13 
depths 4.32 -4.82 -5.32 	-5.82 -6.32 	-6.82 -7.82 -9.32 -10.32 -11.32 
pH 2.43 2.93 3.58 4.08 4.47 4.21 5.73 6.11 6.13 6.331 
pefield 10.66 9.18 8.10 	7.72 7.01 	7.10 2.64 2.96 2.74 2.74 
(corrected) 
pe 12.15 10.67 8.67 	7.35 6.05 	6.72 2.24 1.17 1.70 1.07 
(calculated) 
Fe(ll) 4.52 4.3378 4.8723 	3.2397 4.3676 	5.5894 4.7184 3.9886 1.0271 1.0977 
(mmolII) 
Fe(ffl) 49.853 1.7466 0.3028 	0.3373 • 0.2104 0.418 0.0052 0.0445 0.0083 0.0242 
(x 102 
mmol/1) 
MLS03 1 2 3 	4 	5 6 	7 8 9 10 11 
depths -4.30 -4.80 -5.30 	-5.80 	-6.30 	-6.80 	-7.30 -7.80 -8.30 -9.30 -10.30 
pH 6.01 6.29 6.59 	6.35 	6.24 4.57 	4.41 5.86 6.34 6.55 6.7 
pe field 5.25 2.57 2.05 	3.87 	4.02 6.38 	6.03 2.86 2.89 2.60 2.50 
(corrected) 
pe(calculated) 1.78 1.01 0.21 	0.56 	0.88 5.64 	6.57 2.30 1.06 0.63 1.31 
Fe(ll) 1.95 1.65 1.31 	3.10 	3.18 5.60 	2.01 1.65 1.03 0.66 0.05 
(mmol/1) 
Fe(ffl) 4.27 0.028 0.025 	1.20 	0.99 0.180 0.015 0.005 0.033 0.029 0.003 
(x 10 mmolJl) 
The results showed that pe calculated based on Fe(OH) 3 reduction as main. 
redox reaction compares well with the bulk measured pe at MLSO1, and for MLS02 
where pH <4.5 (Table VTI.5). For these waters, the ferric-ferrous iron redox couple 
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controls the redox potential, as it is the case in most AMD studies where iron 
concentrations are elevated [Dubrovsky et al., 1984; Sracek et al., 2004], and the 
solution is close to an equilibrium with the Fe(OH)3 phase. This confirms previous 
findings by Nordstrom [1979]. At depth of MLS02, it is likely that additional or 
other redox reactions are occurring, as corrected field data are much higher than the 
calculated values. 
The situation is different at MLS03, where large discrepancies exist between 
the calculated and measured pe values except for waters where 4 < pH < 6. Reactions 
involving redox couples other than Fe(III)fFe(fl) would occur and control the redox 
conditions at MSL03. Likely candidates are reactions involving nitrates, Mn oxides, 
or sulfate. As mentioned earlier, the lack of data on specific species does not permit 
calculations of equilibrium Eh values for other couples and limits further 
investigation on these redox couples. 
VII. 2.4.2. Eh zonation 
The Fe couple has been established as a governing redox couple at MLSO1,. 
MLS02 above -8 in depth, and for acidic layers of MLS03. In light of these results, 
Eh zonation can be defined. Figure Vll-18 presents the depth profiles of measured 
Eh for the three MLS sites. 
These Eh depth profiles present great variations, with zones where Eh is 
stable over depth (called poised zones) and other where Eh values vary rapidly, 
similar to the pH value distribution. In poised zones typically, the Eh is buffered and. 
controlled by redox reactions involving the main redox couple. When the electron 
acceptor is depleted, the Eh drops rapidly until the level of the next redox couple is 
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Figure Vll-18. Pore water Eh (mV) versus depth for the MLS boreholes. Depth in m 
below ground level at MLSOI. 
At MLSOI, a first Eh plateau is seen between -2.4 and -2.9 m, with Eh values• 
above 650 mV. Between -3 and -4 m, the pore water Eh decreases steadily to reach 
an Eh plateau around 400 mV between -4 and -6 m. This is followed by a rapid drop 
in Eh from 400 mV to 200 mV between -6 and -6.5 m. Below this area, the Eh values 
are stable around 100 mV. 
A roughly similar depth profile is found for MLS02 with some differences. 
The first Eh plateau at 650mV extends vertically between -2.5 and -4.5 m, whereas 
the second plateau at 400 mV is not well-developed compared with the situation at 
the MLSOI site. The last buffering zone extends from -8 m downward with values 
around 150 mV. 
MLS03 presents a quite different pattern from those of the other locations, 
and is somewhat less straightforward. Down to -5.3 m, the Eh values are much lower 
than those of the other MLS boreholes. The pore water chemistry in the upper part of 
the MLS03 profile is very different from what is observed up-gradient at MLSOI and 
MLS02. The pore water is not highly mineralised and the pH is around 6.5. Up-
gradient, the presence in solution of oxidised species (in particular the products from, 
waste oxidation sulfate and H) would create higher Eh values in the shallow depths 
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of MLSOI and MLS02. This is in a way supported by the evolution of Eh with depth 
at MLS03, where higher values are only observed where acidic conditions and larger 
dissolved concentrations are found. 
The pe values indicate that pore water is far from equilibrium with the 
Fe(OH)3 phase in the surficial layers of MLS03, and the Fe couple does not control 
the redox values. The depth profile in the upper part of MLS03 probably represents 
the natural "original" redox conditions in the aquifer since this area is not affected by 
the acidic contamination. Between -5.3 m and -6.8 m, where acidic conditions exist, 
the Eh values increase and the pore water is near equilibrium with the Fe(OH)3• 
phase, which likely controls the redox potential. From -6.8 m downward, the Eh 
distribution (with constant Eh values over depth) is similar to that of MLS02 at 
similar depths. 
Given the complexity of redox processes and the lack of data at this stage of 
the research, we will examine only the redox reactions that could have an effect on 
groundwater pH and dissolved metal contaminant behaviour. As suggested• 
previously, given the high concentrations of dissolved iron, Fe-oxide reduction is 
clearly an important process. Concentrations in Mn are low and redox buffering by 
Mn-oxides is thus limited. In addition, Fe is the main couple governing the redox 
potential at most depths. Therefore the study focuses on redox sensitive species Fe 
and sulfate. 
VII. 2.4.3. Fe speciation and solubility control 
The calculation of water speciation (MINTEQ database) indicates that free 
Fe2  dominates the iron speciation in the aquifer (Table VII.5). This was expected, as 
upon sample collection in the field, a red coloration formed in most water samples, 
which is typical of Fe-oxides precipitation as Fe(II) rich groundwater comes into 
contact with atmospheric oxygen. This observation also indicated that the. 
groundwater was depleted in dissolved 02 probably due to the rapid 02 consumption 
by oxidation reactions in the shallow depths of the aquifer. In the first meter of 
218 
MLS01 and MLS02, where conditions are very acidic, the calculations indicate that 
Fe3 would co-exist in a considerable quantity with Fe 2 . This is predicted by the. 
typical pE-pH diagram for Fe [Stumm and Morgan, 1996]. Deeper, with increasing 
anoxic conditions, Fe 3 becomes rapidly unstable and reduces further to Fe 2 which 
thereafter dominates Fe speciation. Although an experimental determination of 02 
was not performed, in the speciation calculations, it was considered that the aquifer 
was rapidly depleted in 02.  Figure Vll-19 presents the depth profiles of Fe 2 and Fe3 
for the three MLS boreholes. 
MLSOI 
Maximum pore water Fe 2 concentrations are found between -4 and -6 m at 
MLSOI, corresponding to the pH buffering zone at 4.1, the Eh buffering zone at 400 
mY, and to a depletion in the solid iron content (Figure VII-20). This suggests that 
reactions involving dissolution-precipitation of Fe-bearing minerals would play a 
role in both pH and Eh buffering at these depths. 
Typical sources of Fe in the groundwater are the reduction of iron oxides and 
the dissolution of iron bearing minerals such as pyrite, siderite, and Fe(ll)-bearing 
silicates [Appelo and Postma, 1994]. During mineralogical analyses, a considerable 
amount of Fe as amorphous iron oxide coating on the surface of quartz and feldspar 
grains could be observed. Given the low pH conditions, it is reasonable to expect that 
Fe-rich particulates and surface coatings would readily dissolve [Zinder et al., 1986]. 
This is supported by the saturation index calculations which indicate that at these' 
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Figure Vll-19. Pore water Fe(H) (circle symbol) and Fe(IH) (star symbol) (mmolIl) 
versus depth at the MLS boreholes. Depth in m below ground level at MLSOI. 
The dissolution equations for amorphous Fe(OH)3, goethite and hematite 
under acidic conditions are respectively: 
Fe(OH) 3 +H —* Fe 3 ' + 3H 20 	 (32) 
FeOOH+3H <—> Fe 3 +2H20 	 (33) 
Fe 20 3 +6H <— 2Fe 3 +3H 20 	 (34) 
In most cases, Fe 3 is unstable and further reduces to Fe 2t Dissolution of Fe 
oxides is usually more significant in a reducing environment [Hering and Stumm, 
1990]. This is consistent with the increasing dissolved Fe(H) with depth in the 
aquifer, due to increasingly reducing conditions as indicated by lower Eh values. 
Below -6.5 m at MLSOI, pH increases to 6.5 and Fe2 is not found in the 
solution, indicating strongly reducing conditions [Appelo and Postma, 1994. This is 
supported by the soil total content data which showed a Fe enrichment between -5.5 
and -7.5 m compared with the control values. Due to high pH, the conditions are 
favourable for precipitation of Fe minerals below -6.5 m, and the SI calculations 
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Figure Vll-20. Fe total soil content (mmollkg soil) versus depth for MLS boreholes 
(dark line) and ALOI (grey dots). Depth in m below ground level at MLSO1. 
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Figure VH-21. Saturation indices for ferrihydrite (o), hematite (*), goethite (-) and 
siderite (+) versus depth for selected MIS waters. The first data point at MLSO1 is for 
the batch water suspension of waste sample, other points are for pore water samples 
extracted via the MIS ports. Depths in m below ground level at MLSO1. 
The increased alkalinity due to carbonate buffering suggests that the 
availability of HCO3 may allow the precipitation of siderite. For ferrihydrite, the Eh 
221 
equilibrium calculations showed that the pore water is close to an equilibrium with 
Fe(OH)3 at this depth following: 
Fe2 + 3H 20 - Fe(OH) 3 +3W + e 	 (35) 
The reaction would lead to increased acidity generated by the hydrolysis of Fe(ffl), 
and could explain the slightly lower pH value observed at -6.5 m (Figure VH-8). For 
such a reaction to occur, an electron acceptor (oxidant) is required. Potential oxidants 
are nitrate and Mn oxides. The reduction of Mn-oxides by Fe(H) has been described 
in many previous studies [Stollenwerk, 1994; Thornton et al., 2000; Snyder et al., 
2004] , and can be written as [Postma, 1985]: 
2Fe2 + Mn02 + 4H 20 -p 2Fe(OH) 3 + Mn 2 +2W 	 (36) 
However in the present case, similar decreasing trends observed for both Mn(ll) and 
Fe(H) concentrations indicate that reaction (34) would be unlikely unless other. 
reactions would scavenge Mn. Probably, nitrate acts here as oxidant. 
Below these depths, a progressive shift from Fe(IH) reduction to sulfate 
reduction would occur, subsequent to an increase in pH which creates 
thermodynamic conditions more favourable for sulfate reduction [Postma and 
Jakobsen, 1996]. This would explain the similar trends of decrease observed in 
sulfate (Figure Vll-22) and Fe(U) dissolved concentrations and the jump in Eh 
values observed at these depths (as a result of the transition from TEAP Fe to 
sulfate). 
In the waste material at MLSOI, the calculations indicate that the pore water 
is slightly under-saturated with respect to goethite. Given the very acidic conditions 
(pH<3), this mineral may dissolve and buffer the acidity, as found elsewhere 
[Johnson et al., 2000]. Although there are no data for the surficial layers of other 
MLS boreholes, it is believed that this would occur wherever groundwater pH is very 
acidic (i.e., at MLS02). 
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MLSO2 
In the profile at MLS02, high concentrations in Fe 2 are found between -4 and 
-10 m and over a zone vertically more extensive than at MLSO1. This could be due to 
the presence of the clayey layer around -5.5 m, which is considerably enriched in 
total Fe (Figure Vll-20) and could potentially release more ferrous iron. In addition,. 
Fe2  put in solution in up-gradient areas would migrate with the flow towards 
MLS02 and would be found in solution at MLS02 if conditions favourable to Fe 
precipitation were not find on the migration path. 
Above -7 m where pH < 4.5, the Eh equilibrium calculations and the SI 
calculations both indicate that the dissolution of Fe-oxides at these depths is 
responsible for the observed Fe in solution, providing both pH and Eh buffering to. 
the groundwater. 
Between -7 and -8 m, the pore water evolves from being slightly under-
saturated to over saturated with respect to siderite, but no drop is observed in the Fe 2 
concentration; on the contrary, the dissolved concentrations are rather high. Similar 
changes in the pore water saturation state are also observed for Fe(OH)3 between -8 
and -10 m. where Fe2 concentrations are significantly lower but not negligible. This 
suggests that an iron-oxyhydroxide phase would precipitate, but other processes 
would be on-going in the same time, maintaining the Fe concentrations; the results 
are in accordance with the earlier calculations of equilibrium Eh for the iron couple, 
that showed that the Eh equilibrium value was not reached at this depth. 
Below -8 m, the calculated SI values indicate that the pore water becomes 
over-saturated with both siderite and Fe(OH)3, which means that none of these 
minerals would dissolved further. In that way, the presence of Fe(ll) below -8 m 
seems not explicable based on the SI calculations and our knowledge of the 
mineralogy. An explanation could be the formation of Fe complexes with other 
species in the solution, so maintaining high dissolved concentrations and modifying 
the control imposed by the Fe mineral solubility. The speciation calculations 
corroborate in part this hypothesis, as 1/3 of dissolved Fe(fl) is complexed with 
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sulfates. In addition, due to our lack of experimental data for alkalinity, the SI 
calculations for carbonate are not so accurate, andit is possible that in reality, the 
groundwater would be under-saturated with respect to siderite, which could dissolve 
between -8 and -10 m. This would also be supported by the Eh equilibrium 
calculations for Fe(OH)3, which showed some discrepancies between the calculated 
and field values below -8 m. In the deeper area (not shown), siderite (FeCO3) could 
precipitate due to the increased alkalinity and higher pH, and its solubility would 
control the dissolved Fe. 
MLSO3 
We briefly present here the findings on the Fe behaviour. Further details of 
the redox conditions at MLS03 were given in CHAPTER VI and the readers • should• 
refer to this part for a more complete analysis. 
At MLS03, dissolved Fe is found in the profile between -4 and -9 m. In the 
upper section (between -4 and -5.3 m), the Fe(U) concentration decreases with the 
depth, corresponding to decreasing Eh and increasing pH. It was previously 
suggested that Fe could originate from the top waste layer, and would exhibit 
decreasing concentrations with the depth due to dilution and/or mineral precipitation. 
Where the peak concentrations in Fe(ll) are found between -6 and -7 m, the 
pore water is slightly under-saturated for siderite and ferrihydrite, and it was shown 
that the equilibrium Eh values for Fe(OH)3 were close to the field values. Clearly, 
Fe(OH)3 dissolve, providing pH buffering. Similarly to MLS02, the total Fe contents 
at MSL03 are larger around -7 m due to the more clayey Fe-rich layer found at this 
depth. 
Below -8 m, Fe is present in the dissolved phase whereas the SI calculations 
predict that the pore water is over-saturated with respect to both siderite and. 
Fe(OH)3, a similar result to what was found at MSL02. As for MLS02, the 
complexation of Fe with sulfates would maintain iron in the dissolved phase, and 
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despite the results provided by the simulations, siderite would dissolve and provide 
Fe to the pore water. 
Summary 
In summary, Fe(OH)3 is the main Fe-bearing mineral, controlling the Fe(J1) 
concentration in the aquifer and providing buffering for both Eh and pH. In the deep 
areas of MLS02 and MLS03, the fate of Fe(H) is likely also controlled by siderite. 
The limitation on the data analysis is the lack of experimental determination of the 
soil carbonate speciation as it is not known if siderite is effectively present in the soil 
matrix. 
VII. 2.4.4.  Sulfate 
An investigation on the sulfate distribution and behaviour in the aquifer was 
presented in CHAPTER VI in relation to the determination of the Br origin, in 
particular for MLSO1 and MLS03. The discussion here is mainly in relation to 
buffering and possible control on metal contaminants. 
It was revealed previously that despite the large concentrations in sulfate, its 
reduction would be limited to certain areas of the aquifer. It was also mentioned that 
sulfate reduction is likely ongoing below -6.5 in at MLSOI where Fe was not found 
in the solution and the sulfate concentration decreased with the depth. Here we will 
look at the effect of the reactions on the buffering and possible effect on metals. 
A typical source of sulfate in coastal aquifers is from the intruded saline 
water. In this case, a way to determine whether sulfate reduction is ongoing is to 
compare measured sulfate concentrations with calculated conservative concentrations 
based on the Cl data. In other words, if sulfate is conservative, its distribution should 
resemble that of chloride. At the site, this method cannot be successfully applied 
because of the large amount of sulfates produced by oxidation of the wastes. Isotopic 
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Figure Vll-22. Pore water SO 4 concentration (in mmolIl ) versus depth for the MLS 
boreholes. Depth in m below the ground level at MLSO1. 
At MLSO1 below -6 m, sulfate reduction could be significant. This 
assumption is corroborated by the fact that the decrease in sulfate concentrations 
corresponds to a major jump in Eli values between -5.5 and -6 m. The depth profiles 
of Eh and sulfate, and the disappearance of Fe(H) from the solution, which mean 
sulfate would be the main TEA. Due to the proximity of the contaminant source and 
the likely limited vertical flow inland, the presence of large concentrations of sulfate 
at greater depths in MLSO I profile is not expected as suggested previously, and• 
sulfate reduction would be limited. At MLS02, the sulfate concentrations are also 
elevated with high values found over the whole vertical section, due to vertical and 
lateral migration of sulfate from up-gradient areas. It was suggested previously. that • 
micro-niches of sulfate reduction may exist at MLS02, depending on the 
geochemical environment (other redox sensitive species, pH conditions and 
availability of OM). At MLS03, the sulfate concentration rapidly increases with 
depth from -6.5 m downward, where acidic conditions are found and a rapid jump' 
towards high Eh values is observed. Clearly this is due to the arrival of the 
contaminant plume at these depths. Deeper, the sulfate concentrations are relatively 
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These observations confirm that sulfate reduction is overall limited and 
sulfate would migrate in the transect with little retardation. 
Speciation calculations can be found in the accompanying CD-ROM. These 
results show that the free ion is the dominant species for all waters, and that 
complexation with sulfates is significant for many cations. At MLS01, Al-sulfate is 
the dominant sulfate complex where pH is acidic, and Ca-sulfate where pH> 6; at 
MLS02 and MLS03, Fe-sulfates concentrations are high in acidic waters, whereas 
Ca- and Mg-sulfates become the dominant complexes in the near-neutral waters. The 
reactivity of ions in the solution is reduced by the formation of aqueous complexes. 
In addition, complexation can increase the dissolution tendency by reducing the 
concentration of free ions in the solution. 
The saturation index calculations show that gypsum and A14(OH) 1 0SO4 are 
the only S-bearing minerals with SI values close to saturation or with significant 
variations over the depth in the transect. Other S-bearing minerals are largely under-
saturated; and they are most likely absent from the solid phase. 
Figure VH-23. Saturation index for AL(OH)10SO4 (*) and gypsum (o) versus depth 
for MLS waters. Depth in in below ground level at MLSO1. 
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At MLS01, the SI values for gypsum vary between 0.27 and -1.76, and 
decrease with the depth. At MLS02 and MLS03, the SI values are almost constant 
over the depth, suggesting that gibbsite solubility did not control sulfate in the 
groundwater. On the other hand, rapid changes in the pore water saturation state for 
A1(OH)1oSO4 are observed at the three MLS locations; however these changes do 
not correspond to changes observed in the sulfate concentration, and therefore it is 
likely that this mineral phase has little control on sulfates in the aquifer. 
Sulfate reduction can be very localised. It can occur in fine-grained layers 
containing Organic matters (OM). The reactivity of OM has a great influence on the 
sulfate (as well as Fe and Mn oxides) reduction rate [Jakobsen and Postma, 1999], 
and can therefore influence the sulfate distribution at the site. 
Many studies have shown that Fe(Ifl) and sulfate reduction zones are not 
always separated and an overlap exists [for example: Postma and Jakobsen, 1996; 
Jakobsen and Postma, 1999]. The Fe concentration does follow the sulfate 
concentration pattern, in particular, the drop in Fe concentration corresponding well 
to the drop seen for sulfates. This indicates possible precipitation of an iron-sulfide • 
phase. Associated with the sulfate reduction, metal sulfides can be produced 
following the reaction: 
CHO + 6S0 2 + 6Me 2 (,) + IOH + H 2 0 =>MeS(3Q, ) + 12H2 CO3(aq)  (37) 
This reaction could remove most of the chalcophile metal ions present in the 
dissolved form, such as Zn, Pb and Cd. Sulfate reduction could explain then 
buffering of the pH and precipitation (i.e attenuation) of metals in the form of metal 
suiphides. 
VII. 3. Summary and implications 
VII. 3.1. Summary 
The major points drawn from this chapter on the pH buffering are 
summarised below. 
The oxidation of sulfur minerals present in the waste has generated low 
pH conditions in the aquifer; and the acidic plume migrates at shallow 
depths towards the estuary, creating sharp geochemical boundaries with 
the deep areas. 
A series of pH plateaux with pH values of 2.5, 4.1 and 6.3 have been 
identified in the aquifer. The occurrence of these zones has been 
explained by the successive dissolution of minerals: goethite, Fe and Al 
óxyhydroxides, and carbonates. The successive zones of pH buffering are 
summarised in Figure Vll-24. The bulk and most efficient buffering was 
provided by the dissolution of carbonate minerals. 
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Figure Vll-24. Vertical profiles showing the main pH-buffering regions in the MLS 
transect. 
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3. Local heterogeneities in soil mineral composition as well as in the 
groundwater flow system would influence the distribution of the 
dissolved species. 
Although it may be ongoing, dissolution of silicate minerals has not been 
included in Figure VH-24 as its buffering effect was considered to be limited 
compared with the other processes identified. Similarly, reactions involving sulfates 
were not included. V 
VII. 3.2. Implications for metal contaminant behaviours 
In many acidic waters related to AMD, adsorption and co-precipitation 
processes are the primary reactions controlling the fate of dissolved heavy metals 
[Blowes and Jambor, 1990]. These processes are pH-dependent. Given the sharp 
boundaries identified in the pH distribution over the depth and laterally, similar sharp 
changes are expected in the distribution of metal contaminants in the aquifer. 
In particular, Fe and Al oxyhydroxides have been shown to play a major role V 
in the groundwater buffering processes, leading to their dissolution and precipitation. 
The ability of these minerals to sorb and/or co-precipitate with metals has been 
extensively studied and found to be pH-dependent. Therefore, it is likely that the 
reactions controlling Fe and Al in the dissolved phase would also affect the fate of 
metal contaminants. 
The effect of local heterogeneity would also potentially impact the 
distribution of metal cations, such as the presence of soil layers of higher sorption 
properties. Other factors include the flow conditions, which affect the transport 
processes. These aspects will be further discussed in the next chapter where the 




CHAPTER VIII FATE OF METAL CONTAMINANTS 
The principal objective of this chapter is to investigate and identify the main 
processes controlling the fate and behaviour of the metal contaminants Cd, Cu, Cr, 
Ni, Pb and Zn in the aquifer, on their way towards the estuary. 
First, the spatial distribution of metal contaminants and the processes 
controlling their migration in the aquifer are investigated. Second, the investigations 
of the temporal variations in chemistry over a tidal cycle are presented and discussed. 
Vifi. I. 	Controls on metal contaminant migration 
VIII. 1.1. Degree of contamination 
In the natural soil of the control borehole ALO 1, the order of abundance of the. 
metals is Fe > Al > Cr> Zn > Ni > Cd, based on the total soil contents. Pb and Cu 
were below detection limit. Therefore, if they were found down-gradient in the MLS 
transect, it is likely their origin would be mainly anthropogenic. 
Table 1 presents the maximal metal contents found at the site for MLS 
samples and the guidelines values for contaminated soils produced by the 
Department for Environment, Food and Rural 'Affairs (DEFRA). These. 
Contaminated Land Exposure Assessment (CLEA 2002) guidelines define threshold 
and action values for each metal contaminant. Below the threshold value, the site can 
be regarded as uncontaminated. Above the action value, remedial actions should be 
taken. Between the two values, the contamination has to be considered and actions 
taken where circumstances demand it. 
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Table Vifi. 1. UK CLEA threshold and action values, and maximum soil contents at 
the site (mmol/kg air-dried soil) for Cd, Cr, Cu, Pb, Ni and Zn. 
Metal 	Threshold value 	Action value 	Maximum value at the site 
Cd 0.027 0.13 0.027 (MLSO1) 
Cr 11.54 12.77 5.57 (MLS03) 
Cu 2.05 6.66 20.09 (MLS02) 
Pb 2.41 3.92 8.43 (MLSO1) 
Ni 1.19 6.41 2.63 (MLSO1) 
Zn 4.59 25.46 20.49 (MLS03) 
Maximum metal contents were all for the waste layer samples. Except for Cr, 
maximum metal contents are all above guideline threshold values. Maximum Cu and 
Pb contents are well above the action value, and maximum Cd, Ni and Zn contents 
between threshold and action values. Considering the large Cu and Pb contents,. 
remedial action should be taken, in particular as the presence of acidic leachate at the 
site present a potential risk for these metals to be put into solution. 
Apart from the top waste layer, MLSO1 metal contents are low and close to 
that of the control borehole ALOI, with Pb and Cu below detection limit (0.007 and 
0.002 mmollkg respectively). The MLS02 and MLS03 natural horizons also have 
low metal contents, except for the more clayey horizons at -5.5 m and -7.5 m 
respectively for MLS02 and MLS03. 
Table Vffl.2 presents maximal metal cation concentrations at the site and UK 
Maximal Contaminant Level (MCL) for drinking water. If the water has 
concentrations above the MCL, it is not suitable for drinking. 
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Table VIII.2. UK Maximal Contaminant Levels (MCL) for drinking water and 
maximal concentrations at the site (mmolll) for Cd, Cr, Cu, Pb, Ni and Zn. 
Metal 	MCL (mmol/I) 	Maximum value at the site 
(mmol/1) 
Cd 0.00009 0M003 (MLS02) 
Cr 0.00096 0.0104 (MLS02) 
Cu 0.01574 	- 0.1240 (MLS02) 
Ni 0.08519 0.0143 (MLS02) 
Pb 0.00024 0.0015 (MLS03) 
Zn 0.07646 0.1529 (MLS02) 
In the dissolved phase, maximum concentrations are well above the MCL for 
drinking water, except for Ni. Maximal values are found at MLS02 (except for Pb) 
down-gradient from the main acidic source, in the top 6 in of the aquifer. Below, it 
will be seen in this chapter that most metal cation concentrations are below detection 
limit in the MLS transect. 
VIII. 1.2. Metal release during leaching experiments 
To investigate the potential for metal leaching of the natural soils at the site, a 
series of successive batch leaching experiments were performed on pristine soil 
samples to investigate water chemistry and pH changes following successive 
additions of acid solution to a soil suspension. Following preliminary tests, soils 
ALO1-5 and ALOI-7 were chosen. The mineralogy analysis revealed that ALOI-5 
and ALO1-7 samples were composed of the minerals: Al and Fe oxyhydroxides, 
microcline, hematite, albite, carbonates and probably illite-muscovite. Kaolinite was 
found in ALO1-7 soil sample but not in ALO1-5. 
The experimental set-up of the batch experiments can be found in Appendix 
A. 12. Figure VIII-! presents the concentrations of Al, Ca, Fe, K, Mg, Na and Si, and 
buffered H as a function of the added acid. The first data points (acid added = 
0.00001 mmol/l) represent the cation concentrations in soil suspension before 
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addition of the acid solution. Before acid addition, the pore cation concentrations 
were low (<0.5 mmoIIl) for both ALOI-5 and ALOI-7, with soil pH values of 5.85 
and 5.45 respectively. 
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Figure VIH-l. Successive batch leaching experiments: Al, Ca, Fe, K, Mg, Na and Si 
concentrations and buffered H (dash data series) versus acid added for soils ALOI -5 
and ALOI-7. 
After addition of acid, the experimental results indicated that a part of the 
added H was neutralised (indicated by the dash line in Figure VIII-I). In parallel, a 








Mg (Figure Vffl-1). For both soils, the first acid addition released more cations in 
solution compared to the following acid attacks, as indicated by the slope of the 
curve on Figure Vifi- 1. After the first attack, the quantity of cations released reduced 
for subsequent additions of acid for both soils, however the extent of the buffering 
was similar to that observed after the first acid addition, as indicated by the slope of 
the "buffered H" curve on Figure Vifi- 1. The larger release of cations after the first 
acid attack is due to the surface reactions between the soil and the H, where H ions 
replaced cations on the exchanger sites, and also to the dissolution of highly reactive 
mineral phases (carbonates, poorly crystalline minerals and oxyhydroxides). At the 
second acid addition, the mineral surfaces were saturated with H, and the bulk of the 
dissolved cations would mainly originate from dissolution of minerals such as oxides 
and most silicates which would dissolve under such low pH conditions. 
The acid digestion also releases the metal contaminants Cr, Cu, Zn, and Ni° 
(Figure 2). The soils used for the batch experiments are pristine, this was verified 
with the total contents analysis. Thus, the metal cations released during the 
experiment were naturally present in the soil matrix. Larger quantities are released • 
for soil ALO1-7 than for soil ALO1-5 (except for Cu), associated with a more 
significant buffering. The larger buffering is probably due to a larger proportion of 
fines and oxyhydroxide minerals of this soil. This is supported by a release of Fe and 
Al larger than that of ALO1-5. 
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Figure Vffi-2. Metal cation released during the leaching experiments (mmol/l) for soil 
ALO1-5 (left hand side) and ALO1-7 (right hand side). 
At pH < 2, most metals are expected to be found in solution [Appelo and 
Postma, 1994]. Pb and Cd were below detection limit, and much less Cu was 
released than Ni, Zn and Cr, particularly for ALO1-7. This is in accordance with 
typical order of retention selectivity for soils: Pb, Cd and to a lesser extend Cu would 
be retained more than other metal cations [Elliot et al., 1986]. 
Figure Vffl-2 indicates that Ni, Cr and Cu concentrations present an 
approximately linear relationship with the amount of acid present in solution. The 
shapes of the curves on Figure Vffl-2 suggest that Cr and Ni could originate from the 
same source. This is particularly clear for ALO1-7. Similar behaviour is observed for. 
Cu, with lower concentrations. The Zn concentration evolution follows a logarithmic 
curve indicating the amount of acid in solution is not the only factor controlling its 
release. 
Saturation index calculations indicate that all silicate minerals are under-
saturated and therefore silicate mineral dissolution would be congruent. In this case, 
dissolved Si concentrations would reflect the extent of Al-silicate dissolution. 
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Calculations of correlation coefficients between Ca, Al, Fe and Si and each 
metal cation Cu, Cr, Ni, and Zn were performed. Correlation coefficients among 
cations were all significant (? > 0.90). For Cr and Cu, best correlation was found 
with Fe and Al, suggesting that these cations were put into solution via the same 
reaction, most likely dissolution of Fe and Al oxyhydroxides. Zn concentrations 
showed best correlation with Si, suggesting its release was linked to silicate mineral 
dissolution. Ni concentrations were best correlated with Al and Si for ALO1-5 and 
with Fe for ALOI-7. 
The limited batch experiments performed on AL01 pristine sand samples 
revealed that under acidic attack, pH was buffered by reactions with the soil and 
heavy metals were released in non negligible concentrations. On the short time scale 
of the experiment, the buffering was significant for a sand material. However the 
neutralising ability of a soil is in general less in a flow-through system (such as under 
field conditions) than in a batch system, due to the washing-out effect created under 
flow conditions [Yan et al., 1999]. In addition, the acidic attack in the batch 
experiments may not be representative of the real field conditions due to the non 
realistic ratio soil:solution used. In that way, batch experiments results rather indicate 
the maximum release by the soil in the given time length of the experiments. 
Nevertheless, the present experiments in a .controlled environment have 
proved that, potentially, pristine soil from the site can release toxic metals under 
acidic attack, and that minerals have reacted to buffer the pH to some extent. There 
will therefore be a local in-situ source of contaminants in the aquifer as well as an 
anthropogenic origin due to waste leaching. 
VIII. 1.3. Field data 
Vifi. 1.3.1.AL, Fe and Mn 
Al, Fe and Mn distribUtion and solubility control have been extensively 
investigated in the previous chapter in regards to pH buffering processes, and the 
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reader should refer to these sections. We briefly summarise the main findings from 
the previous chapter: 
• Al was found throughout the monitoring transect where pH < 4.5. The pH 
buffering zone 4.5 observed at MLSOI and MLS02 was attributed to Al-
oxyhydroxide dissolution. Where pH <4, Al is found in solution and two main 
origins could be identifiable: I) a release from oxidation reactions within the 
waste, followed by its migration into the groundwater; 2) in-situ dissolution of Al-
silicates. In addition, Al could be released in significant quantities from the 
exchanger sites in acidic conditions. 
• Fe and Mn were shown to present a similar distribution in their solid and 
dissolved phase. Their fate was mainly controlled by dissolution-precipitation of 
iron and manganese oxyhydroxides, which is a pH- and redox-dependent process. 
The much larger concentration in Fe however suggested that Mn only played a 
minor role compared to Fe. This was confirmed by a pe calculation that revealed 
that the Fe redox couple controlled the redox conditions at the site where pH was 
acidic. Within and below the waste, goethite was likely dissolving and releasing 
Fe into solution while buffering the pH. Below, amorphous Fe-oxyhydroxides 
were shown to dissolve and provide considerable Fe to the dissolved phase, as 
well as redox and pH buffering. Scavenging from the dissolved phase could be 
attributed to the precipitation of Fe-oxyhydroxides. Also, siderite could possibly 
play a role where pH conditions were favourable. 
Cu, Pb, Cd, Cr Ni, Zn distributions in the dissolved and solid phase are 
presented in the next sections. For the investigation, the metals were grouped for the 
analysis, based on their behaviour and mobility in the aquifer. 
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VITI. 1.3.2.Lead and Copper 
In general, Cu and Pb show peculiar patterns in soil and water compared to 
the other metal contaminants. Due to their properties (valence and ionic radius), they 
have a high affinity for sorption sites, in particular for those of iron oxyhydroxides 
such as goethite. They are therefore more likely to be found in the solid phase than 
other metal cations [Puls and Bohn, 1988]. 
The total Pb and Cu soil contents (mmollkg) are presented in Figure Vffl-3 
for MLSOI, MLS02 and MLS03, against ALOI values. From previous results, it was 
concluded that any Cu and Pb detected in the dissolved and solid phases of MLS 
samples would have an anthropogenic origin. Increased Pb or Cu soil contents of 
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Figure Vffl-3. Pb and Cu total soil content (mmollkg) at MLSO1, MLS02 and MLS63 
(black line) and ALO1 (grey dots). Depth in m below ground level at MLSO1. 
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High contents in Pb and Cu characterise the MLS waste samples. Because of 
their lesser mobility, Pb and Cu represent a lesser concern in terms of leaching and 
water contamination. However their occurrence at levels as high as observed in the 
wastes (up to 8 mmollkg Pb and 20 mmollkg Cu) present a potential risk for water 
contamination. 
In the natural soils of MLSOI and MLS02, Cu is only detected down to -3.5 
m, and both Cu and Pb are detected at MLS02 down to -2 m deep. Elsewhere, Cu 
and Pb contents are below detection limit, even for MLS02 clayey layer at -5.5 rn 
despite a larger proportion of fines and OM. 
At MLS03, Cu and Pb are found in high contents in the waste material, and in 
limited contents (<0.5 mmollkg) throughout the natural soils (Figure VIll-4). Cu is 
present in the soil at -5.5 m, corresponding to a coarse layer with less than 5% fines. 
Enrichment at this depth was not observed for other metal cations. The clayey 
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Figure Vffl-4. Pb and Cu soil content (mmollkg) versus depth at MLS03 (black line) 
against ALO1 (grey dots). Depth in m below ground level at MLSO1. Contents 
between 0-2 m depth are not shown due to scaling (values can be found on Figure 
Vffl-3). 
In the presence of organic matter, Cu removal from the aqueous phase can be 
controlled by sorption to SOM [Davis, 1984]. This is however unlikely here as the 
OM-enriched clay layer of MLS02 and MLS03 do not show significantly increased 
Cu. 
On the other hand, Pb is detected in MLS03 clayey layer (but not in MLS02 
clayer layer). It is believed however that the soil would naturally contain Pb 
considering that it is not found in the dissolved phase up-gradient from MLS03. 
Despite the elevated levels observed in the waste layers, Pb was not detected 
in the groundwater, in accordance with its typical low mobility even in acidic 
conditions [Korte et al., 1976]. Reduced mobility of Pb is likely in relation with high 
Fe-oxyhydroxides content. 
Figure Vffl-5 presents the dissolved Cu distribution in the transect. The 
maximum Cu concentrations observed at the site are below 1.3 x 101  mmol/l, which 
is above MCL (maximum contaminant level for drinking water) of 2 x 102  mmolJi 
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[US EPA, in Evangelou, 1998]. Still, dissolved Cu concentration is relatively low 
considering the large contents observed in the waste, probably due to its typical high 
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Figure Vffl-5. Dissolved Cu concentrations (mmolll) versus depth at MLSO1, MLS02 
and MLS03. Depth in in below ground level at MLSOI. 
At MLSO1, the Cu concentrations decrease linearly with depth and are below 
detection limit (0.00008 mmol/l) from -4 m. A similar distribution is observed at 
where the concentrations become negligible below -6.3 m. Note that the 
linear decrease of the Cu concentration between -5 and -6 in at MLS02 suggests that 
the presence of the OM-rich clayey material (found around -5.5 m) does not affect 
Cu migration, in agreement with the previously observed low Cu content at this 
depth (Figure Vffi-3). At MLS03, dissolved Cu was not detected except at -7.5 m 
(0.0002 mmol/l) where acidic conditions are found. 
There is only a limited number of data of Cu concentration at MLSO1 and 
making the analysis of the data difficult. Here the processes controlling Cu 
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Figure Vffl-6. Relationship between H and Cu concentrations (mmolIl) at MLS02. 
Labels indicate port numbers. 
A plot of Cu concentrations versus pH at MLS02 reveals interesting trends 
(Figure Vffl-6). Between ports 2 to 6 where pH < 4.1, there is a linear relationship 
between Cu concentration and pH, suggesting that the main process controlling Cu is 
essentially pH-dependent. Where pH > 4.1 (below -6.31 m), Cu was not detected in 
solution; This was also observed at MLSOI below -4.38 m. Similarly at MLS03, Cu 
was only detected where pH was close to 4. This suggests that similar processes 
control the fate of Cu across the MLS transect. 
Both the dissolved and solid distributions suggest that Cu is put in solution 
via contaminant leaching. In acidic conditions it is essentially being transported 
through the study area, and is scavenged from solution by pH-dependent sorption 
onto (and possibly co-precipitation with) minerals where favourable pH conditions 
are met. Given the results from the previous chapter, the iron oxyhydroxide goethite 
is stable where Cu concentrations decrease and is likely responsible for the sorption 
of Cu. These results are in good agreement with previous findings by Stollenwerk 
[1994] who showed that field data of Cu concentrations in acidic conditions were 
accurately simulated by a combination of both dilution and adsorption on Fe 
oxyhydroxides even in the acidic core of the plume. In addition, pore water becomes 
over-saturated with the Al-silicate minerals kaolinite and muscovite where Cu 
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disappears from solution. The adsorption of Cu onto the surface of these minerals 
could be significant where pH > 3. The association of Cu with both Fe and Al on 
grain surfaces was shown with the mineralogical analysis (EDX spectra). These 
findings are also in agreement with the successive batch leaching experiments 
performed on ALO1 samples, where Cu release was associated with that of Fe and 
AL 
The presence of the clayey horizon at MLS02 did not influence Cu 
distribution, suggesting that the heterogeneity in the soil composition does not play a 
major role for Cu migration in the monitoring transect. 
VIII. 1.3.3.Cadmium 
Cd is found in the waste layer in significant quantities, in particular at MLSO1 
and MLS03 (Figure Vffl-7). The contents are however two and three-fold less than 
those for Pb and Cu respectively. In the natural sandy soil, the Cd contents are 
limited for MLSO1 and MLS02 and below detection limit for MLS03. The clayey 
horizon at MLS02 presents high content (0.02 mmollkg) whereas no Cd was detected 
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Figure Vffl-7. Cd soil contents (mmollkg) versus depth at MLSO1, MLS02 and 
MLS03 (black line), against ALO1 (grey dots). Depth in m below ground level at 
MLSO1. 
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Cd is not detected in the dissolved phase at MLSO1 (Figure V111-8). It is 
present at MLS02 down to -9 m and at MLS03 between -7 and -7.5 m. An interesting 
point to note is that although the Cd content of the waste layer is two-fold lower than 
for Pb, Cd is found in the groundwater whereas Pb was not detected. This difference. 
in behaviour could illustrate the typical chromatographic effect of contaminant 
migration, where Cd is typically less retained by soils than Pb [Young, 1988]. 
However, Pb detection limit was one-fold higher than for the other metals (0.05 mgI! 
against 0.005 mgfl). In other words, if Pb was present in the dissolved phase at 
concentrations less than 0.05 mg/I, it would remain undetected whereas Cd would be 
detected up to 0.005 mg/I. This is of significance as most of detected Cd was below 
0.05 mg/I. 
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Figure Vffl-8. Pore water Cd concentrations (mrnolll) versus depth at MLSO1, MLS02 
and MLS03 (black line), against ALOI values (grey dots). Depth in m below ground 
level atMLSO1. 
The Cd distribution at MLS02 shows a rapid decrease in concentration 
between -5.3 and -5.8 m. No major changes in the pore water saturation state or pH 
are observed at these depths. The observed distribution could be the result of an 
increased sorption by the clayey horizon that is located here. This is supported by the 
relatively high Cd content of this layer (Figure V111-7). 
A plot of Cd concentrations versus H concentrations (Figure VIll-9) at. 
MILS02 indicates that the two parameters do not present a simple linear relationship 
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Figure Vffl-9. Plot of pore water Cd concentrations (mmol/l) versus pH for MLS02. 
Labels indicate the port number. 
Between port 2 and 4, the pH rises from 2.4 to 3.8 and the Cd concentrations 
decrease slightly. The rapid drop in concentration observed between port 4 and 5 is 
attributed to increased sorption onto particles of the clayey horizon. Between port 5 
and 8, a linear relationship could exist between Cd and pH, and would suggest a 
control of Cd solubility by pH-dependent sorption to and/or co-precipitation with 
minerals, most likely Al- and Fe-oxyhydroxides for which groundwater reaches over-
saturation around these depths. From port 8 where pH > 4.8, the Cd distribution 
appears independent from pH, and a slight increase in concentration is observed 
between port 8 and 9. 
A plot of Cd versus Al concentrations (Figure Vifi-lO) at MLS02 indicates a 
linear relationship between the two species down to port 8, and suggests that the 
same processes control their fate. This is not true for ports 5 and 7, which are 
outlying from the linear relationship observed for the other ports. The deviation for 
MLS02-5 can be explained by increased sorption of Cd onto the clayey soil at this 
depth. The deviation for port MLS02-7 can be explained by the increased release of 
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Figure Vifi-lO. Plot of pore water Al versus Cd concentrations in mmolll, for MLS02. 
Labels indicate port number. 
Processes controlling the fate of Al would therefore also control that of Cd at 
MLS02 down to port 8. Based on the relationship observed in Figure VIH-10 and the 
results from the previous chapter on the processes controlling the fate of dissolved 
Al, the origin of Cd in the shallow depths would be from waste leaching and also 
from co-release following the dissolution of Al-silicate minerals. Deeper, where pH 
is favourable, Cd would be sorbed and/or co-precipitated with Al oxyhydroxides, as 
shown in other studies [Davis, 1984]. 
Cd was also detected at ports 9 and 10 where the pH approaches a value of 6, 
and therefore remained in the dissolved phase for pH values much higher than that 
for other species. This is in agreement with the typical lower selectivity of Cu for soil 
particles compare to other metal cations [Elliot et al., 1986]. At these depths, Al is 
not found in solution and carbonates buffer the pH. Thus, a control of trace Cd 
concentration by carbonate mineral solubility could explain the presence of Cd in the 
water, as it has been suggested by others [Fuller and Davis, 1987; Davis et aL, 1987; 
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in solution was complexed with sulfates at these depths. The formation of these 
complexes can change the order of selectivity for metal sorption due to sulfates 
competing with the mineral surfaces for the divalent metal cations [Puls and Bohn, 
19881. As a result, the sorption of Cd onto the soil particle is reduced and its 
presence in the dissolved phase maintained to a certain extent. 
At MLS03, despite the high content of Cd found in the waste above the water 
table in the unsaturated zone, no Cd was detected in the dissolved phase. This is 
likely due to the fact that the waste is not acidic here, and Cd is not mobilised from 
the solid phase. The non-acidic nature of the waste is confirmed by the near-neutral 
pH characterising the shallow depths of MLS03. 
Vifi. 1.3.4.Chromium 
The total solid Cr distributions at MLSO1, MLS02 and MLS03 are presented 
in Figure Vffl-1 1. The waste material samples contain large contents of Cr, with 
values ranging between 2 and 5 mmollkg. In the natural soils, the contents are close 
to background values except for the clayey horizons at MLS02 and MLS03. 
Figure Vifi-il. Cr soil contents (mmolikg wt.) versus depth at MLSOI, MLS02 and 
MLS03 (black line), against ALOI (grey dots). Depth in m below ground level at 
MLSO1. 
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At MLSO1, the contents for the natural soils are slightly less than background 
values between -3 and -5 m, followed by contents slightly higher than the 
background values between -5 and -8 m. Below -8 in at MLSO1 and MLS02, the 
contents are similar to background values (1 mmollkg). The maximal contents (5.5 
mmollkg) are found for MLS03 waste material at -3 m. In the clay layer, the Cr 
content is large with 3 mmollkg. In the solid phase, Cr distribution is similar to those 
of Fe and Mn for the three MLS boreholes, and also for ALO1 samples. 
In the dissolved phase, the maximal Cr concentration of 1 x 10.2  mmol/i was 
sampled at port MLS02- 1. This is above the MCL (maximum contaminant level for 
drinking water) of 1.92 x 10 mmolll [US EPA, in Evangelou, 1998]. Figure VllI-12 





























0. 0.005 0.01 0.015 
	
0 	0.005 0.01 0.015 
	






Figure Vffl-12. Profiles showing pore water Cr concentrations (mmolIl). versus depth 
at MLSO1, MLS02 and MLS03. Depth in m below ground level at MLSO1. 	-. 
For all MIS, the Cr concentration depth profiles present sharp changes 
indicating some processes other than simple dilution control the migration of Cr in 
the dissolved phase. The sudden decrease in the dissolved phase at MLS02 between - 
5 and -6 m corresponds to the position of the clayey layer. Similarly to Cd, Cr would 
be significantly sorbed onto the minerals of this clayey horizon. This is corroborated 
by the fact that a high Cd content characterises this depth. Whether Cd is affected by .  
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the presence of the clayey layer at MLS03 is not obvious, however the high soil 
contents of the solid phase at these depths would suggest an increased sorption. 
Within the environment, Cr is found primarily in two oxidation states: Cr(VI) 
and Cr(". Cr(VI) is relatively mobile and is acutely toxic, mutagenic [Bonatti et al., 
1976], teratogenic [Abbasi and Soni, 19841, and carcinogenic [Mancuso and Hueper,. 
1951]. In contrast, Cr(IH) has relatively low toxicity [van Weerelt et al., 1984] and is 
immobile under moderately alkaline to slightly acidic conditions. The speciation 
calculations indicate that in the present study, Cr(llI) dominates Cr speciation for all 
ports probably due to low pH and the reductive environment which prevents the 
presence of Cr(VI) [Outridge and Scheuhammer, 1993]. 
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Figure Vifi- 13. Cr3 and Cr(OH) 2 (mmolll) versus pH for MLS02 waters. Speciation 
calculations were performed with MINTEQ database. 
The calculations also indicate that Cr 3 is the main Cr(ffl) species in solution 
except at higher pH where Cr(OH) 2 becomes the dominant species due to hydrolysis 
[Rai, et al., 1987]. This is shown in Figure Vffl-13 for MLS02. A large part of this 
chromium hydroxides forms complexes with sulfates, in particular where pH > 4.5. 
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Figure VIII- 14. Cr and Fe concentrations versus depth for the three MLS boreholes. 
Depth in m below ground level at MLSOI. Horizontal scale is in logarithmic form for 
scaling purpose. 
Cr distribution in both dissolved and solid phases reflect that of Fe. This is 
particularly striking for the dissolved concentrations at the three MLS locations 
(Figure VIH-14). For example at MLSOI, an increase in Cr concentration 
corresponds to an increase in Fe, to a Eh plateau of 400 mV and pH plateau of 4.1. 
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These results suggest that the fate of Cr and Fe are associated in the aquifer, as it was 
already suggested in the analysis of the batch leaching experiment results. Cr would 
therefore be co-released with Fe by dissolution of Fe-oxyhydroxides. This is 
supported by a lesser Cr soil content at these depths. Below, chromium hydroxides 
would co-precipitate with Fe-oxyhydroxides and sorb onto their surfaces. Again, this' 
is supported by the fact that larger Cr soil contents are found at these depths. In 
addition, the speciation calculations indicate that where pH > 4, the groundwater 
becomes saturated with the mineral phase FeCr 2O which could precipitate. 
Vifi. 1.3.5.Nickel and Zinc 
Ni and Zn show similar trends over depth for the solid phase contents and the 
dissolved concentrations in the MLS transect. It is likely that similar processes 
control their migration in the aquifer. Their trends are also similar to that observed 
for Cr and Fe. Figure Vffi-15 presents Ni and Zn total soil contents versus depth for 
the three MLS locations. 
Significant Ni and Zn contents are present within the waste layers, in' 
particular at MLS03. Relatively high contents characterise the aquifer material, in 
particular at MLS03 for Zn. The clayey horizons of MLS02 and MLS03 contain 
respectively higher Ni and higher Zn. In the deep areas, Ni contents for the three 
MLS boreholes are similar-to-slightly lower than control values at ALO1, whereas Zn 
contents are similar-to-slightly higher than the control values. 
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Figure VIII-15. Ni and Zn soil contents (mmolfkg wt.) versus depth at MLSOI, 
MLS02 and MLS03 (black line), against ALOI (grey dots). Depth in m below ground 
level at MLSOI. 
As observed for the soil contents, identical trends over depth are seen for both 
Ni and Zn dissolved concentrations (Figure VIII- 16), with values for Ni being one 
order of magnitude lower than those for Zn. As for the other cations (except Cu), 
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Figure VIII- 16. Ni and Zn pore water concentrations in the MLS section, depth in m 
below ground level at MLSOI. 
The concentration patterns in the surficial horizons of the three MLS 
boreholes suggest that Ni and Zn are released in solution from the waste layer, and 
migrate laterally and vertically in the transect. This is however not seen for Zn at 
MLSOI where shallow concentrations are low. At deeper horizons, in-situ reactions 
between soil and groundwater release Ni and Zn in solution, this is particularly clear 
at MLSOI between -3.5 and -6 m. 
Ni and Zn concentrations reach maximum values between -4 and -6 m at 
MLSOI, and -6 and -8 m at MLS02 and MLS03. For Zn, maximum dissolved 
concentrations at the site is 1.6 x 101  mmolll, which is above MCL (maximum 
contaminant level for drinking water) of 7.64 x 10 mmoL/1 [US EPA, in Evangelou, 
19981. No MCI was given for Ni. 
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Between -5.3 and -5.8 m at MLS02, the influence of the clayey horizon on Zn 
and Ni migration is seen with a sharp decrease in the dissolved concentrations, 
corresponding to larger contents of the solid phase. At MLS03, the influence of the 
ciayey horizon on the species migration is not obvious, however similarly to the Cr 
case, the higher Zn content of the solid phase suggests an increased sorption. This is 
not observed for Ni for which the clayey layer solid content was similar to that of 
ALOI. 
Finally, sharp changes in Zn and Ni dissolved concentrations are observed 
between -5 and -6 m at MLSOI and between -6.5 and -8 m at MLS02 and MLS03, 
where concentrations drop below detection limit. These depths correspond to major 
pH and Eh jumps, and to a sharp drop in Fe concentration. Deeper, Ni and Zn 
concentrations were below detection limit. 
A plot of Ni and Zn concentrations versus pH (Figure VIII-17) indicate that 
Ni and Zn the relationships between Zn and pH and Ni and pH are not linear. Where 
pH <4, the variations in Zn and Ni concentrations do not seem to be directly related 
to the pH. Between pH 4 and 5, Zn and Ni disappear from the solid phase, and are 
below detection limit where pH > 5.2. This does not apply to the shallow depths of. 
MLS03 where Zn and Ni are found in solution where pH values are between 6 and 
6.5, due to (non acidic) input by leaching from the waste layer, as observed for Fe in 
an earlier section. 
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Figure Vifi- 17. pH versus Ni and Zn concentrations (mmol/1) for MLS waters. 
At MLSOI and MLS02, Ni and Zn disappear from solution at depths where 
the pore water reaches equilibrium with Fe oxyhydroxides, suggesting that the fate of 
Ni and Zn would be linked to that of Fe. Figure VllI-18 presents plots of Ni and Zn 
concentrations versus Fe concentrations for MLSOI and MLS02 locations. 
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Figure VIII-18. Pore water Fe versus Ni and Zn concentrations in mmol/I, for MLSOI 
and MLS02. The data legend represents the port numbers. Note that Ni concentrations 
for MLSOI have been multiplied by one-fold for scaling. 
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The investigation of the relationship between Fe and Zn concentrations 
indicates that there is a linear relationship between these species up to port 8 at 
MLSO1 and port 6 at MLS02. In the shallow depths of MLSO1 (port 2 and 3), the 
linear relation between Fe and Zn is not observed, probably due to increased input of 
Zn by waste leaching. Similar results are found for Fe and Ni concentrations at 
MLSOI and MLS02, and suggest that the fate of Ni and Zn is linked to that of Fe 
down to a depth of 6 m. In this zone, iron oxyhydroxide solubility was shown to 
control the fate of dissolved Fe. 
So in the shallow depths, Zn and Ni originated from the dissolution of Fe 
oxides and from waste leaching. Deeper, where pH conditions are favourable and the 
pore water reaches equilibrium with Fe oxyhydroxides, Zn and Ni are sorbed onto 
existing and/or co-precipitated with forming oxide phases [Coston et al., 1995]. This 
is corroborated by the fact that higher soil contents of Fe, Ni and Zn are found at 
these depths. Also, Zn was found associated with Fe onto grain coatings during the 
mineralogical analysis. These conclusions are in agreement with results from 
laboratory experiments by Kinniburgh et al. [1976] who showed that 50% of Ni and. 
Zn in solution (0.125 mmol/l) were adsorbed by an Fe(II1) gel, when the pH reached 
5.6 and 5.4 respectively. An extensive adsorption of Zn on hydrous ferric oxide 
occurred for pH > 6 and little for pH < 4 [Kinniburgh et al., 1976]. This could 
explain Zn and Ni distribution against pH at MLS02 and MLSO1. At MLS03, the 
presence of Zn and Ni at higher pH is not explained by the available data. 
VIII. 1.3.6.Summary 
Results have shown that pH-dependent sorption/desorption and co-
precipitation/co-dissolution mainly control the fate of metal cations in the 
groundwater. In addition, sorption processes were shown to affect the fate of 
contaminants at the depths where the clayey horizons are found. Table Vffl.3 
summarises the findings in terms of pH zone of occurrence for the metal 
contaminants investigated in the study. 
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Table Vffl.3. Main pH zones of occurrence for the main metal cations found at the 
site in the groundwater. * :dissolved Pb was below detection limit. 






Based on the results, the order of metal mobility at the site is Cr> Cd > N = 
Zn > Cu > Pb, with reverse order for the order of selectivity. The selectivity order of 
metal retention found in the groundwater at the site is similar to the selectivity order 
found in the laboratory by Elliot et al. [1986] for mineral soils (pH 5) containing 
little organic. It is also in good agreement with the results of the studies of metal 
uptake by clayey soils by Young et al. [1990, 1992, 1993] and Maguire et al. [1981]. 
The source of metal cations to the groundwater was both from leaching of the 
contaminant waste under acidic conditions, and from local release from the soil 
matrix due to the pH buffering reactions. 
The minerals that were identified as composing the coatings of the bigger 
grains control the fate of the metal contaminants. This is often observed in similar 
geological environments. The presence of carbonates influenced the metal migration, 
with release as carbonates dissolve, and enhanced retention in near neutral conditions 
where the groundwater is at equilibrium with these minerals [Young, 1993]. 
Vifi. 1.4. Aquifer heterogeneity and its influence on chemical patterns 
Heterogeneity of an aquifer (spatial variability of the geological material it is 
composed of) is related to both physical and chemical heterogeneity. Whereas the 
term physical heterogeneity is associated with flow pattern and solute transport, 
chemical heterogeneity is produced by the non-uniform distribution of the geological 
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material and is associated with chemical reactions and mobility of elements 
[Tompson, 1993; Tompson and Jackson, 1996; Tompson et al, 1996]. For example, 
spatial variability in hydraulic conductivity may create zone of increased solute 
dispersion compare to an homogeneous aquifer [Geihar and Axness, 1983]; spatial 
heterogeneity in mineralogical compositions and mineral surface properties can 
result in variable soil reactivity towards contaminants [Anderson et al, 1991; Barber 
et al, 1992].' 
Local heterogeneity in the groundwater environment can significantly affect 
the distribution of pollutants and complicate the interpretation of their fate. In the 
present investigations, the heterogeneity in the mineralogy of the soil was shown to 
affect the distribution of metal cations in the groundwater, and produced a chemical 
heterogeneity.The results reinforce the fact that when contamination issues are 
investigated, a detailed mapping of the geochemical environment in which the 
contaminants migrate is essential, both for field data understanding and modelling . 
[Heron et al., 1998; Zhu and Burden, 20011. Without this information, the variations 
in contaminant distribution induced by local changes in soil geochemical properties 
can be mistaken with variations in allochton (i.e. from the contaminant source) input 
of contaminants for example. If not properly identified, geochemical changes of 
natural and anthropogenic origin can easily be mistaken one for the other. 
In addition, it is likely that physical heterogeneity (associated with variations. 
in the flow patterns and solute transport) would have also played a role in the 
migration of the contaminants in some parts of the aquifer. At MLS03, most 
contaminants are found between -5 and -7 m, this is particularly true for Zn and Ni. 
These depths are above the clay layer and correspond to a layer of gravely sand, and 
the flux of contaminant could have been channelled through this layer. With 
increasing advective processes, as it is the case at the estuary-ward boundary of the 
MLS transect, the flux of contaminants would be even more directed towards zones. 
of higher hydraulic conductivity [Jankowsky and Beck, 2000]. The position of the 
contaminant plume at MLS03 could have been influenced by physical heterogeneity 
in the aquifer soils. 
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The heterogeneity was shown to be of particular significancç in the study 
probably due to the use of closely-spaced sampling ports that provide with a great 
vertical detailing of the geochemistry. This illustrates the fact that heterogeneity 
becomes increasingly important as the scale of the system decreases [Ronen et al., 
1987]. 
YHI. 2. 	Temporal variations over a semi-diurnal tidal cycle 
The results from the previous chapters have shown that the groundwater 
system in the aquifer was responsive to tidal fluctuations. 
The tide-induced water , table fluctuations were shown to influence 
considerably the flow and mass transport in the aquifer near the shoreline. The latter 
was seen in the tracer dilution test that showed a tidally influenced decay of the 
tracer concentration. Hence, although the relatively large damping of the signal 
reduces considerably the scale of the tidal effect on the groundwater system, it makes 
sense to study the temporal variability of the metal contaminants induced by the 
tides. 
Hence, the variations in the pore water metal concentrations in the MLS 
transect were investigated over the course of a semi-diurnal tidal cycle. In parallel, 
the temporal variations in pH and in concentrations of metal-fate-controlling species 
such as Ca, Mg, Fe and Al were also investigated. The results of these investigations 
are presented and discussed in the following section. 
VIII. 2.1. Field investigation 
The groundwater was sampled on 6/03/2002 at ebb and flood during the 
course of a semi-diurnal tidal cycle. The pH was measured in the field, and the water 
samples were kept for chemical analysis of the major cations. In parallel, the water 
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table fluctuations were recorded in the groundwater and estuary. The water levels in 
the estuary and inland boreholes and time slots during which the water sampling was 
performed at ebb and flood are presented in Figure V111-19. 
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Figure Vffl-19. Intra-tidal sampling in the MLS transect on 6/03/2002: estuary and 
groundwater head data time series (m AMSL) and time of water collection during ebb 
and flood. 
On the day of sampling, the water table at AL02 fluctuated by more than 30 
cm between the two periods of sampling. At AL03 located some 30 m inland from 
AL02, the fluctuations were limited with a 5-cm difference in water table height 
between ebb and flood. The water table fluctuations at AL01 were not recorded on 
the day of sampling as it has been shown in previous chapters that the effect of tidal 
loading on the groundwater system is not significant inland. 
As it was shown in CHAPTER V, the groundwater flow velocities towards 
the estuary are maximal during ebb near the shore, and the transport of dissolved 
species estuary-ward is increased. During flood, the flow velocities are considerably. 
reduced, limiting the migration of the dissolved species. If the changes in hydraulic 
conditions occurring during a semi-diurnal tidal cycle impact the transport of 
contaminants, qualitative and quantitative variations in the chemistry would be 
observed in the monitoring transect between ebb and flood, in particular at MLS03 
where variations in the hydrodynamic conditions are expressed the most. 
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The pH values versus depth in the MIS transect for ebb and flood sampling 
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Figure Vffl-20. pH at ebb (black line) and flood (grey dots) in the MIS transect, 
06/03/2002. Depth in m below ground level at MLSO I. 
Overall, the pH distributions present similar patterns for ebb and flood at each 
location. Noticeable intra-tidal variations are however observed at MLS02 above -8 
m and at MLS03 between -6 and -8 m. There, pH values are slightly higher for ebb 
than flood, with an average increase of 0.15 (pH scale). These depths have been 
previously identified as zones of active geochemical interactions between soil and 
acidic water where most of the contaminants are found. MLS01 pH values are 
identical for ebb and flood suggesting that the acidic plume is not affected by the tide 
set-up. This is in agreement with the previous findings that inland, the groundwater 
was not affected by the tidal loading from the estuary. 
Clearly, the variations in pH values observed at MLS02 and MLS03 are not 
due to variations in acidic input to the groundwater on such a small time scale. The 
variations in pH could be the result of variations in local processes controlling the 
pH. Probably, these variations indicate a lesser buffering of the pH at ebb compared 
with flood, initiated by the changes in hydraulic conditions. If this is the case, the 
concentrations of dissolved species, which are released by buffering reactions, 
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should also present some variations between the two samplings. This is investigated 
here. 
The cation and pH distributions versus depth at ebb and flood are presented in 
Figure Vffl-21 to Figure Vffi-26 for the three MLS boreholes. Note that the lowest 
values of the pH at MLS03 are close to 6. Consequently, the buffering of the pH 
would be essentially operated by the carbonate system. This is different from what 
was observed for later sampling dates, such as June 2002 as investigated in the 
previous chapters, and is explained by an on-going acidification of the groundwater. 
MLSO1 and MLS02 concentrations for all elements present limited variability 
between the two sampling, whereas significant variations in the concentrations are 
observed at MLS03 location between the two samplings. The ebb and flood 
distributions are analysed for the three MLS locations. 
At MLSOI, the vertical distributions of the cation concentrations present little 
change between the ebb and flood samplings (Figure VIH-21 and Figure Vffl-22), 
similarly to the pH distribution. In addition, the values of the concentrations do not 
differ significantly between ebb and flood. Up to -6 m, slightly higher values are 
observed during flood for Cr, Cu, Fe, Mn, Mg, K and Ca concentrations, but overall, 
the variations are limited. The recurrent distributions of the dissolved species and pH 
suggest that on the day of sampling, the geochemical processes • were independent 
from any tidal influence. This is in agreement with the previous findings of a lack of 
tidal effect on the groundwater system inland at ALOI (CHAPTER V). This is also in 
agreement with numerical results by Zhang et al. [2001] that inland of the zone of 
tidal influence, the water table fluctuations could be safely ignored in contaminant 
transport investigation. The slight variations that were observed in the cation 
distribution are most likely inherent to the natural variations of the system or due to 
analytical errors given the small concentration values. 
The distribution of cations at MLS02 also presents similar patterns at ebb and 
flood (Figure Vffl-23 and Figure Vffl-24). However, some differences exist in the 
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concentration values between ebb and flood. For all species except Cd, the 
concentrations above -7 in are slightly higher at ebb than flood. Below, this is also 
observed except for Fe and Cr which concentrations are slightly higher at flood than 
ebb. The most differences in concentration between the two sampling times are 
observed above -7 m, where some variations in pH values were observed. Most 
differences are observed for Al, Ca, K, Fe, Cu, Cr and Zn at -2.5 in just below the 
waste, and could be explained by varying contaminant input from the overlying 
waste layer, induced by the fluctuations in water table and hence in the depth of 
contact between the groundwater and the soil. This is particularly significant here as 
the first sampling port is located at the bottom of the waste layer, and was found dry 
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Figure Vffl-2 1. AL, Fe, Mn, Ca, Mg, Ca + Mg, and K concentrations, and pH versus 
depth at MLSO I. Concentration in mmolIl. Depth in m below ground level at MLSO I. 
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Figure Vffi-22. Cu, Zn, Ni, Cr and Cd concentrations versus depth at MLSO1. 
Concentration in mmolll. Depth in m below ground level at MLSO1. Black line: ebb; 
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Figure Vffl-23. AL, Fe, Mn, Ca, Mg, Ca + Mg, and K concentrations, and pH versus 
depth at MLS02. Concentration in mmolJl. Depth in m below ground level at MLSO1. 
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Figure Vffl-24. Cu, Zn, Ni, Cr and Cd concentrations versus depth at MLS02. 
Concentration in mmolJl. Depth in m below ground level at MLSO1. Black line: ebb; 
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Figure Vffl-25. Al, Fe, Mn, Ca, Mg, Ca + Mg, and K concentrations, and pH versus 
depth at MLS03. Concentration in mmol/l. Depth in m below ground level at MLSO1. 
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Figure Vffl-26. Cu, Zn, Ni, Cr and Cd concentrations versus depth at MLS03. 
Concentration in mmol/l. Depth in m below ground level at MLSO1. Black line: ebb; 
grey dots: flood 
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At MLS03, substantial differences in the distributions and the values of the 
cation concentrations between ebb and flood sampling could be observed (Figure 
Vffl-25 and Figure Vffl-26). The major points of difference were: 1) a more 
pronounced plume of contaminants presenting a more restricted width and sharper 
outlines at ebb compared with flood; 2) at depths other than where the main peak is 
found, the concentrations are low at ebb but not at flood; 3) the values of the peak 
concentrations are lower at ebb than flood, except for Ca and Mg; and 4) the position 
of the concentration peak for Cu, Al, Mn and K, is clearly different at ebb and flood, 
with the peak localised at shallower depths at ebb. 
These results suggest that the water table fluctuations and induced variations 
in groundwater flow could strongly influence the chemical patterns at MLS03. In 
addition, the effect would not be the same for all dissolved species.In particular, the 
distribution of Fe, Cr, Zn and Ni varies little between the two samplings, whereas 
for others such as Cu, Al, Mn and K, clear differences were observed. Also, the 
behaviour of Ca and Mg differed from that of the other species, as they presented 
higher peak value at ebb whereas this was observed at flood for all other species. 
Principal component analysis (PCA) using observations of cation 
concentrations at ebb and flood at MLS03 was carried out to investigate whether the 
changes in chemistry observed over a tidal cycle are significant] whether the tidal 
stage significantly influenced the chemistry of MLS03 on the day of sampling. The 
results are presented in the following section. 
The concentrations were first standardised to zero mean and unity variance, 
and the PCA was performed on the correlation matrix using MIN1TAB. 
Concentrations at ebb and flood for each element were considered as separate 
variables. 
The PCA identified four factors that explained most (97%) of the variance in 
the groundwater cation concentration data. Component loadings on the four factors 
are listed in Table Vffl.4. Factor I (PCI) accounts for 52% of the total variance, and 
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factor 2 for 29%. With a total of more than 80% of the data explained by PCi and 
PC2, other principal components 3 and 4 are in a first instance excluded from the 
discussion. 
Table Vffl.4. Principal component loading values of PCA of ebb and flood cation 
concentrations. 
Variable PCI PC2 PC3 PC4 
Flood 	Al -0.010 0.356 0.315 -0.147 
Ca -0.192 0.250 0.234 0.242 
Cr -0.237 0.218 -0.230 0.025 
Cu 0.070 0.35 1 0.204 0.200 
Fe -0.256 0.200 -0.168 0.092 
K -0.082 0.264 0.425 -0.104 
Mg -0.257 0.064 0.322 -0.144 
Mn -0.174 0.322 0.128 -0.030 
Ni -0.102 0.328 -0.314 0.090 
Zn 0.030 0.328 -0.291 0.376 
Ebb 	Al -0.288 -0.140 -0.012 0.109 
Ca -0.274 -0.157 0.092 0.249 
Cr. -0.295 -0.09 1 -0.032 -0.205 
Cu -0.142 -0.268 0.138 0.568 
Fe -0.301 -0.097 -0.026 -0.066 
K -0.300 -0.096 0.085 -0.03 1 
Mg -0.279 -0.168 0.076 0.125 
Mn -0.300 -0.105 0.018 -0.024 
Ni -0.261 0.022 -0.177 -0.479 
Zn -0.204 0.155 -0.406 -0.006 
Eigenvalue 10.330 5.818 2.238 0.967 
Cumulative proportion 0.5 17 0.807 0.919 0.968 
The loadings express the association of the elements with the component. 
They can be better appreciated for the first three components on Figure Vffl-27. The 
first component presents strong negative associations with most elements except for 
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Cu and Zn at flood, which present positive loadings. Also at ebb, Cu and Zn are less 
expressed than the other cations (lower absolute value of the loadings). Among the 
other species, high negative factor loadings are equally observed at ebb and flood 
except for Al, K, and Ni that show much lower loadings at flood. 
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Figure Vffl-27. Loading bar plot of PCA results for MLS03 cation concentrations at 
ebb and flood. Grey: flood concentrations; black: ebb concentrations. 
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The second component PC2 presents positive loadings for all flood 
concentrations and for ebb concentrations of Ni and Zn. All other ebb concentrations 
are characterised by a negative loading. Hence except for Ni and Zn, PC2 allows a 
clear clustering of ebb concentrations on one side and flood concentrations on the 
other side of PC2 axis. On the depth profiles presented previously (Figure VllI-25 
and Figure VIII-26), Zn and Ni are the species for which the least variations in 
distribution were observed between ebb and flood. Hence, the clustering brought by 
PC2 could mean that except for Ni and Zn, there is a significant difference in the 
cation distributions between ebb and flood. Further, the absolute value of the 
loadings for Cr and Fe at ebb are low, and could indicate that their behaviour is not 
significantly different at ebb and flood. This would also be coherent with the 
previous observations. PC2 can be interpreted as an evaluation of the spatial 
variations in the cation distribution between ebb and flood measurements. 
The interrelations among the cations are more evident on a projection plot or 
bivariate plot of the principal component loadings for PCI and PC2 (Figure VllI-28). 
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Figure VIII-28. Correlations between the element concentrations and the principal 
components in the projection of PC 1 and PC2. Legend: open circle: ebb concentration 
projections; full square: flood concentration projections. 
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The bivariate plot for PCi and PC2 (Figure Vffi-28) illustrates the 
differences among the data points. In particular, the differences between ebb and 
flood data points are clearly seen: the ebb concentration projections plot in quarter 3 
while those for flood plot in quarter 4. Exceptions are for Ni and Zn at ebb which 
plot in quarter 4, and Zn and Cu at flood plotting in quarter I. In addition for each 
species, the position of the data point on the projection plot is different for ebb and 
flood in the projection plot, illustrating the fact that all the species investigated would 
be present differences in their concentrations between the two sampling times. 
In quarter 3, the ebb concentration projections form a cluster with a large. 
negative loading on the first component. Cu is distinctive from the cluster although 
in the same quarter. There is a significant scattering of the flood data points in 
quarter 4 of the plot, this is in contrast with the cluster configuration of the 
projections of the ebb concentrations. 
Factor scores give the positions of the samples in coordinates of the principal 
components, while the magnitude of scores corresponds to the extent to which 
individual sites reflect these attributes (i.e., elevated concentrations of metals with 
high loadings) and the amount of information for that site explained by the factor. 
Figure Vffi-29 shows the plot of the principal component scores for MLS03 
sampling ports in the planes components 1 and 2. The labels indicate the ports 





Figure Vffl-29. Scatter of MLS03 ports projected on to principal component 1 and 2. 
Labels are in italics and indicate the port number. 
On PCi, the highest factor scores (absolute values) on the negative side of the 
axis corresponded to ports MLS03-7 and MLS03-8. This is expected as PCi was 
negatively associated with most cation concentrations, and ports 7 and 8 are where 
most dissolved species are found. This is in accordance with typical observation that 
PCI is a global size factor. 
On PC2, the highest factor scores belong to port MLS03-5, and the flood 
concentrations would be associated with it. This is not surprising as port MLS03-5 
corresponds to the depth where the highest concentrations were found at flood (-6.3 
m). In contrast, ebb concentrations in quarter 3 would be associated with port 
MLS03-8 located at -7.8 m; again this is coherent with the field data as the highest 
concentrations were found at this depth during ebb. 
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In total, these results have illustrated that at MLS03: 
• All cations exhibited a different behaviour between ebb and flood; 
• At ebb the differences between the species was not expressed (data points 
plotted in a close cluster), whereas at flood differences existed (data points 
were significantly scattered); 
• There was a marked difference in the behaviour of Zn and Ni compared 
with the other cations, with Zn and Ni distribution varying little between 
ebb and flood. 
The results for PC! and PC2 clearly indicate that there is a significant 
difference in the cation distributions between ebb and flood, supporting the field 
evidence. Explanation for this is likely the changes in groundwater flow conditions 
induced by the tide described in CHAFFER V. Similar changes in plume outline due 
to tidally driven oscillations of groundwater flow have been observed and modelled 
by Zhang et al. [2001]. 
The main differences that were given between ebb and flood distributions are 
reminded here: 1) a more pronounced plume of contaminants presenting a more 
restricted width and sharper outlines at ebb compared with flood; 2) at depths other 
than where the main peak is found, the concentrations are low at ebb but not at flood; 
3) the values of the peak concentrations are lower at ebb than flood, except for Ca 
and Mg; and 4) the position of the concentration peak for Cu, Al, Mn and K, is 
clearly different at ebb and flood, with the peak localised at shallower depths at ebb. 
In previous sections, it was shown that during ebb, the hydrodynamic 
conditions are more energetic, the hydraulic gradients toward the estuary are 
increased, which could hasten the rate of plume migration due to higher tide-induced 
advective and dispersive fluxes [Robinson et al., 1998; Li et al., 1999; Mao et al., 
2005]. During flood, the flow velocities are reduced and the migration of the 
dissolved species would also be reduced. Such an effect was shown to affect tracer 
decay at the site during the tracer experiment in a borehole near the estuary shore. 
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Based on these previous results, observations 1) and 2) suggest that probably, 
the increased advective-dispersive flow at ebb channels the flux of contaminants 
more strongly than at flood, creating the sharper peaks observed in the species 
distribution. The main process controlling contaminants would be the advective-
dispersive transport for all species. This would be corroborated by the grouping in a 
close cluster of the species data points at ebb given by the PCA. At flood, 
groundwater flow towards the estuary is significantly reduced, and the transport of. 
contaminant reduced. It was suggested by Montlucon et al. [2001] that under low 
flow conditions, autochtonous processes may control the groundwater chemistry. 
This could explain the scattering given by the PCA for the species at flood compared 
to ebb: geochemical differences between cation behaviour could be relatively more 
expressed at flood than ebb. 
Observation 3) that the concentrations are lower at ebb than at flood (except. 
for Ca and Mg) can be explained by increased dilution induced by the increased 
advective transport, which would lower the concentrations This would support 
explanation given for observations 1) and 2). 
The effect of the tidal loading on the distribution between ebb and flood 
varied among the species, as described in observation 4) (also observation 3) for Ca 
and Mg). In particular, the elements could be grouped into three categories based on 
the differences in their distributions between ebb and flood: 
• higher concentrations at ebb: Ca and Mg; 
• recurrent distribution at ebb and flood: Fe, Zn, Ni and Cr; 
• significant difference in distribution between ebb and flood: Al, K and 
Cu. 
While the results for PC! and PC2 brought essential information on the 
significance of the effect of tidal loading on the chemical distributions, they did not 
bring useful information on the clustering among species, which may be valuable to 
test the significance of the grouping of species done based on the field data. Results 
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for the third component, which explains 10% of the data, could help in that way and 
the results are here presented and discussed. 
The loading results for PC3 were presented in Table VIll.4 and Figure 
Vffl-27. The loading results on PC3 present a clear separation of the flood data 
points, with Fe, Cr, Ni and Zn presenting negative loadings, whereas K, Al, Mg, Ca, 
Cu and Mn present a positive loading. A similar segregation of these species on each 
side of PC3 is also observed for ebb data points (except for Al for which the loading 
is negative), but the loadings are less significant. The bivariate plot for PCi and PC3 










Figure Vffl-30. Correlations between the element concentrations and the principal 
components.in the projection of PCI and PC3. Symbol: open circle: ebb concentration 
projections; full square: flood concentration projections. 
On Figure Vffl-30, the clustering among the different species is more evident, 
however a close cluster grouping most data points for ebb is still present. Clearly, 
there is a strong control from a main process at ebb, probably the increased 
advective-dispersive transport. 
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A second cluster groups ebb data points for Fe, Cr, Ni and Zn. These species 
showed little variations in their distribution between ebb and flood. Both ebb and 
flood data points are found in this cluster for Zn and Ni, indicating that for these 
species in particular there is little difference in their distribution. The grouping of 
these species is in good agreement with findings from the geochemical analysis, 
which showed that Cr, Ni and Zn concentrations were mainly controlled by Fe-
bearing minerals solubility. These elements would be released locally by dissolution 
Fe oxyhydroxides, explaining their associations and the little effect of the transport 
processes on their distribution. A local source of these elements is supported by 
speciation calculations which indicate that the pore water reaches near equilibrium 
with Fe(OH)3 where the pH is acidic at MLS03. 
Other cluster on Figure Vffl-30 is the one grouping Al, K and Cu. Again this 
result is in agreement with the previous grouping of species based on the field data, 
and geochemical investigations. Al and K were shown to originate from Al silicate 
dissolution, whereas Cu distribution was shown to be essentially depending on pH 
dependent sorption and transport in the aquifer. Hence these species would be 
essentially transported from up-gradient through MLS03, explaining the significant 
effect of the changing groundwater flow on their distribution. 
Mg and Ca also showed some more limited variations in their distribution 
patterns compare to the "Al, K, Cu" group, but most difference was in the fact that 
their peak concentration was higher at ebb than flood, contrary to what was observed 
for the other species. Speciation calculations indicate that carbonate dissolution is 
occurring at these depths at MLS03. Hence, the higher concentrations observed at 
ebb could indicate that the rate of carbonate dissolution is increased. In turn, the 
lower Ca (and Mg) concentrations observed at flood could indicate less carbonate 
dissolution due to a lower reaction rate. This is corroborated by the fact that lower 
pH values are observed at these depths at flood compared with ebb. The controls on 
the dissolution rate of calcite are not well known with precision, in particular in 
complex field systems [Sjoberg and Rickard, 1983]. However, because flow rates in 
many natural systems are relatively slow and C2 concentration are often substantial, 
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an end-member transport-controlled (e.g. the transport of the reaction products is the 
limiting step) dissolution rate for calcite may persist over a substantial pH range 
[Sjoberg and Rickard, 1983]. In addition, the calcite dissolution rate has been shown 
to present a dependence on hydrodynamic conditions, but it is yet not well known in 
which regime the reaction rates shows this dependence [Morse and Arvidson, 2002]. 
Hence, the effect of the tide-induced variations of the groundwater on the distribution 
of the dissolved species could then depend on the nature of the geochemical reactions 
involved. 
In addition, the variations in the flux of dissolved elements from inland to the 
near-shore areas may influence the geochemical reactions. For example, it has been 
shown by Hansel et al. [2003] that the secondary mineralization of Fe(U) following 
reductive dissolution of ferrihydrite at a given pH in an aquifer was primarily 
governed by flow-regulated Fe(ll) concentrations. Thus this would impose another 
control on the reactions which would vary with the oscillating flow. 
Clearly, the processes inyolved are complex, and a precise knowledge of the 
on-going reactions and of the factors controlling them would be necessary to 
conclude on the effect for each particular reaction. This was beyond the scope of the 
present study. 
These results have shown that the tidal loading on the groundwater does not 
influence greatly the fate of contaminants in the monitoring transect. Inland changes 
were non-existent. However, some changes in the distributions of the contaminant 
species occurred over a tidal cycle on the day of sampling at the estuary-ward 
boundary of the MLS transect. The effects at the particular site were limited 
quantitatively, probably due to the relatively large distance of this boundary from the 
beach. In addition, the analysis was limited by the fact that the effect of tidal loading 
has been investigated on only one sampling event, for time constraints. Ideally, more 
sample periods would be necessary to clearly assess the extent of the effect of tidal 
loading on the distribution of the dissolved species at MLS03. 
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VIII. 2.2. Simulating contaminant transport over a tidal cycle 
Some simulations of contaminant migration were run with the same regional 
model described earlier in this thesis. The reader should refer to CHAPTER V for 
description of the model set-up. Results are adapted from Mao et al. [2005]. 
The model was first run for the groundwater flow and salt-water intrusion. 
After 1719 days, steady state was reached and a conservative contaminant plume was 
assumed to be generated from the inland area of the monitoring transect, close to the 
actual source of acidic leachate in the field. The simulation ran for another 5 years 
(1825 days). The tidal oscillation (using the observed water head data set from 19 - 
29 December 2002) was then included and the simulation continued for 10 days. 
Figure Vffl-3 1 presents the simulated contaminant migration from inland 
areas towards the estuary for a typical high and low tide situation. Geochemical 
reactions were not included in the simulations. After 5 years, an acidic plume has 
formed into the aquifer and migrates at shallow depth, with the front of the plume 
found 50 m inland from the Mid-estuary piezometer. Closer to the estuary shore, the 
front of the contour inclined downwards possibly a result of the complex 
hydrodynamics under the beach. 'Overall, the concentration contours differed little 
between high and low tides, showing little intra-tidal response of the contaminant 
concentrations. However, an upward movement of the concentration contours can be 
observed between 150 and 190 in from the Mid-estuary piezometer at high tide 
compare to low tide. This is in agreement with the field observations at MLS03, 
where for most dissolved species, an upward movement of the distribution profile 
could be observed at flood compared to ebb on the sampling day. Borehole MLS03 is 









Figure VIII-3 I. Simulation of migration of conservative contaminant after 10 years of 







Figure VII1-32. Simulation of migration of conservative contaminant after 10 years of 
leaching. Flood situation (adapted from Mao Ct al., 2005). 
To estimate quantitatively the tidal effect on the contaminant fluxes, the time 
varying flux rate of contaminant along the transect was calculated by Mao et al. 
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Figure Vffl-33. Simulation result for the horizontal contaminant flux across the 
vertical line 180 in from the Mid-estuary bore and corresponding tidal fluctuations in 
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Figure Vffl-34 Simulation result for the vertical contaminant flux below the beach in 
the 'horizontal distance between 50 m and 180 m from the Mid-estuary piezometer 
(adapted from Mao et al., 2005) 
The horizontal flux of contaminant was shown to vary significantly over the 
course of a tidal cycle (Figure Vffl-34), and to follow the tidal cycle, with increased 
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flux towards to the estuary observed as the tide started to recede. The flux was 
mostly negative, indicating an offshore direction. The horizontal flux was not purely 
sinusoidal but was showing a skewed pattern, following that of the water table in the 
groundwater aquifer. The vertical flux (Figure Vffl-34) mainly occurred in the area 
between 150 in to 180 m from the Mid-estuary piezometer, and was showing large 
variations both temporally and spatially. Here only the patterns observed 180 m from 
the Mid-estuary piezometer are discussed as the present investigation essentially 
focused on the processes in the groundwater aquifer (inland part). At high tide, the 
vertical flux was found to be significant and upward (positive). At low tide, the 
vertical flux was downward (negative); however there was little difference with the 
calculated average vertical flux over a 1-day period, due to the asymmetry of the 
water table fluctuations and dominance of the lowering phase over the rising phase. 
The effects were more pronounced at a distance of 170 in from the Mid-estuary 
piezometer. 
MLS03 is located 210 in inland from the Mid-estuary piezometer. At this 
location the simulations predicts little variations in the flux of contaminants. Clearly, 
it is likely that at MLS03, the fluctuations in the fluxes of ëontaminants would be 
reduced compared to areas located nearer to the estuary, in particular the vertical 
component. However, the chemistry field data suggested there was an effect of the 
tidal loading on the contaminant distribution at MLS03. In that way, field data and 
simulation results are in not in agreement. The fact that the model did not show 
significant changes in contaminant flux farther inland from 180 in could be due to 
the fact that the flow model did not manage to reproduce exactly the experimental 
groundwater fluctuations. In particular, the skewing of the signal was more 
pronounced in the experimental data set. 
VIII. 2.3. Discussion 
Both field and numerical findings have shown that the effect of the tidal. 
loading on the contaminant transport was not significant in the aquifer inland, 
however there were some changes observed in the simulated plume near the shore. 
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Some variations in the species distributions were also observed during the field 
investigations at the estuary-ward boundary of the MLS transect, although these 
effects were limited. 
These results are in agreement with a study by Zhang et al. [2001] who 
showed numerically that changes in the contaminant plume outline were produced 
due to tidally driven oscillations of groundwater flow. 
The present findings are also in agreement with previous findings by Yim et 
al. [1992] who indicated that the effect of tidal loading on contaminant plume 
migration is spatially limited to an area near the bank of the estuary. However, 
simulations by Yim et al. [1992] indicated that the zone of influence of tidal loading 
was limited to 12 in from the estuary bank. In the present case, the field data 
suggested that the tidal loading would have an effect on the contaminant distribution 
as far as 20 m from the estuary high tide mark (at MLS03). The difference in result 
could again lie in the different site settings. The study by Yirn et al. used an idealised 
system with vertical beach. It is believed that the mildly-sloping beach allows an 
increased effect of the tidal loading on the dissolved species in the aquifer compare 
to the vertical beach case, as suggested by others [Ataie-Ashtiani et al., 1999; Mao et 
al., 2005]. 
• 	On the suggested effect of the tide-induced variations in flow conditions on 
the geochemical reactions, there is little work of reference for discussion. However, 
some studies have investigated the effect of an induced motion of the water table on 
contaminants during pulsed pumping. Pulse pumping is a pump and treat remedial 
method with objective to increase the rate of contaminant removal subsequently to 
increased hydrodynamic dispersivity [Neeper, 2001]. In that way, the variations in 
groundwater flow created during this process present similarities with tidally induced 
groundwater flow in coastal and estuarine aquifers. The efficiency of such pulsed 
pumping as a remediation method has been investigated by many [Powers et al., 
1991; Borden and Kao, 1992; Armstrong et al., 1994; Rabideau and Miller, 1994; 
Harvey et al., 1994]. These studies have shown that the variations in hydraulic 
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conditions affect in most cases the contaminant behaviour. The effect on the 
dissolved species varies widely and depend on many parameters, such as the 
pumping rate (or induced flow velocities), the length of resting time between 
pumping periods (or the asymmetry in the rise and fall of the ground water table and 
induced phase of increased or decreased groundwater flow), and the mass transfer 
rate of contaminants from solid immobile to dissolved mobile phase. 
Thus, based on these results, it is similarly expected that in tidally influenced 
groundwater systems such as the present one, the mode and extent of the effect 
imposed by the rapid variations in groundwater flow on the reactive transport of 
dissolved species will be complex and will depend on various factors linked with the 
site settings (asymmetry and range of groundwater table fluctuations) and with the 
nature of geochemical reactions involved. Clearly additional investigation is needed 
on this topic to verify the present statements. 
VIII. 3. 	Summary 
The major points drawn from this chapter on the behaviour of metal 
contaminants are summarised below. 
Metal contaminants were detected in the solid and dissolved phases of the. 
aquifer in high levels. 
Dissolved metal contaminants had a dual origin in the aquifer: by the 
leaching of the surficial contaminated waste and by release from the natural 
soil during the pH buffering reactions. 
The attenuation of metal cations in the dissolved phase was shown to be. 
controlled mainly by pH-dependent sorption onto and co-precipitation 
processes with the minerals composing the grain coatings. 
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The order of metal selectivity for the aquifer soils was shown to be Pb> Cu 
> Ni = Zn > Cd > Cr, and agreed well with results from other studies. 
Heterogeneities in the site settings, in particular the presence of layers of 
increased sorbing properties, were shown to influence the distribution of 
most metal contaminants. 
The tide-induced changes in hydrodynamic conditions were shown to have 
little effect on the overall migration of the acidic and metal contaminant 
plume, and their attenuation was mainly due to reactions with the soil 
matrix. 
However, the tide-induced variations in groundwater flow affected the 
distribution of the dissolved species at the most shoreward boundary of the 
monitoring transect (MLS03). These effects were reproduced to some 
extent by the regional model and attributed to the tide-induced changes in 
hydrodynamic conditions near the shore. In addition, probably the 
variations in hydrodynamic conditions affected the geochemical reactions 
controlling the dissolved species. 
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CHAPTER IX GENERAL DISCUSSION AND CONCLUSIONS 
This thesis presents the results of a field investigation of a low pH and metal. 
contaminant plume in an estuarine aquifer. The study constitutes a detailed field 
investigation aimed at identifying the processes controlling the contaminants in the 
aquifer. 
The approach taken involved: 1) design, construction and installation of 
multi-level sampling devices; 2) sampling the 49 ports of the MIS boreholes on 
several occasions for the investigation of the contaminant plume and saline intrusion; 
3) geochemically characterising the aquifer soils; 4) speciation modelling of the 
waters; 5) collection of water head data across the site for an in-depth investigation 
of the groundwater flow path, in particular the effect and extent of the tidal loading; 
6) cross-interpretation and modelling of the data acquired. 
Preliminary work supporting the project consisted of the identification of the 
main issues at the site, the development of a suitable research plan, and the design 
and installation of the MLS transect from the main acidic contaminant source along 
the flow path towards the estuary. Because no research had been performed at the 
site prior to this study, considerable effort was put into this phase and the subsequent 
preliminary identification of the site settings. 
The main conclusions that emerged from the present research are presented 
and discussed in the first section below. In the second section, the main contributions 
of the research work are presented. This is followed by the prognosis for the future 
at the field site. Lastly, the points of interest for future research at the study site and 
for studies on similar topics are presented. 
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IX. 1. Main conclusions 
The results from the investigation of the water table fluctuations confirmed 
that the groundwater was clearly influenced by the tidal forcing imposed by the• 
estuary. In-depth analysis of the water head data revealed that the tidal signal was 
rapidly dampened as it propagated into the aquifer. It was shown that rapid and 
significant changes in groundwater flow velocities were induced by the tidal loading 
near the shore. The situation was different inland, where the effect of the tidal 
loading was virtually non-existent. There, the system was at quasi steady state and 
mainly influenced by long-term variations due to seasonal changes in rainfall. These 
major differences in hydrodynamic conditions between inland and near-shore areas 
were shown to be critical for understanding the geochemical patterns observed in the 
groundwater. It was also shown that the presence of the mildly sloping interface 
between the groundwater and the estuary had a major effect on the water table 
fluctuations. Existing analytical solutions for predicting water table fluctuations 
could not be applied because of the large assumptions these solutions rely on/because 
the site settings did not fit the assumptions these solutions rely on, in particular the 
assumption of a vertical beach. 
The results of this study confirmed the presence of an acidic aquifer plume 
migrating at a shallow depth towards the estuary. Acidity was generated by the 
oxidation of waste material containing elemental sulphur 100 m away from the 
estuary shore. pH values as low as 2 were identified in the shallowest part of the 
groundwater. Results of the investigation of the estuarine intrusion suggested that the 
deep areas of the aquifer had also been affected by the acidic leachate. 
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Figure IX- 1. Conceptual model of the monitoring transect: acidic plume, main buffering zones and position of the saline groundwater 
in the investigated transect. 
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As the acidic plume migrated longitudinally and vertically through the 
aquifer, it was retarded by a series of buffering reactions involving the successive, 
dissolution of minerals. The pH evolved through a series of plateaux which marked 
the different buffering zones. The main minerals involved in the buffering reactions 
identified were carbonates, Fe oxyhydroxides, Al oxyhydroxides, and Al-silicates. In 
particular, the progression of the acidic plume was effectively retarded by the 
buffering provided by the dissolution of carbonate minerals despite the mostly sandy 
nature of the natural soil. This could be observed at depth during the investigation of 
the estuarine water intrusion in the monitoring transect. The reactions between the. 
groundwater and the soil brought significant complications in unravelling the estuary 
water.intrusion. In the upper areas of the aquifer, the depletion in carbonate minerals 
led to very acidic waters. The effect of the different hydrodynamic conditions 
between inland and near-shore areas could be observed, for example in the 
development of the buffering zones, with pH buffering zones more well-developed 
inland compared to areas down-gradient. 
The chemical investigation revealed the presence of metal contaminants Cd, 
Cr, Cu, Ni, Zn and Pb in high levels in the groundwater and in the soil, in particular 
in the waste layer. All metal cations except Ni were found above the Maximal 
Contaminant Levels (MCL) for drinking water in some parts of the monitoring 
transect, in particular levels of Cr and Cu were significantly higher. There were two 
sources of metals in the groundwater. One was the leaching from the waste layers 
under acidic conditions. This was affecting mainly the upper areas of the aquifer, and 
also the lower zones due to the migration in the groundwater. A local in-situ source 
was via the dissolution reactions within the natural layers of the aquifer, which put in 
solution considerable amounts of metal cations. It was shown that Cu and Pb were 
essentially originating from the waste. 
The fate of the metal contaminants in the water was primarily controlled by 
the solubility of mineral phases, mainly Fe oxyhydroxides, Al oxyhydroxides and' 
carbonates. The contaminants were co-released as minerals dissolved, and were 
attenuated by co-precipitation with or sorption onto the stable mineral phases. These 
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reactions were impacted by the strong gradients in pH and redox conditions observed 
in the aquifer and so had a significant impact on the metal contaminants. The fate of 
Ni and Zn could be associated with that of Fe oxyhydroxides, whereas the fate of Cd 
depended on Al minerals and carbonates. Cu fate was shown to be mainly controlled 
by pH-dependent sorptionto mineral surfaces. 
The study also established that the migration of some of the metal 
contaminants was affected by the heterogeneity in the soils. In particular, the clayey,  
layers increased the uptake of Cr, Cd, Zn and Ni, resulting in a decrease in 
concentrations measured there. On the other hand, the presence of layers of higher 
hydraulic conductivity may have influenced the migration path of the contaminant 
plume in the MLS transect in particular at the estuary-ward boundary of the transect. 
Although the study identified a zone where estuarine water had intruded the 
aquifer at depth, the saline water was limited spatially to deep areas, and the chloride 
concentrations were low in the monitoring transect, even at the estuary-ward 
boundary. Clearly the core of the mixing zone was located farther towards the 
estuary. Ideally a fourth MLS borehole positioned farther away towards the estuary 
would have been necessary to investigate these processes. For logistical and financial 
limitations, this was not possible during this research. Hence, the effect of higher 
salinity on the contaminants is a topic where much research effort in the field is also 
needed as it could have major effects on the fate of contaminants. 
The results showed that the oscillation in the groundwater induced by the tide 
affects the distribution of dissolved species over the course of a semi-diurnal tidal 
cycle, in areas nearest to the estuary shore. Field evidence of such an effect was 
observed during a dilution test performed in a borehole near the shore, where an 
oscillating decay of the tracer could be seen, as a result of the tide-induced variations 
in groundwater flow. The distribution of the pH, metal • contaminants and other 
dissolved species in the MLS transect was investigated at ebb and flood of a semi-
diurnal tidal cycle. While the variations in the distributions were negligible at the 
inland MLS boreholes between ebb and flood, some significant changes were 
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observed in the distribution of the dissolved species at the MLS borehole located at 
the estuary-ward boundary of the transect. In addition, the changes observed varied 
in nature among species, which could be grouped based on their behaviour between 
ebb and flood. 
The significance of the observed differences in the cation distribution 
between ebb and flood was tested by performing a PCA on the results. In all, it was. 
concluded that the main effect on the contaminant migration imposed by the 
oscillating groundwater was a varying advective-dispersive transport of the species 
which was most significant during ebb and was creating a sharper plume of 
contaminants towards the estuary. The simulation of the transport of a conservative 
tracer from inland areas towards the estuary based on the site settings also showed 
changes in the plume shape 5iue to the variations in the tide-induced groundwater 
flow processes, in agreement with other numerical studies. In addition, it was 
suggested that the effect of the tide-induce variations of the groundwater on the 
distribution of the dissolved species could depend on the nature, of the geochemical 
reactions involved. However this latter statement requires additional verification. 
IX. 2. Main contribution and implications of the findings 
The study has reached its objectives in that the main processes affecting the 
migration of the acidic plume and metal contaminants have been identified in the 
MIS transect. The use of the MIS boreholes has provided detailed information on 
the groundwater geochemistry across the site, allowing a small-scale investigation of 
the contaminant plume. 
At the site, the control of the contaminant attenuation was mainly provided by. 
the reactions undertaken by the minerals composing the aquifer soils. In that way the 
influence of the estuary was not significant on the overall fate of the contaminant 
plume in the chosen monitoring transect. This is in agreement with other study that 
showed that some distance from the shore, the effect of tidal loading on the transport 
of contaminant could be safely ignored. 
However, this study has also shown that at the estuary-ward boundary of the 
MLS transect, the variations in groundwater flow induced by the tide affected the 
distribution of the contaminants; here an acidic plume and metal contaminants. This 
study provides with a data set where the tidal effect on metal contaminants and 
dissolved species could be observed. To the knowledge of the author, the observation 
of such an effect in the field has not been reported in any other publications. 
Although the details of these mechanisms were not completely elucidated by the 
present study due to time limitations, these results provide field evidence that tidal 
forcing due to an estuary or sea could affect the distribution of contaminants in the 
adjacent groundwater in the zone of tidal influence; here 20 m from the estuary. 
shore. This has significant implications for the design of contamination investigation 
at similar sites (e.g. tidally influenced) and for future research on these topics. 
This study has shown that the investigation of contaminant transport in near-
shore areas of coastal and estuarine aquifers cannot be performed adequately by the 
usual means of simple boreholes and punctual evaluation of the groundwater flow 
and chemistry. The temporal and spatial variability of the different factors. 
controlling the fate of the contaminants has to be taken into account. In particular, 
the effect of varying groundwater flow on the contaminant transport and 
transformations should also be considered. The neglect of these effects could lead to 
wrong estimation of contaminant fluxes to nearby seas and estuaries. 
Another significant contribution is the demonstration of the significance of 
the beach slope on the propagation of the tidal loading inland. In particular, the study 
has shown that at the site the typical analytical solution for predicting groundwater 
table fluctuations could not be applied. This is in agreement with other studies and 
reinforces the fact that there is a need for development in this area, for an accurate 
prediction of groundwater and contaminant fluxes to seas and estuaries. 
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The significance of considering natural heterogeneity in studies of 
contaminant migration has been clearly shown in the present study, in particular, the 
heterogeneity in the mineralogy of soils and in the distribution of hydraulic 
conductivity. More importance should be given to these issues in the design of field 
investigation for more accurate understanding and modelling of the processes 
affecting the migration of contaminants at real field cases. 
IX. 3. Prognosis for the future at Ardeer site 
The acidic landfill leachate has seriously impacted the groundwater below the 
waste. The rate at which the acidity will be produced requires knowing the future 
groundwater recharge and rainfall infiltration rate, which are not known at present. 
However, the rate of waste oxidation is rather slow, and the acidic contamination 
input into the groundwater will continue until oxidation of the whole sulfur-
containing waste layer. Under the present conditions, the generation of low-pH water 
is therefore not expected to decline in the near future. 
The depletion in carbonate minerals in the upper most affected zone of the 
aquifer has lead to very acidic conditions. In these parts, the pH buffering zones have 
been shown to be stable at MLSOI and MLS02. It is expected that the depletion of 
carbonates will also be observed in deeper areas of the aquifer, due to the on-going 
acidic leaching and subsequent migration in the groundwater. This was already 
observed over the short time scale of the study at MLS03 where an on-going 
acidification could be observed. This suggests that the acidic plume is progressing 
towards the estuary and that the buffering capacity of the soil is getting rapidly. 
exhausted. 
Until some remedial actions are undertaken at the site, it is expected that the 
acidification of the groundwater will worsen in the present conditions, following 
depletion in the buffering capacity of the soil. Subsequent to this, the mobility of 
metals will be enhanced, with serious consequences on the nearby estuarine 
environment. However, it is expected that the acidic plume would be significantly 
diluted in the estuary due to mixing, reducing the threat to the estuarine fauna. 
IX. 4. Recommendations for future research 
A number of topics that require further investigation have been identified in 
the present research. 
Far from being exhaustive, this study on this particular site has been limited 
in time and means, and further investigations would be beneficial for the further 
understanding and interpretation of the data obtained. In particular, further 
verification and simulations of the geochemical processes identified in the field 
should be performed. Also, the determination of vertical flow components by the 
means of nested piezometers would allow a verification of the hypothesis made 
during the analysis of the present results. In addition, isotopic investigation of the 
saline groutidwater would bring a definite answer on the history of the estuarine 
intrusion. 
A clear drawback of this study is the lack of data farther off shore of MLS03. 
Future investigations at Ardeer should focus on the beach area of the MLS transect. 
This would allow the delineation of the extent of the contaminant plume as well as 
the mixing zone between fresh and groundwater. It is believed that direct physical 
contact between saline water and acidic contaminated water occur between MLS03 
and the groundwater discharge area on the beach, and would allow the investigation 
of the effect of the mixing of the saline water and acidic plume on the contamination. 
More generally, future field studies of contamination in coastal and estuarine 
aquifer should focus on areas near to the beach where the effect of the tidal loading 
on the contaminant transport would be more pronounced. In addition, this would 
increase the possibility of investigating the contact zone between the contaminant 
plume and the saline intrusion. 
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Clearly, the effect of the tidally oscillating groundwater flow on the transport 
and transformations of dissolved species in the groundwater near the shore should be 
further investigated, in particular in the case of heavy metals, due to their persistent 
nature. Investigations should be performed at field sites presenting simpler settings 
than at Ardeer, and also in well-controlled laboratory experiments, where 
interpretation of the results should be more straightforward. The results obtained. 
shouldalso be simulated using reactive transport models with the inclusion of kinetic 
considerations to bring additional clues on the mechanisms involved. 
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APPENDIX A: METHODS 
A. 1. Geophysics survey and positioning of monitoring wells 
A geophysical survey was carried out during the summer of 2001 to evaluate 
and map the plume extent, the final objective being to ascertain the best locations for. 
new boreholes. Two geophysical methods were used. I performed ground penetrating 
radar (GPR) investigations, and electrical resistivity tomography (ERT) was 
performed by Lancaster University in collaboration with Edinburgh University. 
Extensive geophysical work was performed and the full survey report can be found 
on the accompanying CD-ROM. Prof. A. Binley and his team performed the 
interpretation of the ERT data. Only results used as decision-making tools for 
borehole location are presented here in this appendix. 
GPR survey was performed but results were inconclusive regarding 
delineation of contamination. The waste material was too conductive and 
heterogeneous, and did not allow the radar signal to penetrate into the aquifer. As a 
result, the investigation relied mainly on the resistivity method. 
Resistivity measurements were accomplished using a multi-core cable with 
32 electrodes, 5 m interval-spacing. Twenty survey lines were run following a grid 
between the estuary edge of the landfill and the targeted acidic contaminated source. 
Control lines were run up-gradient of the acidic contaminated area. The DMT Resecs 
data acquisition system was used. The obtained raw apparent resistivity data were 
inverted using Profiler code (developed by A. Binley). The data treatment was 
performed by A. Binley and P. Winship. From the data obtained, 2-D pseudo section 
(such as presented in Figure A. 1) and depth-specific maps (Figure A. 2) of the' 
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Figure A. I. Interpolated vertical resistivity section across the landfill. Data based on 
2m-spacing resistivity measurements. (source: A. Binley) 
Resistivity results indicated zones of low and high resistivity in the aquifer. A 
zone of low resistivity at depth was found in all the profiles and identified as the 
bottom (= aquitard) of the shallow aquifer. Resistivity zones of each section obtained 
were analysed and interpreted. Zones of very low resistivity indicate zone of high 
conductivity, and were interpreted as possible contaminated areas (except for the 
bottom layer). In addition, water table data from the different boreholes gave 
information on whether these zones were located in the unsaturated or saturated 
zone, and therefore whether they could be identified as zones of groundwater 
contamination. 
From the depth-specific resistivity maps, zones of low resistivity could be 
traced. The plot 0-2 m shows low resistivity areas close to SW2 that may be 
interpreted as the landfill material itself, acting as a source of groundwater 
contamination. An interpolated resistivity plot 4-6 m shows low resistivity zones 
located below the water table. These areas can be identified as zones of highly 
conductive groundwater where the contamination is spreading. Complementary lines 
were performed with a 2 m electrodes spacing for better resolution. Results were 
consistent with previous plots and show high water conductivity zones between 4 













































Figure A. 2. Interpolated resistivity data between 0-2m deep and 4-6m deep, based on 
5m spacing resistivity lines (source A. Binley). 
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The results suggest that contaminants have affected the aquifer south of the 
known contaminated area around SW2, and that a plume is migrating towards the 
estuary. It does suggest as well that from the acidic source, contaminants do not 
spread evenly. Their migration seems restricted laterally in a west-east direction, in a 
flow path perpendicular to the riverbank. These zones are found at 6 to 8 m deep. 
From these results, it can be deduced that the high conductivity plume is migrating at 
shallow depth, and is maintaining its elevation in the aquifer as it moves towards the 
estuary. 
From these results and preliminary investigation of flow path in the aquifer, 
the research team ascertained the best number, type and location of new monitoring 
boreholes. 
A. 2. 	Water and soil sampling and preservation 
Soil sampling and preservation 
Disturbed soil samples were collected from the bailer during the drilling. For 
chemical analysis, particle-size distribution and lithological description, I kg-soil 
samples were collected in plastic bags, every metre and/or at each change of soil 
strata. Samples were frozen within 2h of sampling. As freezing is likely to destroy 
mineral structures, 200 g soil samples were collected in tubs and oven-dried at 55°C 
back in the laboratory for mineralogy analysis purpose. 
Water sampling and preservation 
For chemical analysis, 50-mi water samples were collected during the 
different sampling events. Groundwater was sampled from the MLS boreholes using 
suction principle: because the water table is shallow, a syringe can extract water 
samples from each mini piezometer. Fully slotted boreholes were sampled using a 
peristaltic pump. Both MLS and cased boreholes were carefully purged before water 
was sampled for collection. Surficial water samples were directly collected by hand. 
All samples were collected in acid-washed Nalgene bottles. 
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On-site measurement of pH, redox potential Eh, electrical conductivity EC 
and temperature was performed using a Consort multi-parameter analyser before 
bottles were hermetically closed and immediately transported to the ICI 
Environmental Laboratory for filtration (0.45.tm membrane filter). Although no flow 
cell was used, mixing and therefore oxygenation of samples was avoided and 
parameters were quickly measured (within 1 n -fin after extraction). The dissolution of 
gasses into the water samples was limited. 
The 50-mi samples were subdivided, and 20-ml samples were acidified for 
cation determination, the remaining 30-mi water samples were kept for anion 
determination. Samples were kept at 4°C for subsequent analyses. 
A. 3. Water analysis 
Cation analysis 
Cations (Al, Ca, Cr, Cu, Cd, Fe, K, Mg, Mn, Ni, Pb, Si, Zn) were analysed by 
Inductively Coupled Plasma—Atomic Emission Spectrometry (ICP-AES) using an 
IRIS ICAP spectrometer. Table A. 1 presents the wavelength used for the detection. 
Detection limits were 0.001 ppm for Mg, Si and Zn, 0.005 ppm for Al, Ca, Cd, Cu 
Fe and Mn, 0.01 ppm for Cr and Ni, and 0.05 ppm for Pb and K. The standards used 
are presented in Table A.I. During the analysis, samples with detected 
concentrations outside the detection range were diluted and reran. To verify the 
quality of the analysis, a reference water was analysed at the beginning of each run, 
and quality control checks were performed during each analysis. Any failed check 
resulted in the preparation of new standards. Samples -were run three times, and the 
average value was selected after checking the value of the standard deviation was 
reasonable. If not, data was checked for consistency. The precision of the data was 
good with %RSD typically below 5%. 
Is] 
Table A. 1. Wavelengths and standards used for the ICP-AES analysis 	/L). 
Element Wavelength St 1 St 2 St 3 
A13961 396.152 ( 66) so I oo to 
Ca3179 317.933( 83) 5o too ISO 
Cd2265 226.502(116) 5 tO 
Cr2835 283.563(93) 5 to 
Cu3273 327.396 { 80) 5 10 
Fe2382 238.204 (110) 5o too 300 
K_7698 769.896 { 34) 1 a 2.0 50 
Mg2852 285.213(92) So 100 2..00  
Mn2593 259.373 (101) 1 5 to 
Ni2316 231.604(114) i 5 tO 
Pb2203 220.353 (119) t 5 t 0 
Zn2138 213.856(123) 5 
Anion analysis 
Anions (Br, Cl, SO4 and N114) were determined by ion chromatography using 
a DIONEX system equipped with an AG4A-SC guard column, an AS4A-SC 
analytical column, a SD40 electro-chemical detector and an AMMS-ll 4 mm 
suppressor. The reagent water was de-ionised water. The eluent was made up of 1.7 
mM Na bicarbonate and 1.8 mM Na carbonate. The eluent flow was 2 mI/mm, and 
the system backpressure was 1500 psi. Detection limits were 0.01 ppm for Cl and 
NO3, and 0.02 ppm for SO4. Sodium was determined by atomic absorption using a 
Flame Atomic Absorption Spectrophotometer (FAAS) with a Unicam SOLAAR 919 
system. Five standards were prepared using I000ppm stock solutions, and their 
concentrations were lppm, 5ppm, lOppm, 20ppm and 30ppm for chlorides, 
bromides, nitrates sulphates and phosphates. Despite the expected large 
concentrations in sulphates and chlorides of some samples, I was advised to keep 
standard concentrations relatively low to preserve the integrity of the 
chromatographic column used. During the analysis, samples with detected 
concentrations outside the detection range were diluted and reran. To verify the 
quality of the analysis, a reference water was analysed at the beginning of each run. 
Samples were run three times, and the average value was selected after checking the' 
standard deviation was reasonable. If not, data was checked for consistency. The 
precision of the data was good with %RSD typically below 5%. 
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Isotope analysis 
The method used for the isotope measurements is described in Epstein and 
Mayeda [1953]. For each sample, 1 ml of water was equilibrated for 24 h with a 
headspace of CO2 in helium. This enabled transfer of the isotopic fingerprint of the 
water to the CO2. which was subsequently analysed for its 180/160  ratio on an 
Analytical Precision (Model 2003) isotope ratio mass spectrometer. Results were 
expressed in a per mil deviation from the international Vienna Standard Mean Ocean 
Water (VSMOW) following the equation: 
18 (h, ie hstaniJi000 	
(38) 
t\ 'sample 
in permil, with h = heavy isotope, and 1 = light isotope. 
The standard deviation of repeat measurement (1 sigma) was below 0.2 permil 
VSMOW. (Reference: Epstein, S. and Mayeda, T. 1953. Variation of 180  content from 
naturalsources. Geochimica et Cosmochimica Acta, 4: 2 13-224). 
A. 4. Aque regia pseudo-total digestion 
The method used can be found in Rauret et al. [2000]. 1000 ml of Aqua Regia 
solution wasprepared using 333ml of reagent grade HNO3 (d = 1.42, 70%) and 667 
ml of reagent grade HCl (d=1.18, 37%). 
3 g of dried sample were placed in a 200 ml-round bottom flask with 30 ml of 
Aqua Regia The flask was fitted with a water condenser, and the mixture heated to 
boiling point for 2 h. Once heating was completed, the samples were allowed to cool. 
De-ionised water was added down the condenser to collect any liquid on the tubes 
walls. The samples were then filtered (filter type Whatman 41) into a 100 ml 
volumetric flask. The content of the vessels was made up to 100 ml with de-ionised 
water. The solutions were kept in 60 ml Nalgene bottle until analysed. During the 
subsequent analysis of the solutions, a reagent blank was run to check the initial 
metal content of the reagents used. 
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A. 5. Grain size analysis 
100 g of soil was manually sieved at 2 mm, 1 mm and 0.5 mm. The 
remaining fraction passing the 0.5 mm sieve was further analysed using a Beckman 
COULTER LSIOO diffractometer. Depending on the material texture, between 0.8 
and 3 g of soil was weighed; 100 ml of 4 % hexa-meta-phosphate solution was added 
for grain separation. The mixture was treated in an ultra-sonic bath for 5 min and 
analysed immediately. The chosen particle size classes and corresponding soil 
texture based on the USDA soil texture triangle are presented here. 
Table A. 2. Grain size classes used for the particle size analysis 
Grain size (mm) 	Geological material (USDA 
classification) 
> 2 Gravel 
2 - 1 Very coarse sand 
1 - 0.5 Coarse sand 
0.5 - 0.25 Medium sand 
0.25 - 0.125 Fine sand 
0.125 - 0.0625 Very fine sand 
0.0625 - 0.0313 Coarse silt 
0.0313 - 0.0156 Medium silt 
0.0 156 - 0.0078 Fine silt 
0.0078 - 0.0039 Very fine silt 
<0.0039 Clay 
The percentage of sand, silt and clay (corrected for gravel content) was 
calculated for each sample analysed, and the soil texture was determined. Data were 
then used to determine soil texture, based on the USDA soil texture triangle. 
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Hydraulic conductivity 
Hydraulic conductivity values were determined using the granulometry 
grading curves, by applying the Hazen approximation [Fetter, 1994]. 
K=Cx(d 10 )2 , 	 (39) 
where K is the hydraulic conductivity (cmls), d10 is the Hazen's effective grain size 
(mm) relative to which 10% of the sample is finer, and C is a coefficient that factors 
in the sorting characteristics of the soil. 
For this particular form of the equation, C also embodies a dimensional 
conversion factor to obtain K in units of LIT (cm/s) when the only explicit unit on 
the right.hand side of the equation is L 2 (mm2). 
Table A. 3. Values of coefficient C for different types of soil [adapted from Fetter, 
1994]. 
Characteristics of sand 	Coefficient C 	Grain size (mm) 
Very fine sand, poorly sorted 40-80 0.0625-0.125 
Fine sand with appreciable fines 40-80 0.125-0.25 
Medium sand, well sorted 80-120 0.25-0.50 
Coarse sand, poorly sorted 80-120 0.50-1.00 
Coarse sand, well sorted, clean 120-150 0.50-1.00 
The Hazen approximation of hydraulic conductivity is applicable when the 
d10 effective particle size is between 0.1 and 3.0 mm, i.e for sand samples. Since we 
expect most of the aquifer to be composed of sand, this method is applicable. A 
discussion of the Hazen approximation can be found in Fetter [1994, Section 4.4.3, 
Cation-Exchange Capacity (CEC) 
CEC was measured for samples representative of each geological strata. The 
method used [Gillespie et al., 2000] is modified from the usual BaCl2-
triethanolamine compulsive displacement method [Bascomb, 1964] and provides 
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with better results when sandy samples are analysed. Exchangeable cations Ca 2 , 
Mg2 , Na, K and ammonium are first exchanged for Ba by addition of BaC12, then 
the Ba is exchanged with Mg by reaction with MgSO4. The quantity of Mg adsorbed 
onto the soil surface is deduced by back titration, and is equivalent to the CEC. 
A. 8. Organic and inorganic carbon 
Total carbon contents were determined using a Carlo Erba NC2500 elemental. 
analyser. The sample is introduced into the combustion tube which is maintained at 
about 1000 deg c. The sample and container melt and the tin gives a violent reaction, 
(flash combustion) in an enriched atmosphere of oxygen. All the substances in the 
sample are completely oxidised. The combustion products are carried in the carrier 
gas, helium, through oxidation catalysts, chromium oxide and silvered cobaltous 
oxide. The mixture of combustion products, carbon dioxie, nitrogen, oxides of 
nitrogen and water pass through the reduction tube which contains copper kept at 650 
deg c. The excess oxygen is removed and the oxides of nitrogen are reduced to 
nitrogen which with the carbon dioxide and water pass through an adsorbant filter, 
(magnesium perchlorate) to remove water. The nitrogen and carbon dioxide are taken 
by the carrier gas to a chromatagraphic column which separates the gases. The gases 
then pass to a thermal conductivity detector which generates electrical signals 
proportional to the concentrations of nitrogen and carbon dioxide present. 
Determination of the % composition of the samples is made by comparison of the 
gas peak areas of standards with known elemental compositions 
with gas peak areas of the sample. 
The carbonate content was determined by coulometry using a UIC Inc 
Coulometrics coulometer. Samples were dried, ground to a fine powder and weighed 
into tin capsules. Standards were prepared from acetanilide. Samples are acidified 
on line and the carbon dioxide generated by decompossition of carbonate material is 
passed to the coulometer for measurement. 
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The organic carbon content (% weight) was calculated as the difference 
between the determined total carbon content and the inorganic carbon content. 
A. 9. Mineralogy 
Identification of mineral species was achieved by means of optical 
examination under a scanning electron microscope (SEM), and X-Ray diffraction 
(XRD) analyses. Representative samples of the various lithologies were selected and. 
prepared for the different analyses. XRD and SEM results were combined for 
coherent data interpretation. 
XRD analyses were performed using a Philips PW1800 diffractometer. Prior 
to analysis, samples were air-dried and wet hand-ground to obtain a homogeneous 
material. Randomly oriented samples were prepared by packing ground material into 
holders. Samples were run between 4.2°C and 60.2°C, with a generator potential of 
60 kV, a generator current of 30 mA (with element and angle dependent radiation 
type), a coarse filter, and a scan speed of 1°/mm. 
XRD characteristic peaks were identified for semi-quantitative determination 
of mineral phases. The software used for XRD data analysis was the Philips PW1877 
PC-APD Diffraction Software version 3.6 g. 
Taking into account the relevance of clay minerals in the adsorption 
mechanisms of heavy metals, special attention was paid to the fine fraction. For 
samples presenting a considerable amount of fine particles, the clay fraction was 
separated from the rest by gravimetric technique. Clay-sized samples were laid on a 
glass slide and analysed. Samples were further treated by saturation with ethylene 
glycol for 12 h, and re-analysed to help identify expandable clay minerals 
(illites/smectites). Last, samples were heated and re-analysed to help distinguish 
certain mineral phases (1:1 and 2:1 assemblages in phyllosilicate minerals). 
336 
Routine electron microprobe analyses were carried out with a Philips SEM 
XL30CP (resolution 3.5 nm) equipped with an energy-dispersive spectrometer (EDS) 
(GT-Spirit) for mineral chemical composition determination. 
SEM techniques require sample coating to polarise the particles and reduce 
charge build-up. A carbon coating is ideal for revealing chemical composition of 
minerals, but does not lead to good quality images of the minerals. Gold coating a 
specimen generally gives high quality pictures (allowing clear morphological 
identification), but the EDS technique cannot be used as the gold signal overlaps 
with the characteristic signals needed for mineral identification. Both techniques 
were used to get mineral chemical composition and mineral assemblage morphology. 
For mineral chemical analysis, samples were carbon coated and analysed 
using SEM in back-scattered electron microscopy mode, combined with the EDS. 
Microprobe operating conditions were 20-ky accelerating voltage, 1-nA beam 
current, and a counting time of 120s. To enable photography, gold coating was used 
and SEM analyses were performed in secondary electron microscopy mode. The 
SEM petrology atlas by Welton [1984] was used to interpret the results. 
Soil pH 
The pH of selected soils is tested by mixing the soil with de-ionised water at a 
ratio of 1:2.5 soil:water [Rump, 1999] in 200 ml acid-washed Nalgene bottles. The 
mixture is manually agitated and left for 15 mm, then mechanically shaked at 400 
osc/min for 15 min before the pH is measured. The calibration slope of the pH meter 
used is usually more than 95%, otherwise the electrode is cleaned and the calibration 
redone until successful. 
Point dilution test 
The test relies on the difference in conductivity between a known volume of 
tracer and the background groundwater. The use of a single submersible tracer sensor 
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possessing closely spaced electrodes allows for multiple, simultaneous point-dilution 
tests top be conducted by interrogating several test depths over time. 
775 ml of 75gf1 KC1 tracer was added to the borehole AL02 over the interval 
2.38 to 12.0 m, between 12:15 and 12:28 on 16/04/2004. A string of 10 electrical 
conductivity electrodes was then inserted to monitor decay of the tracer over time at 
different depths. The water table depth at the start of the test was 2.38 m btc (below 
top of casing). The electrodes monitored changes in electrical conductivity from 3.6 
m btc and every meter down to 12.6 m btc, until the pore water conductivity was 
back to background values at each depth. 
Provided the tracer remains well mixed, the rate at which the tracer is diluted 
is related to the flow through the well. Kearl et al [1988] showed that, in a point-
dilution test, the mean velocity v of ground water through, and normal to the axis 
of, a well bore is: 
v = -(V/At)ln(C/C0) 	 (40) 
where V is the volume of the test interval; A is the vertical cross-sectional 
area of the test interval; t is time; C is tracer concentration at time t; and CO is the 
initial tracer concentration. 
The true velocity is often less than the apparent velocity as converging flow 
will create further dilution of the tracer. Considering the experiment settings and 
based on values found in the literature, a factor of 2 between apparent and true 
velocity has been assumed. 
In the present study, KC1 was used for tracer. 775 ml of 75 gflitre KCI tracer 
was added over the full depth of the borehole, between 12:15 and 12:28 on 16 April. 
A string of 10 electrical conductivity electrodes with im inter spacing was then 
inserted into the borehole to monitor decay of the tracer over time. 
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A data logger allowed continuous recording of conductivity data over the 
entire test period. The dilution series were analysed for horizontal flows. The 
relative concentration should follow the relationship: 
lnI—I=-
4v*  
---t 	 (41) 
,rd 
where C is the concentration at time t, Co is the initial concentration, d is the 
well diameter and v is the apparent velocity. Thus, in a point-dilution test, velocity 
v, at any given depth in a well bore, will be directly proportional to the slope of a 
linear plot of ln(CIC0) vs time. 
A. 12. Laboratory experiments 
Simple and successive batch leaching experiments were performed on 
pristine soil samples. Prior to use, all the bottles, glassware and containers were 
thoroughly cleaned with detergent and left soaking in an acid bath. Items were. 
carefully washed several times with de-ionised water. All pH measurements were 
performed using a Hanna combined electrode. The instrument was calibrated prior to 
each series of measurements, with electrode calibration slope >95%. 
Simple preliminary batch leaching experiments were set up to determine best 
experimental conditions and soil samples response to acid load. Results were used to 
select the samples and best design for the successive batch leaching experiments. 
The method used was inspired by experimental work by Yan et al [1999] on 
MSWI bottom ash. The aim of the experiments was to determine how the soil would 
react to successive addition of acidic water. These experiments should provide with 
information on mode and time scale of primary buffering processes. 
Soils chosen for the successive batch leaching experiments were from the. 
pristine area, ALOI-1, ALO1-2, ALO1-5 and ALO1-7. Samples from successive layers 
were selected, in order to understand buffering and reactions throughout the aquifer 
depth. 
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Successive batch experiments were set up using the mixture prepared for the 
soil pH measurements. These suspensions were left to equilibrate a few more days, 
and pore water was extracted by centrifugation, and preserved for analysis. 50 ml of 
fresh sulphuric acid solution pH 1.9 was added to the reacted soil. After a certain 
time (after pH seemed to have stabilised), the reacted water was collected by 
centrifugation (5 min at 15,000 rpm) and preserved for further analysis, and 50 ml of 
fresh sulphuric acid solution pH 1.9 was added to the reacted soil, and so on. Figure 
A. 3 presents the experimental procedure. 





De-ionised 	 S Suiphunc  
water acid_________ acid 
solution solution 
:- 	pH=19:-.. pH=1.9. 
IE> 	






pH = 19.-.' 
ALO1-7' 
Figure A. 3. Successive batch leaching system used to simulate neutralisation process 
due to successive acidic attack. 
The blank was made up with acid solution and no soil. Bottles were closed 
and contact with air was as much as possible limited during pH measurements. 
Argon de-gassing was not used, in view of the considerable evaporation that had 
occurred during preliminary trial experiments with de-gassing. Waters were analysed 
for major cations by ICP-AES and for sodium by FAAS. 
Experiments were carried out continuously for about three weeks. The pH 
was periodically measured throughout the experiment and every time before the 
mixture was centrifuged. 
Experiments were performed using 60 ml Nalgene bottles, by adding 50 ml of 
pH 2 sulphuric acid solution to 10 g of soil (fraction <2 mm). The sulphuric acid 
solution was made up by diluting reagent grade sulphuric acid into de-ionised water, 
340 
until pH 2 was reached. The acid solution was de-gassed with argon for 30 mm 
before being added to each vessel containing the soil. The control solution was made 
up with 50 ml of acid solution without soil, and vessels with soil were prepared in 
duplicate. For all suspensions, the solution pH was measured periodically: every two 
h during the day time for the first few days, then on a regular basis. The experiment 
was run for400h. 
For sample MLSOI-7 and ALOI-5, several vessels were prepared and 
sacrificed at different times. At I h contact time soillacid solution, a set of duplicate 
vessels for each soil was filtered (0.45 im membrane filter). Another set was filtered 
at 96 h contact time. Filtrates were collected in Nalgene bottles and later analysed for 
the usual elements using ICP-AES. Suspensions made up with soil and 50 ml de-
ionised water were equilibrated for 1 h and filtrate was collected for similar analysis. 
These suspensions are referred to as 0 h contact time soil/acid. 
Vessels were left on a shaking bath with experiment temperature set to 20°C. 
Vessels were sealed from the atmosphere and continuously de-gassed with argon via 
a tubing system. The solution pH was measured on a regular basis for all the vessels, 
and before any filtration for MLSOI-7 and ALO1-5 suspensions. 
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APPENDIX B: BOREHOLE DESCRIPTION 
B. 1. Details of the MLS system design 
E 
C) 




"heat and shrink" plastic tube 






Thin plastic wire attaching the 
screen to the main conduit 
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B. 2. Photographs of the MLS system, before and after installation down a bore. 
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APPENDIX C: SOIL DATA 
C. 1. Soil samples depth (in m below ground level) and visual description. 
AL01 Depth (m) 	 Description 
1 0-1.5 fine brown medium dense sand 	- 
• 	 2 1.5-2.5 as above 
3 2.5-2.8 as above 
4 3.5-4.5 as above 
5 5-5.2 fine grey medium dense sand 
6 5.8-6.3 medium dense coarse sand, some gravel 
7 7-7.3 fine grey silty sand, with some shell fragments 
8 8.8.2 as above 
9 9-9.3 as above 
10 10-10.5 as above 
11 11.2-11.5 asabove 
12 12.2-12.4 as above 
MLSO 1 Depth (m) 	 Description 
1 0-0.60 black cinders of ash, sulphur bits, followed by red brown fragments 
2 0-0.60 red material 
• 	 3 0.6-1 damp, else as above 
4 2.1-2.5 brown medium sand, a bit clayey 
5 3-3.50 medium brown sand, less well sorted, up to 3 mm 
small white shell fragments 
6 4-4.50 medium brown sand, with some coarse grains, poorly sorted, black 
fragments, yellow fragments 
• 	 7 5-5.50 as above, but no larger gravel/coal fragments or shell fragments 
8 6,5 gravel in medium brown sand matrix (40% matrix) 
9 7.5-8 medium brown sand with some gravel (<0.5 mm), 
occasional shell fragments 
10 8.50-9.50 as above, many flattered black fragments 
11 10-11 asabove 
12 12.2-12.4 medium brown sand, some larger grains, black fragments 
13 13-13.50 as above, shell fragments 
14 13.50-14.80 sand as above, but also coarse gravels in boulder 
15 14.80-15.30 sand medium poorly sorted in gravel with shell fragments 
16 16.50-17.10 silty sandy clay, gravel 
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MLS02 Depth (m) Description 
I 6-0.50 black ash, cinders 
2 2,5 poorly sorted sand, fine to coarse grain, and fill 
3 3.50-4 brown damp poorly sorted sand mixed with fill material 
4 5.5-6 thin layer of black grey silt 
5 6.50-7.50 very poorly sorted medium brown sand, some gravel fragments 
6 7.80-8.50 grey silty sand, very poorly sorted with some larger grains, 
coal fragments, no gravel 
7 8.50-9.50 as above, no coal fragments, occasionally some shell fragments 
8 10.30-11 as above 
9 12.00-12.30 as above, some larger coal fragments 
10 12.80-13.70 sand above, but boulder clay with lumps of sandstone, 
small gravel in silty black clay 
MLS03 Depth (m) Description 
1 	0-1 	black ash, cinders, bricks bits 
2 2.50-3.70 ash, rubble, natural sand starts at 3.50 
3 	5-5.75 brown medium sand, some coarse grains, very damp, with gravels 
4 6.50-7 very coarse brown sand, 
5 	7.65-7.75 thin layer of black grey silt, with some roots 
6 10 	medium poorly sorted grey sand, silty to coarse grains with gravels and 
coal fragments 
7 	10.5-1 1 medium poorly sorted grey sand, occasionally coarser grains 
8 11.5-12 as above, very few gravel fragments, and shell fragments 
9 	12.75-13 as above, with large gravel fragments, clayey lumps 
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C. 2. Particle size distribution results for selected samples across the site. 
Sample % gravel % sand % fine %silt %clay 
d>2 mm 2>th.0.0625mm (silt + clay) 0.0625>d>0.0039mm d<0.0039 mm 
ALO1-1 0 98.611 1.388 0.821 0.565 
ALO1-2 0 90.496 9.503 5.849 3.654 
ALO1-3 0.077 94.415 5.507 3.365 2.142 
ALO1-4 -0.068 93.762 6.305 4.089 2.216 
ALO1-5 1.376 95.038 3.584 2.311 1.273 
ALO1-6 9.900 87.215 2.884 1.778 1.107 
ALO1-7 2.425 92.350 5.224 3.346 1.878 
ALOI-8 2.818 92.224 4.956 3.151 1.805 
ALO1-10 1.583 90.950 7.465 4.909 2.556 
ALOI-12 0.401 91.352 8.246 5.607 2.638 
MLSO1-5 2.448 89.054 8.496 5.611 2.885 
MLSO1-6 2.129 93.108 4.761 3.074 1.688 
MLSO1-7 4.000 95.481 0.518 0.518 0.000 
MLSO1-8 40.688 57.277 2.033 1.359 0.674 
MLSO1-9 8.974 84.994 6.031 4.143 1.887 
MLSOI-10 2.604 90.459 6.935 4.748 2.187 
MLSOI-13 0.939 90.568 8.491 5.804 2.689 
MLSOI-15 33.623 59.629 6.747 4.558 2.188 
MLS03-3 25.536 72.289 2.173 1.204 0.969 
MLS03-4 43.013 54.469 2.516 1.810 0.706 
MLS03-5 3.669 42.215 54.114 43.304 10.809 
MLS03-7 7.506 84.805 7.687 5.093 2.594 
MLS03-8 0.912 89.880 9.207 6.193 3.014 
MLS03-9 2.564 86.293 11.142 7.194 3.947 
AL02-5 32.175 63.273 4.551 3.022 1.528 
AL02-9 5.990 82.886 11.122 7.464 3.658 
AL02-10 8.581 82.899 8.518 5.653 2.865 
AL03-7 14.254 81.330 4.415 2.601 1.813 
MLS02-4 22.232 50.076 27.690 22.645 5.045 
MLS02-6 3.806 87.302 8.890 6.207 2.684 
MLS02-10 15.345 43.763 40.890 27.209 13.681 
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C. 3. Hydraulic conductivities K for selected samples at the site, in mid. ++: gravely 
soil for which calculations could not be performed. 
Sample K (mid) Sample K (mid) Sample K (mid) 
ALOI-1 20.301 MLSOI-5 12.240 MLS03-3 ++ 
ALO1-2 8.500 MLSO1-6 13.720 MLS03-4 ++ 
ALO1-3 16.660 MLSOI-7 17.920 MLS03-5 0.002 
ALO1-4 16.660 MLS0I-8 MLS03-7 2.450 
ALOI-5 19.125 MLSO1-9 3.281 MLS03-8 1.901 
ALOI-6 15.750 MLSOI-lO 2.205 MLS03-9 1.566 
ALOI-7 8.470 MLSO1-13 1.901 




APPENDIX D: WATER CHEMISTRY DATA 
D. 1. Determined fraction (%) of estuary water composing the MLS groundwaters, 
with estuary water at low tide and high tide as saline end member. 
MLSOI % estuary MLS02 % estuary MLS03 % estuary 
Port HT LT Port HT LT Port HT LT 
4 0.00 0.00 1 0.15 0.51 1 0.35 1.19 
5 0.00 0.00 2 0.14 0.48 2 0.25 0.85 
6 0.05 0.17 3 0.13 0.43 3 0.22 0.75 
7 	. 0.10 0.34 5 0.19 0.65 4 0.13 0.43 
9 0.35 1.19 6 0.20 0.68 5 0.12 0.39 
10 0.10 0.34 7 0.22 0.73 6 0.15 0.51 
11 0.10 0.34 9 0.12 0.39 7 0.14 0.48 
14 0.10 0.34 10 0.19 0.65 8 0.15 0.51 
17 0.28 0.94 11 0.18 0.60 9 0.20 0.68 
18 0.05 0.17 12 0.18 0.60 10 0.10 0.34 
19 1.77 5.96 13 0.18 0.60 11 0.13 0.43 
20 7.89 26.56 14 0.18 0.60 12 0.20 0.68 
15 0.46 1.53 13 1.24 4.17 
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D. 2. Conservative concentrations of Ca, K, Mg, Na and SO4 for MLSO1. Concentrations in mmoIIl. 
MLSO1 
Ca 
HT LT average 
K 
HT LT average 
Mg 
HT LT average 
Na 
HT LT average 
SO4 
HT LT average 
4 0.099 0.099 0.099 0.019 0.019 0.019 0.087 0.087 0.087 0.690 0.690 0.690 0.042 0.042 0.042 
5 0.099 0.099 0.099 0.019 0.019 0.019 0.087 0.087 0.087 0.690 0.690 0.690 0.042 0.042 0.042 
6 0.103 0.105 0.104 0.023 0.023 0.023 0.107 0.109 0.108 0.910 0.932 0.921 0.055 0.054 0.055 
7 0.107 0.110 0.109 0.027 0.027 0.027 0.126 0.131 0.128 1.130 1.174 1.152 0.069 0.067 0.068 
9 0.128 0.139 0.134 0.045 0.046 0.046 0.222 0.240 0.231 2.231 2.383 2.307 0.137 0.131 0.134 
10 0.107 0.110 0.109 0.027 0.027 0.027 0.126 0.131 0.128 1.130 1.174 1.152 0.069 0.067 0.068 
11 0.107 0.110 0.109 0.027 0.027 0.027 0.126 0.131 0.128 1.130 1.174 1.152 0.069 0.067 0.068 
14 0.107 0.110 0.109 0.027 0.027 0.027 0.126 0.131 0.128 1.130 1.174 1.152 0.069 0.067 0.068 
17 0.122 0.130 0.126 0.040 0.040 0.040 0.193 0.207 0.200 1.900 2.020 1.960 0.116 0.111 0.114 
18 0.103 0.105 0.104 0.023 0.023 0.023 0.107 0.109 0.108 0.910 0.932 0.921 0.055 0.054 0.055 
19 0.245 0.298 0.272 0.147 0.153 0.150 0.763 0.849 0.806 8.393 9.153 8.773 0.517 0.486 0.502 
20 0.750 0.987 0.869 0.588 0.614 0.601 3.101 3.483 3.292 35.022 38.411 36.716 2.162 2.023 2.093 
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D. 3. Conservative concentrations of Ca, K, Mg, Na and SO4 for MLS02. Concentrations in mmol/1. 
MLS02 
Ca 
HT LT average 
K 
Hi' LT average 
Mg 
HT LT average 
Na 
HT LT average 
SO4 
HT LT average 
1 0.112 0.116 0.114 0.030 0.031 0.031 0.145 0.153 0.149 1.350 1.415 1.383 0.082 0.080 0.081 
2 0.111 0.115 0.113 0.030 0.030 0.030 0.141 0.148 0.145 1.306 1.367 1.337 0.080 0.077 0.078 
3 0.109 0.113 0.111 0.029 0.029 0.029 0.136 0.142 0.139 1.240 1.295 1.267 0.076 0.073 0.075 
5 0.115 0.121 0.118 0.033 0.034 0.034 0.161 0.170 0.165 1.526 1.609 1.568 0.093 0.090 0.092 
6 0.116 0.122 0.119 0.034 0.035 0.034 0.165 0.174 0.169 1.570 1.657 1.614 0.096 0.092 0.094 
7 0.117 0.124 0.120 0.035 0.036 0.035 0.170 0.181 0.176 1.636 1.730 1.683 0.100 0.096 0.098 
9 0.109 0.112 0.110 0.028 0.028 0.028 0.132 0.137 0.134 1.196 1.246 1.221 .0.073 0.071 0.072 
10 0.115 0.121 0.118 0.033 0.034 0.034 0.161 0.170 0.165 1.526 1.609 1.568 0.093 0.090 0.092 
11 0.114 0.119 0.116 0.032 0.033 0.033 0.155 0.163 0.159 1.460 1.536 1.498 0.089 0.086 0.088 
12 0.114 0.119 0.116 0.032 0.033 0.033 0.155 0.163 0.159 1.460 1.536 1.498 0.089 0.086 0.088 
13 0.114 0.119 0.116 0.032 0.033 0.033 0.155 0.163 0.159 1.460 1.536 1.498 0.089 0.086 0.088 
14 0.114 0.119 0.116 0.032 0.033 0.033 0.155 0.163 0.159 1.460 1.536 1.498 0.089 0.086 0.088 
15 0.137 0.150 0.143 0.052 0.054 0.053 0.261 0.283 0.272 2.671 2.866 2.768 0.164 0.156 0.160 
01 
0) 
D. 4. Conservative concentrations of Ca, K, Mg, Na and SO4 for MLS03. Concentrations in mmol/1. 
MLS03 
Ca 
HT LT average 
K 
HT LT average 
Mg 
HT LT average 
Na 
HT LT average 
SO4 
HT LT average 
1 0.128 0.139 0.134 0.045 0.046 0.046 0.222 0.240 0.231 2.231 2.383 2.307 0.137 0.131 0.134 
2 0.120 0.128 0.124 0.038 0.039 0.038 0.184 0.196 0.190 1.790 1.899 1.845 0.110 0.105 0.107 
3 0.117 0.124 0.121 0.036 0.036 0.036 0.172 0.183 0.178 1.658 1.754 1.706 0.101 0.098 0.099 
4 0.109 0.113 0.111 0.029 0.029 0.029 0.136 0.142 0.139 1.240 1.295 1.267 0.076 0.073 0.075 
5 0.109 0.112 0.110 0.028 0.028 0.028 0.132 0.137 0.134 1.196 1.246 1.221 0.073 0.071 0.072 
6 0.112 0.116 0.114 0.030 0.031 0.031 0.145 0.153 0.149 1.350 1.415 1.383 0.082 0.080 0.081 
7 0.111 0.115 0.113 0.030 0.030 0.030 0.141 0.148 0.145 1.306 1.367 1.337 0.080 0.077 0.078 
8 0.112 0.116 0.114 0.030 0.031 0.031 0.145 0.153 0.149 1.350 1.415 1.383 0.082 0.080 0.081 
9 0.116 0.122 0.119 0.034 0.035 0.034 0.165 0.174 0.169 1.570 1.657 1.614 0.096 0.092 0.094 
10 0.107 0.110 0.109 0.027 0.027 0.027 0.126 0.131 0.128 1.130 1.174 1.152 0.069 0.067 0.068 
11 0.109 0.113 0.111 0.029 0.029 0.029 0.136 0.142 0.139 1.240 1.295 1.267 0.076 0.073 0.075 
12 0.116 0.122 0.119 0.034 0.035 0.034 0.165 0.174 0.169 1.570 1.657 1.614 0.096 0.092 0.094 
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D. 5. Box plot of pore water EC data for the monitoring period, by port. The 
horizontal segment dividing the grey box in two indicates the median. The grey box 
represent quartile 3 minus quartile I (Q3-Ql), and contains approximately 50% of 
the data (about 25% on either side of the median). Whisker length encompasses 25% 
of the data1 white box contains the all data, and outliers are indicated by stars. 
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D. 6. Box plot of pore water pH data for the monitoring period, by port. The 
horizontal segment dividing the grey box in two indicates the median. The grey box 
represent quartile 3 minus quartile I (Q3-Ql), and contains approximately 50% of 
the data (about 25% on either side of the median). Whisker length encompasses 25% 
of the data, white box contains the all data, and outliers are indicated by stars. 
356 
